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Summary 

Remote areas like high mountains offer the opportunity of studying the ultimate 

environmental fate of legacy and emerging anthropogenic chemicals that are part of a 

worldwide diffuse background layer of pollution. Compounds like polychlorinated 

biphenyls (PCBs), polycyclic aromatic hydrocarbons (PAHs), organophosphate esters 

(OPEs), and other organochlorine compounds like hexachlorobenzene (HCB) are semi-

volatile species that have become ubiquitous by undergoing long-range atmospheric 

transport, penetrating other environmental compartments (e.g., water, soils, sediments, 

and biota), and often remaining unperturbed for decades due to their high resistance to 

degradation. Moreover, pollutant levels in these remote regions tend to be amplified 

because of cold-trapping, a series of physical and thermodynamical processes that occur 

at low temperatures and high altitudes. Toxic and deleterious effects to living organisms 

have been linked to the exposure to these chemicals, even in remote sites located away 

from any active emission sources. Thus, the accumulation of these substances constitutes 

a serious threat to wildlife and the health of some of the most fragile ecosystems of the 

world. 

However, high mountains pose a set of unique challenges that complicate the 

assessment of pollutant levels, including their inaccessibility and the harsh environmental 

and meteorological conditions that they are subject to. This is why pollution studies in 

such locations are not abundant, especially for relatively novel compound groups like 

OPEs. In recent decades, the development and increase in popularity of passive samplers 

have allowed an alternative way of monitoring pollutants in a variety of environmental 

compartments, providing significant benefits for studies in remote sites. Passive samplers 

are inexpensive, easy to use, and do not require access to an energy supply. They can be 

deployed in environmental matrices like air or water for extended periods and allow the 

time-integrated assessment of average pollutant levels. Although data interpretation is not 

as straightforward as with traditional active sampling techniques, the versatility of passive 

samplers makes them invaluable tools for the study of global environmental pollution. 

In the present work, passive samplers were used for the determination of semi-

volatile and hydrophobic organic compounds in air and water from six alpine lacustrine 
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areas forming an altitudinal gradient in the Pyrenees, between 1619 and 2453 m above 

sea level. Polyurethane foam (PUF) was used for sampling the atmospheric gas-phase, 

and low-density polyethylene (LDPE) and silicone rubber (SR) were used for the 

dissolved phase of water. The performance of these samplers was assessed and the 

uncertainty in their measurements was determined. The deployment of these sampling 

devices has allowed to observe and study long-term changes in pollutant levels and their 

environmental fate and distribution between compartments at the studied sites. 

Additionally, passive air samplers were used for the study of pollutant levels in the city 

of Barcelona before and during the implementation of restrictive lockdown measures at 

the beginning of the COVID-19 global pandemic. The results of these measurements not 

only provided reference values for comparison between urban and alpine levels but also 

allowed the assessment of sudden changes in the composition of atmospheric organic 

pollution that were caused by an unprecedented halt in anthropogenic activities and 

emissions in an urban site. 

The passive samplers showed adequate performance for the study of most 

considered compounds even in a remote environment with trace-level pollutant 

concentrations. In the air, the results agreed with those obtained from active sampling, 

and the performance of the passive sampler housings acting as effective wind and particle 

shields was validated. In water, two different sampler materials were tested, and their 

analysis was compared to independent measurements for testing the reliability of the 

results. Most chemicals showed adequate agreement between samplers and 

measurements, except for some OPEs which may have suffered from errors in the 

determination of their partitioning behaviour between sampler and water. Overall, the 

uncertainty in the results derived from passive sampling was sufficiently low for a 

confident assessment of average concentrations. 

In Barcelona, most pollutants in the air presented concentrations up to more than 

two orders of magnitude higher than in the Pyrenees. As a result of lockdown restrictions, 

the concentrations of PAHs, PCBs, HCB, and other organochlorine compounds decreased 

by -60 to -91%. The levels of other air quality indicators like CO, PM10, NO, and NO2 

also decreased by -28 to -76%. This shows the prominence of active sources in urban 

environments, even for already banned and restricted pollutants, and how an immediate 

halt in certain anthropogenic activities can lead to a substantial decrease in urban 
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pollution. On the other hand, OPE concentrations remained stable because their release 

is diffusive and does not depend directly on the type of activities that stopped with the 

restrictions. 

Pollutant levels in air and water in the Pyrenees were generally low and 

comparable to or sometimes lower than those in other high mountains and remote sites. 

PCBs, HCB, and most compounds typically regarded as persistent were found at levels 

very similar to those reported over two decades ago in the same area. PAHs, less persistent 

than the rest, were detected at around half of their previously measured concentrations, 

agreeing with estimated reductions of their emissions. In the air, the concentrations of 

half of the studied pollutants significantly increased with temperature, showing the 

influence of re-volatilization from surfaces (e.g., soils, water, snow) on the atmospheric 

gas-phase concentrations of these compounds. These secondary emissions were 

especially prominent for OPEs and the heavier PCBs and PAHs, as their lower volatilities 

cause them to partition more prominently from the gas phase towards other environmental 

compartments. HCB and the lighter PAHs and PCBs did not present significant changes 

with temperature, as expected from their higher volatility and lower tendency for 

penetrating other compartments. 

Diffusive exchange fluxes between air and water at the lakes revealed a general 

scenario of deposition of actively emitted pollutants like PAHs, slight deposition or near-

equilibrium state for most PCBs, OPEs, and other chlorinated compounds, and slight 

volatilization of HCB and the diagenetically generated methylated PAH retene. Overall, 

it seems that this high-mountain region may be acting as a sink for several organic 

pollutants that accumulate in its soils, lakes, snow, and other surfaces. Some of these 

compounds may have reached equilibrium conditions between air and other 

compartments and may thus experience seasonal secondary emissions towards the 

atmosphere depending on the ambient temperature.  
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Resum 

Les zones remotes com l’alta muntanya ofereixen l'oportunitat d'estudiar el destí 

ambiental final de substàncies químiques antropogèniques històriques i emergents que 

formen part d'una capa difusa de contaminació de fons a tot el món. Compostos com els 

policlorobifenils (PCBs), els hidrocarburs aromàtics policíclics (PAHs), els èsters 

organofosforats (OPEs) i altres compostos organoclorats com l'hexaclorobenzè (HCB) 

són espècies semi-volàtils que s'han convertit en ubiqües com a conseqüència del 

transport atmosfèric de llarg abast, penetrant altres compartiments ambientals (per 

exemple, aigua, sòls, sediments i biota) i sovint romanent impertorbables durant dècades 

a causa de la seva alta resistència a la degradació. A més, els nivells de contaminants en 

aquestes regions remotes tendeixen a amplificar-se a causa del “cold-trapping”, una sèrie 

de processos físics i termodinàmics que es produeixen a baixes temperatures i altituds 

elevades. L’exposició a aquestes substàncies químiques s’ha relacionat amb una sèrie 

d’efectes tòxics i nocius per a organismes vius, fins i tot en llocs remots situats lluny de 

fonts d'emissió actives. Així, la seva acumulació constitueix una greu amenaça per a la 

salut d'alguns dels ecosistemes més fràgils del món i dels organismes que els habiten. 

Tanmateix, l'alta muntanya planteja un conjunt de reptes únics que dificulten 

l'avaluació dels nivells de contaminants, incloses la seva inaccessibilitat i les seves dures 

condicions ambientals i meteorològiques. Per això els estudis de contaminació en aquests 

llocs no són abundants, especialment per a grups de compostos relativament nous com 

els OPEs. En les darreres dècades, el desenvolupament i la popularització dels 

mostrejadors passius ha ofert una alternativa per al monitoratge de contaminants en una 

varietat de compartiments ambientals, proporcionant beneficis significatius per als estudis 

en zones remotes. Els mostrejadors passius són econòmics, fàcils d'utilitzar i no 

requereixen accés a fonts d'energia. Es poden desplegar en matrius ambientals com l'aire 

o l'aigua durant períodes de temps prolongats i permeten l'avaluació integrada en el temps 

dels nivells mitjans de contaminants. Tot i que la interpretació de dades no és tan senzilla 

com amb les tècniques tradicionals de mostreig actiu, la versatilitat dels mostrejadors 

passius els converteix en eines inestimables per a l'estudi de la contaminació ambiental 

global. 



PASSIVE AIR AND WATER SAMPLING IN HIGH-ALTITUDE LAKES 

VI 
 

En aquest treball, s'han utilitzat mostrejadors passius per a la determinació de 

compostos orgànics semi-volàtils i hidròfobs en aire i aigua de sis zones lacustres alpines 

formant un gradient altitudinal als Pirineus, entre 1619 i 2453 m sobre el nivell del mar. 

S’ha utilitzat escuma de poliuretà (PUF) per a la presa de mostres de la fase gasosa de 

l’aire, i polietilè de baixa densitat (LDPE) i silicona (SR) per a la fase dissolta de l'aigua. 

S’ha avaluat el rendiment d'aquests mostrejadors i s’ha determinat la incertesa en les 

seves mesures. La implementació d’aquests sistemes de mostreig ha permès observar i 

estudiar els canvis en els nivells de contaminants a llarg termini, així com el seu destí 

ambiental i distribució entre compartiments a la zona d’estudi. A més, s’han utilitzat 

mostrejadors passius d'aire per a l'estudi dels nivells de contaminants a la ciutat de 

Barcelona abans i durant la implantació de mesures restrictives de confinament a l'inici 

de la pandèmia global de la COVID-19. Els resultats d'aquestes mesures no només han 

proporcionat valors de referència per a la comparació entre nivells urbans i alpins, sinó 

que també han permès avaluar els canvis sobtats en la composició de la contaminació 

orgànica atmosfèrica provocats per una aturada sense precedents de les activitats i 

emissions antropogèniques en una zona urbana. 

El rendiment dels mostrejadors passius ha estat adequat per a l'estudi de la majoria 

de compostos considerats, fins i tot en un entorn remot amb concentracions a nivell de 

traça. A l'aire, els resultats coincideixen amb els obtinguts per mostreig actiu i s’ha validat 

el rendiment de les cobertes dels mostrejadors com a protecció efectiva del vent i de 

partícules. En aigua, s’han provat dos materials diferents i s’han comparat els resultats 

amb anàlisis independents per determinar-ne la fiabilitat. Les mesures de la majoria de 

compostos han mostrat un grau de concordança adequat entre mostrejadors i anàlisis, 

excepte per alguns OPEs que poden haver patit errors en la determinació del seu 

comportament de partició entre mostrejador i aigua. En general, la incertesa dels resultats 

derivats del mostreig passiu ha sigut prou baixa per a una avaluació segura de les 

concentracions. 

A Barcelona, la majoria de contaminants a l'aire han presentat concentracions fins 

a més de dos ordres de magnitud superiors a les dels Pirineus. Com a resultat de les 

restriccions del confinament, les concentracions de PAHs, PCBs, HCB i altres compostos 

organoclorats van disminuir entre un -60 i un -91%. Els nivells d'altres indicadors de 

qualitat de l'aire com CO, PM10, NO i NO2 també van disminuir entre -28 i -76%. Això 
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demostra el protagonisme que tenen les fonts actives en entorns urbans, fins i tot per a 

contaminants ja prohibits i restringits, i com l'aturada total de determinades activitats 

antropogèniques pot provocar una disminució substancial de la contaminació urbana. 

D'altra banda, les concentracions d'OPEs es van mantenir estables degut probablement a 

que el seu alliberament és difusiu i no depèn directament del tipus d'activitats que es van 

aturar amb les restriccions. 

Els nivells de contaminants trobats a l'aire i l'aigua dels Pirineus són generalment 

baixos i comparables o de vegades inferiors als d'altres muntanyes i llocs remots. Les 

concentracions de PCB, HCB i la majoria de compostos normalment considerats 

persistents són molt similars a les descrites fa més de dues dècades a la mateixa zona. Els 

PAHs, menys persistents que la resta, s’han detectat a concentracions al voltant de la 

meitat d’aquelles mesurades anteriorment, fet que coincideix amb les reduccions 

estimades de les seves emissions. A l'aire, les concentracions de la meitat dels 

contaminants estudiats van augmentar significativament amb la temperatura, tot posant 

de manifest la influència de la re-volatilització des de superfícies (per exemple, sòls, aigua 

o neu) sobre els seus nivells a la fase gas de l’aire. Aquestes emissions secundàries van 

ser especialment destacades per als OPEs i per als PCBs i PAHs més pesats, ja que les 

seves volatilitats baixes fan que la seva partició des de la fase gas cap a altres 

compartiments ambientals sigui més alta. Els nivells d’HCB i dels PAHs i PCBs més 

lleugers no van presentar canvis significatius amb la temperatura, tal i com s'esperava 

segons les seves volatilitats més elevades i la seva tendència menor a penetrar altres 

compartiments. 

Els fluxos d'intercanvi difús entre aire i aigua als llacs revelen un escenari general 

de deposició de contaminants emesos activament com els PAHs, deposició lleu o gairebé 

equilibri per a la majoria de PCBs, OPEs i altres compostos clorats, i una lleugera 

volatilització de l'HCB i el PAH metilat retè. En general, sembla que aquesta regió d'alta 

muntanya pot estar actuant com a receptor de diversos contaminants orgànics que 

s'acumulen als seus sòls, llacs, neu i altres superfícies. Alguns d'aquests compostos poden 

haver assolit condicions d'equilibri entre l'aire i altres compartiments i, per tant, poden 

experimentar una emissió secundària estacional cap a l'atmosfera segons sigui la 

temperatura ambient. 
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Abbreviations and variables 

Abbreviations 

AAS Active air sampling 
AQUA-GAPS Global Aquatic Passive Sampling network 
ASTER Advanced Spaceborne Thermal Emission and Reflection Radiometer 
BDL Below detection limits 
COVID-19 Coronavirus disease 2019 
DDD Dichlorodiphenyldichloroethane 
DDE Dichlorodiphenyldichloroethylene 
DDT Dichlorodiphenyltrichloroethane 
DEM Digital elevation model 
DEQ Degree of equilibrium 
EEA European Environmental Agency 
EPA Environmental Protection Agency (USA) 
EU Expanded uncertainty 
GAPS Global Atmospheric Passive Sampling network 
GC Gas chromatography 
GDEM Global digital elevation model 
GFF Glass fibre filter 
HCB Hexachlorobenzene 
HCH Hexachlorocyclohexane 
HMW High molecular weight 
HOC Hydrophobic organic compound 
HPLC High-performance liquid chromatography 
LDPE Low-density polyethylene 
LMW Low molecular weight 
LOQ Limit of quantification 
MCR–ALS Multivariate curve resolution–alternating least squares 
METEOCAT Servei Meteorològic de Catalunya (Catalunya) 
METI Ministry of Economy, Trade and Industry (Japan) 
MRM Multiple reaction monitoring 
MS Mass spectrometry 
MS/MS Tandem mass spectrometry 
NASA National Aeronautics and Space Administration (USA) 
NCAR National Center for Atmospheric Research (USA) 
NCEP National Centers for Environmental Prediction (USA) 
NLS Nonlinear least squares 
NOAA National Oceanic and Atmospheric Administration (USA) 
OPE Organophosphate ester 
OPFR Organophosphate flame retardant 
P Phase (e.g., air or water) 
PAH Polycyclic aromatic hydrocarbon 
PAS Passive air sampler 
PBDE Polybrominated diphenyl ether 
PCA Principal component analysis 
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PCB Polychlorinated biphenyl 
PCDD/PCDF Polychlorinated dibenzo-p-dioxins and dibenzofurans 
PeCB Pentachlorobenzene 
PM Particulate matter 
PMF Positive matrix factorization 
PMOC Persistent and mobile organic compound 
POCIS Polar organic chemical integrative sampler 
POP Persistent organic pollutant 
pp-LFER Poly-parameter linear free energy relationship 
PRC Performance reference compound 
PSM Passive sampler medium 
PUF Polyurethane foam 
PWS Passive water sampler 
RECETOX Research Centre for Toxic Compounds in the Environment 
RSD Relative standard deviation 
SARS-CoV-2 Severe acute respiratory syndrome coronavirus 2 
SIM Selected ion monitoring 
SIP Sorbent impregnated polyurethane foam 
SPMD Semipermeable membrane devices 
SPME Solid phase microextraction 
SR Silicone rubber 
SVOC Semi-volatile organic compound 
WHO World Health Organization 
XEMA Xarxa d’Estacions Meteorològiques Automàtiques (Catalunya) 

 

Variables 

Dimensions: L (length), M (mass), T (time), Mol (amount of substance), K (temperature). 

aD Exponential term for the calculation of air-side mass 
transfer coefficients 

– 

AH Hydrogen bond acidity – 
APSM Area of a PSM L2 
APUF Area of the PUF disk L2 
aSc Exponential term for the calculation of water-side mass 

transfer coefficients 
– 

B Hydrodynamic constant for the calculation of water 
sampling rates  

– 

BH Hydrogen bond basicity – 
CA Concentration in the atmospheric gas phase M L-3 
COH Concentration of hydroxyl radicals in the atmosphere Mol L-3 
CP Concentration in a phase M L-3 
CPRC,0 Amount of PRC in the non-exposed blank M 
CPRC,t Amount of PRC retained by the sampler after exposure M 
CPSM Concentration in the PSM M L-3 
CS Concentration in a surface M L-3 
CW Concentration in the aquatic dissolved phase M L-3 
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DA Molecular diffusivity in air L2 T-1 
Dfilm Effective film thickness of the PUF disk L 
DW Molecular diffusivity in water L2 T-1 
E Excess molar refraction – 
FAW Air–water diffusive exchange flux M L-2 T-1 
Fdeg Atmospheric degradation flux M L-2 T-1 
H Henry’s Law constant M L2 T-2 Mol-1 
hABL Height of the atmospheric boundary layer L 
j Diffusive flux M L-2 T-1 
kA Air-side mass transfer coefficient L T-1 
KAS Air–surface partition coefficient – 
kAW Overall air–water exchange velocity L T-1 
KAW Equilibrium air–water partition coefficient – 
ke Exchange rate constant of the uptake of a compound in a 

PSM over time 
T-1 

KLDPE–W LDPE–water partition coefficient – 
kO Overall PSM–Phase mass transfer coefficient L T-1 
KOA Octanol–air partition coefficient – 
kOH Atmospheric hydroxylation rate L3 Mol-1 T-2 
KOW Octanol–water partition coefficient – 
kP Phase-side mass transfer coefficient L T-1 
kPSM PSM-side mass transfer coefficient L T-1 
KPSM–P PSM–Phase partition coefficient – 
KPUF–A PUF–air partition coefficient L3 M-1 
K’PUF–A Density-corrected PUF–air partition coefficient – 
KPWS–W PWS–water partition coefficient – 
KSR–W SR–water partition coefficient – 
kW Water-side mass transfer coefficient L T-1 
LA Lake area L2 
M Molar mass M Mol-1 
mPWS Mass of a PWS sampler M 
nPSM Amount of pollutant sequestered by the PSM M 
nPUF Amount of pollutant sequestered by the PUF M 
nPWS Amount of pollutant sequestered by the PWS M 
p Atmospheric pressure M L-1 T-2 
R Ideal gas constant M L2 T-2 K-1 
RS Sampling rate L3 T-1 
S Dipolarity/polarizability – 
Sc Schmidt Number – 
SIN Space integration parameter for the calculation of water-

side mass transfer coefficients of CO2 
– 

t Time T 
T Temperature K 
u10 Wind speed 10 m above the air–water exchange 

interface 
L T-1 

uz Wind speed z m above the air–water exchange interface L T-1 
V Molar volume L3 Mol-1 
V/100 Molar volume divided by 100 – 
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Vef Effective sampled volume L3 
VPSM Volume of a PSM L3 
VPUF Volume of the PUF disk L3 
z Altitude of the wind speed measurement L 
δPUF Density of the PUF M L-3 
ΔHAS Enthalpy of phase change between air and surfaces M L2 T-2 
ΔUAS Internal energy of phase change between air and 

surfaces 
M L2 T-2 

ν Coefficient of kinematic viscosity L2 T-1 
ρ Mass density M L-3 
ϕR,P Particle-phase sampling rate as a fraction of the gas-

phase sampling rate 
– 
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1.1 Diffuse pollution 

Diffuse pollution is the result of the dispersion through the environment of 

pollutants that mostly originate from anthropogenic activities. Pollutants are emitted in 

various ways from a myriad of sources: they are industrial by-products directly released 

into rivers and oceans, pesticides and other substances that percolate into soils and 

groundwaters because of agricultural use, fumes dispersed into the air from fuel 

combustion processes, residues from waste treatment and disposal operations, accidental 

spills of chemical substances, or manufacturing additives emanating from human-made 

materials to name a few. Some substances that are also considered pollutants sometimes 

have a natural origin, as is the case for products of combustion of organic matter in 

wildfires and volcanic emissions. Pollutant concentrations tend to be highest close to their 

sources, but many chemicals have the ability to undergo transport at varying distances 

from their point of origin. The main ways in which the movement of compounds may 

happen usually involve transport through air and water, the two most prominent and 

mobile environmental compartments. Some chemical species are more likely to freely 

diffuse through the atmospheric gas phase and rapidly move with the wind while others 

do so preferentially bound to airborne particles; dry and wet precipitation events can draw 

some of these pollutants from the air and deposit them onto surfaces like water bodies 

and soils, and may then filter through the earth to reach groundwaters; other pollutants 

more likely to freely dissolve in water or to bind to waterborne particles in aquatic systems 

also undergo transport via currents in rivers and oceans. 

The worldwide spread of many pollutant species is inevitable once they have been 

released into the environment. This creates a scenario in which a permanent and diffuse 

background layer of contaminants permeates every known ecosystem. Living organisms 

find themselves chronically exposed to this ubiquitous and potentially toxic background 

pollution. Adverse effects linked to diffuse pollution have already been observed in 

organisms inhabiting remote ecosystems (Jarque et al., 2015, 2014, 2010). Moreover, in 

addition to currently emitted pollutants, this situation is aggravated by an abundance of 

substances released in the past which possess a series of physical-chemical properties that 

facilitate their persistence in the environment (i.e., they do not degrade easily and remain 

intact for exceptionally long periods of time) and their accumulation in certain 
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environmental matrices and living organisms. This is the case for persistent organic 

pollutants (POPs), a group of organic compounds particularly regarded as harmful to life 

and ecosystems that have an exceptional potential for worldwide dispersion and 

accumulation (Lohmann et al., 2007). Many POPs have been banned and restricted over 

the years in international regulations, with the Stockholm Convention (and successive 

additions to the original resolution) being the most notable regulatory effort to limit the 

negative impact of these substances.1 However, although having seen some successful 

local and global improvements in emissions after the application of this and other national 

and international actions, regulations and international cooperation efforts fail to keep up 

with the rhythm at which industries generate new chemicals to substitute restricted ones. 

In fact, regulations only tend to cover a limited number of compounds in a juncture where 

polluting emissions consist of an ever-increasing variety of chemical species with POP-

like properties (Muir and Howard, 2006; Wang et al., 2021). The scientific evidence 

needed for establishing policy changes requires years or even decades of research, not 

even accounting for the additional time needed before policymaker authorities reach an 

agreement, if any. Thus, producing continued and comprehensive scientific evidence of 

the extent and effects of diffuse pollution is essential. 

The present work tackles the occurrence and distribution of various groups of 

organic pollutants in the environment, including multiple POPs, with the aim of providing 

a deeper understanding of the environmental fate of chemicals with different sources, 

regulatory conditions, and behaviours. This approach includes legacy (i.e., already 

regulated but still existing in the environment) and emerging (i.e., mostly unregulated and 

increasing in use and emissions) pollutants of environmental concern. The focus of the 

research has been placed on lacustrine high-mountain areas as they are vulnerable 

ecosystems subject mainly to diffuse background pollution by virtue of their remoteness 

and distance from primary pollutant sources. However, pollutant levels have also been 

determined at their source in a dense urban environment for comparison, and under 

particular environmental circumstances that allowed for an assessment of potential 

pollution abatement scenarios. The evidence presented here will hopefully provide useful 

insight on the impact of anthropogenic activities on the planet, supplying tools to the 

 
1 www.pops.int (Accessed June 2022) 
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scientific community and the regulatory authorities that become helpful in deciding future 

steps in the pursuit of reducing pollution. 

1.1.1 Global distillation effect and mountain cold-trapping 

Unexpectedly elevated levels of POPs in polar regions were observed as early as 

the 1960s (Risebrough et al., 1968; Tatton and Ruzicka, 1967). It was hypothesized that 

the transport of sufficiently persistent chemicals through the atmosphere and their 

condensation at colder, higher latitudes was the underlying mechanism causing this global 

distribution of POPs that would often result in unusually high pollutant concentrations in 

remote areas of the world. This mechanism received the name “polar cold-trapping”. 

Moreover, the transport of POPs was observed to cause a fractionation of compounds 

along their transit towards the poles, which was proposed to occur by differential 

deposition of each POP (Wania and Mackay, 1993). This fractionation caused by a 

temperature gradient takes place as different compounds are subject to temperature-

dependent condensation and precipitation to varying degrees depending on their physical-

chemical properties (Mackay and Wania, 1995; Wania and Mackay, 1995), hence why it 

was labelled the “global distillation effect”. The result is a relative enrichment of volatile 

chemicals at the poles because less volatile ones become absorbed in environmental 

matrices along the way. Moreover, this global migration of pollutants happens in a series 

of condensation and re-evaporation cycles that has been called the “grasshopper effect” 

(Gouin et al., 2004; Semeena and Lammel, 2005; Wania and MacKay, 1996) (Figure 1). 

Overall, these processes result in POPs being distributed through the globe while also 

partitioning towards soil, water, vegetation, and other environmental compartments with 

varying efficiency, but ultimately reaching all ecosystems and environmental matrices of 

the world. Over the years, observations from environmental monitoring studies have 

generally agreed with this theory (Calamari et al., 1991; Carrera et al., 2002; Grimalt et 

al., 2001; Iwata et al., 1993; Meijer et al., 2002; Muir et al., 1995; Simonich and Hites, 

1995). 

Aside from the latitudinal transects from a pollutant’s source location to polar 

regions, other instances where ambient temperature gradients could drive the distribution 

of pollutants are mountain slopes in remote alpine sites, where atmospheric transport has 

been recognized as the main actor in the transport of POPs. Research efforts over the last 
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couple of decades have shown selective trapping of organic pollutants in high-elevation 

sites and cold alpine regions, despite pollutants typically diluting in the environment as 

the distance from their source increases. The deposition of organochlorine compounds in 

Canadian mountain snow increased with elevation (Blais et al., 1998), alpine forests in 

Costa Rica were significantly enriched with pesticides transported through the 

atmosphere from their application sites (Daly et al., 2007), and soil concentrations of 

several organochlorine pollutants and pesticides saw significant increases with altitude in 

mountains from China (Chen et al., 2008), the Alps (Kirchner et al., 2009), and the Andes 

(Grimalt et al., 2004a). Observations in living organisms from alpine ecosystems showed 

temperature-dependent accumulation and selective trapping of organochlorine 

compounds with relatively low volatility in fish and sediment from several European 

high-altitude lakes (Grimalt et al., 2001). Other increases in the concentration of different 

organochlorine and organobromine pollutants with altitude were observed in vegetation 

from Canadian mountains (Davidson et al., 2003), in fish from Pyrenean and Slovakian 

high-mountain lakes (Gallego et al., 2007; Vives et al., 2004a), in milk from cows in 

Swiss mountains (Shunthirasingham et al., 2013), and in lichens from the Tibetan Plateau 

(Zhu et al., 2015). 

 

 
 

Figure 1. Global distribution of persistent organic pollutants. Reprinted with permission from Wania and 
Mackay (1996). Copyright 1996 American Chemical Society. 
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Wind patterns in alpine regions tend to favour the upwards movement of organic 

compounds in mountain slopes (Daly and Wania, 2005), driving in part the transport of 

pollutants towards alpine regions. But other temperature-dependent mechanisms are at 

play in their selective accumulation along altitudinal transects. Although initially similar 

to the latitudinal concentration gradients observed due to the global distillation effect, the 

accumulation of certain organic pollutants in high mountains has been proposed to act 

under a somewhat different mechanism that explains some dissimilarities in pollutant 

fractionation patterns. The hypothesis proposed by Wania and Westgate (2008) attributes 

the mountain cold-trapping effect to differences in the efficiency of precipitation 

scavenging that are driven by the steep temperature gradients observed in high mountains 

(Figure 2). That is, the transition from the atmospheric gas and particulate phases to 

raindrops, snowflakes, and overall environmental surfaces. Thus, low temperatures 

promoting the condensation of compounds and limiting their re-evaporation may not be 

the only cause of pollutant accumulation. Instead, a model-based study showed that cold-

trapping in mountain slopes is mainly driven by wet deposition, which is enhanced at the 

lower temperatures and higher precipitation rates typically present at mountaintops 

(Fowler et al., 1988; Hough, 1987), and less so by dry deposition and wet and dry particle 

deposition (Westgate and Wania, 2013). This scavenging effect due to enhanced 

precipitation in mountaintops has also been observed experimentally (Tremolada et al., 

2008). Additionally, some compounds are not as efficiently removed or scavenged from 

 
Figure 2. Mountain cold-trapping of persistent organic pollutants and daytime mountain wind cycles.  
Reprinted with permission from Daly and Wania (2005). Copyright 2005 American Chemical Society. 
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the atmosphere by precipitation at low-altitude, temperate lowlands as they are at high-

altitude, cold mountaintops. This is due to the temperature dependence of the rate of wet 

deposition of some pollutants (i.e., the partitioning efficiency of a chemical between air 

and precipitation) (Lei and Wania, 2004), and is thus the cause of an altitudinal distillation 

effect different in nature to that of the latitudinal (global) distillation model: it is less 

volatile chemicals that become enriched in alpine areas instead of more volatile ones  

(Gallego et al., 2007; Grimalt et al., 2001). 

All in all, these findings show that alpine regions not only receive organic 

pollutants through atmospheric transport but are also susceptible to accumulating them 

after atmospheric deposition, which is usually favoured in these colder sites and 

effectively increases at higher altitudes. Thus, the fragile ecosystems in these remote 

regions of the world are particularly subject to chemical stress and are exposed to the 

potential adverse effects of an increasing number and quantity of toxic substances. In fact, 

POPs tend to bioaccumulate through food webs in high-altitude ecosystems, reaching 

significant levels and becoming considerable environmental risk factors (Catalan et al., 

2004; Kallenborn, 2006). This has been the driving impulse behind environmental 

research in mountain areas in recent decades and continues to be so as new pollutants 

emerge while legacy chemicals persist. The present work adds to this knowledge by 

assessing some governing factors behind pollutant distribution processes. 

1.1.2 High mountains as sentinel ecosystems for the study of diffuse pollution 

High mountains are natural areas that share a set of attributes that shape their 

environment and influence the ecosystems that are found in them. They are high-elevation 

continental sites with low ambient temperatures and atmospheric pressure, high 

precipitation rates and amounts, very strong winds, and high solar irradiance. Because of 

the low temperatures, precipitation typically occurs in the form of snow, which 

accumulates in these alpine sites for extended periods at the same time that aquatic 

systems freeze. Vegetation is typically varied and abundant at the mountain valleys but 

noticeably decreases in diversity, size, and quantity at higher altitudes. Habitats and 

ecosystems in high mountains are relatively isolated because of their remoteness and tend 

to be fragile to external perturbations, for example exhibiting an amplified rate of 

warming due to global climate change (Pepin et al., 2015). 
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But, as we have seen, no ecosystem is remote enough to escape the influence of 

diffuse organic pollution. A series of partitioning, kinetic, and phase change effects 

associated with the nature of pollutants that tend to reach alpine sites and the physical, 

geographical, and meteorological characteristics of these locations are responsible for the 

transport and accumulation of pollutants in mountain regions (Wania, 1999). Mountain 

winds present a cyclic behaviour that aids the transport of pollutants towards higher 

altitudes (Daly and Wania, 2005): higher temperature contrasts during the day between 

peaks and valleys create ascending winds in mountain slopes that carry atmospheric 

pollutants upwards, and lower temperatures along with increased precipitation at the 

mountaintops facilitate the settling of compounds. Snow, a common form of precipitation 

in these cold areas, is often more efficient at scavenging organic pollutants than rain (Daly 

and Wania, 2004; Herbert et al., 2006; Lei and Wania, 2004). At night, wind directions 

are typically reversed towards the valleys, but the deposited pollutants do not re-volatilize 

as easily in the colder nights, so they remain trapped in the mountain slopes. All in all, 

alpine regions present a set of characteristics that emanate from the existence of steep 

elevation gradients in reduced planar terrain extensions, which is why these areas are a 

unique subject of study in many scientific fields, including environmental chemistry. This 

allows for the assessment at a relatively small scale of the fate and behaviour of 

contaminants transported at long distances, the influence of environmental and physical-

chemical variables on their distribution, and the impact they have on remote ecosystems. 

 Studies on organic pollutants in alpine sites are varied in their scope and target 

species. As a brief example, POPs and other anthropogenic chemicals have been 

determined in matrices like air, resolving seasonal and altitudinal variations and studying 

the partitioning of pollutants with other environmental matrices (Estellano et al., 2008; 

Fernández et al., 2002; Ren et al., 2014; Riaz et al., 2021b), in water such as lakes and 

groundwater, with studies on pollutant partitioning between dissolved and particulate 

phases (Nellier et al., 2015b; Usenko et al., 2005; Vilanova et al., 2001a), soil and the 

effects of environmental variables on POP accumulation (Tremolada et al., 2012, 2008; 

van Drooge et al., 2004b), snow and long-term accumulation trends (Carrera et al., 2001; 

Wang et al., 2014), vegetation and the effects of pollution on mountain forests 

(Bytnerowicz et al., 2003; Kume et al., 2009; van Drooge, 2006), and organisms and 
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whole food chains from alpine ecosystems (Bizzotto et al., 2009b; Morselli et al., 2014; 

Riaz et al., 2021a; Shunthirasingham et al., 2013). 

1.1.3 Alpine lakes, continental reservoirs of anthropogenic pollutants 

Airborne pollutants are dispersed through the atmosphere because of its high 

efficiency for transporting compounds, especially in the gas phase but also bound to 

particles. At the same time, many organic pollutants susceptible to atmospheric transport 

are also prone to penetrating other environmental compartments to varying degrees, 

resulting in their ubiquitous presence. Besides air, the other main compartment of global 

concern regarding environmental pollution is water, as it is fundamental for the 

sustenance of all ecosystems. Still, the velocity of diffusion of chemicals in water is 

slower than in air, which can result in increased residence times that cause a trapping 

effect and the accumulation of pollutants in water bodies. 

 As a result of the processes described by cold-trapping mechanisms and the global 

distillation effect, colder regions of the world (i.e., polar regions and high mountains) 

tend to act as terminal destinations of many pollutants that are transported through the 

atmosphere, where water bodies are an important sink of compounds. For instance, the 

accumulation of many POPs has been observed in waters from the Arctic Ocean 

(Lohmann et al., 2009; Ma et al., 2018), Arctic freshwater ecosystems (Kosek and Ruman, 

2021), Antarctic Ocean (Casal et al., 2019), Antarctic freshwater lakes (Vecchiato et al., 

2015), and high-mountain glacier streams (Bizzotto et al., 2009a) and lakes (Nellier et al., 

2015a; Vilanova et al., 2001a, 2001b). Thus, remote high-mountain lakes also find 

themselves at the receiving end of the atmospheric pollution that is transported long 

distances from the original continental sources.  

In such a unique position, alpine lakes have been a relevant subject of study for 

decades. In fact, mountain headwaters have been characterized as witnesses of global 

pollution (Catalan et al., 2013) and environmental and climate change (Moser et al., 

2019). Most studies on anthropogenic organic pollutants in alpine lakes have traditionally 

focused on the accumulation in compartments other than water itself, such as studies on 

the occurrence, distribution, accumulation, biological effects, and biotransformation of 

several groups of anthropogenic organic compounds in fish (Gallego et al., 2007; 
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Genualdi et al., 2011; Jarque et al., 2010; Vives et al., 2005, 2004a; Yang et al., 2007) 

and other biota (e.g., plankton, microbial biofilms, lichens, and other links in the aquatic 

food chain) (Bartrons et al., 2011; Catalan et al., 2004; García-Solorio et al., 2022; 

Grimalt et al., 2004a; Ren et al., 2017; Usenko et al., 2010). Another environmental 

compartment typically acting as a sink of pollutants is the sediment at the bottom of alpine 

lakes, with studies showing evidence of medium- or long-range atmospheric transport of 

organic pollutants and pointing at differences in sedimentation fluxes across lakes 

depending on geography, distance to suspected sources, and season (Fernández et al., 

1999; Genualdi et al., 2011; Guzzella et al., 2011; Poma et al., 2017; Usenko et al., 2010, 

2007). 

Studies on water, and specifically the dissolved phase of water, entail additional 

difficulty regarding sampling procedures in high-altitude sites. As pollutant 

concentrations in remote waters tend to be low, the volumes of water needed to overcome 

instrumental and methodological limits of detection are usually higher than in more 

polluted sites. Thus, grab-sampling and transporting large quantities of water becomes 

problematic. Still, valuable efforts to this day have shown the presence of anthropogenic 

POPs in waters of high-altitude and remote lakes around the world, often at 

environmentally and biologically concerning levels. POPs and organochlorine pesticides 

were found in Himalayan lakes at concentrations comparable to those in industrialized 

sites, with observed distributions according to their physical-chemical properties (Galassi 

et al., 1997), and in water and other compartments from boreal and mountain lakes in 

Canada (Donald et al., 1998), several North-American remote alpine lakes (Datta et al., 

1998; LeNoir et al., 1999; Usenko et al., 2005), and in Himalayan lakes (Guzzella et al., 

2011). Some mountain sites in remote and protected areas across the USA including the 

Rocky Mountain and Sierra Nevada National Parks often showed the highest pollutant 

concentrations in lake water samples and in other environmental compartments (Landers 

et al., 2010). Additionally, a mass budget analysis of high-altitude lakes in the French 

Alps characterized them as POP sinks, pointing at snow deposition, spring thaw, and other 

atmospheric deposition processes as major pollutant inputs to the water column  (Nellier 

et al., 2015a). This was also observed in other Pyrenean sites (Arellano et al., 2014b, 

2011; Carrera et al., 2001; Grimalt et al., 2001). Finally, snow, ice, and glaciers, frequent 

companions of remote alpine lakes, have often been observed to act as accumulators of 
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organic pollutants (Arellano et al., 2014b, 2011; Ferrario et al., 2017), becoming 

predominant pollutant sources to the lakes in their drainage basin with a seasonal 

behaviour (Meyer and Wania, 2008) and sometimes enhancing pollutant input by up to 

70% after ice melt (Piliposian and Appleby, 2003). This was also observed in Canadian 

(Blais et al., 2001a, 2001b) and Alpine (Schmid et al., 2011) high-altitude lakes. Seasonal 

pulses in pollution levels were observed in mountain areas in New Zealand following 

snow and ice melt (Wu et al., 2017). 

 All in all, the evidence shows that high-altitude lacustrine areas are particularly 

susceptible to the accumulation of organic pollution transported at long distances. 

Moreover, these theoretically unperturbed ecosystems and the organisms that inhabit 

them depend on the preservation of a fragile natural equilibrium that may become 

disrupted when exposed to anthropogenic pollution and its potentially toxic effects. 

However, sampling logistics in high mountains have always been complex, hindering the 

scope and scale of monitoring studies and resulting in the limited attention that has been 

paid to such locations. The development of alternative sampling techniques in recent 

decades has allowed for a more accessible approach to environmental assessment in these 

remote continental sites. The present work employs some of these strategies, which are 

described in detail in the following sections. 

1.2 Semi-volatile and hydrophobic organic pollutants 

Semi-volatile organic compounds (SVOCs) are a group of organic chemicals with 

intermediate volatility and thus relatively high boiling points. The exact definition of 

SVOCs is ambiguous and non-exclusive to other classifications (e.g., many POPs are 

SVOCs, but not all SVOCs are POPs). The World Health Organization (WHO) classified 

them as pollutants with boiling points between 240/260 °C and 380/400 °C (World Health 

Organization, 1989). They typically encompass compounds with Henry’s Law constants 

between just under 10-5 and somewhat over 10-7 atm m3 mol-1 and vapour pressures 

roughly between 10-14 and 10-4 atm. This makes them less volatile than other organic 

compounds like organic gasses (e.g., propane, butane) and solvents (e.g., acetone, 

ethanol, toluene), but more volatile than other typically heavier and more complex 

organic chemicals (e.g., pharmaceuticals, organic oils). Most SVOCs also are 
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hydrophobic organic compounds (HOCs) because of the predominance of carbon and 

hydrogen in their molecular structures. These include relatively insoluble chemicals, with 

octanol–water coefficients (logKOW) generally greater than 2. Typical groups of 

SVOCs/HOCs are pollutants like pesticides, fire retardants, and organic combustion 

products. 

SVOCs are perfect candidates for experiencing the global distribution processes 

described in previous sections. Their intermediate volatility enables them to easily 

evaporate and migrate through the atmosphere, traveling far from their original emission 

sources while partitioning to other environmental matrices along the way. Their relative 

hydrophobicity does not impede them from transferring to aquatic phases to some degree 

and, from there, spread further to other compartments where they tend to accumulate, like 

sediment and biota. The continued exposure of the latter to a mixture of these potentially 

ubiquitous and often toxic compounds is an undeniable risk to their health and to the 

health of ecosystems, even those located in remote sites. Thus, as long as these risks 

remain unmitigated, effective monitoring of these substances in the environment is 

paramount. This section deals with the specific compounds studied in the present work. 

They are the following: polychlorinated biphenyls (PCBs), other organochlorine 

compounds, polycyclic aromatic hydrocarbons (PAHs), and organophosphate esters 

(OPEs). They are a set of both currently emitted and already restricted but still persisting 

organic compounds representative of a range of pollutant sources and diverse physical-

chemical properties. The following pages provide a brief overview of these compounds, 

their uses and sources, characteristics, and structures. Table 1 contains the complete list 

of studied compounds and the values of physical-chemical variables used in calculations 

performed in this work, including parameters pertaining to their partitioning affinity for 

different phases like air and water as well as to the sampling strategies employed. Note 

that some compounds often have more than a single denomination in the literature, and a 

few inconsistencies are present in this work between published articles: TCIPP is 

sometimes referred to as TCPP, TDCIPP as TDCP, and OPEs are sometimes called 

organophosphate flame retardants (OPFRs). 
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1.2.1 Polychlorinated biphenyls 

PCBs are anthropogenic chlorinated hydrocarbons composed of two linked 

benzene rings substituted with a variable number of chlorine atoms ranging from one to 

ten (Figure 3). There are 209 possible congeners, the nomenclature of which is defined 

by the number and position of chlorine substituents. PCBs are relatively volatile (low 

vapour pressures), hydrophobic, and highly lipophilic. Their volatility decreases and their 

hydrophobicity increases at higher degrees of chlorination (Abramowitz and Yalkowsky, 

1990; Brodsky and Ballschmiter, 1988; Dunnivant et al., 1988). They also show 

exceptional chemical stability and resistance to degradation, which is the reason behind 

their remarkable persistence in the environment and accumulation in environmental 

matrices. The production of PCBs started in 1929 and they gained popularity after World 

War II. PCBs were generally produced and commercially sold as mixtures of several 

specific congeners that were thermodynamically favoured in the industrial reaction 

process. They were used as insulating, heat transfer, and hydraulic fluids in electrical 

applications such as capacitors and transformers, as well as lubricants, flame retardants, 

plasticizers, additives in paints, and adhesives (Erickson and Kaley, 2011). 

The threat that PCBs pose to the environment has long been recognized. Based on 

their occurrence in the different environmental compartments and their potential for 

toxicity, 36 out of the 209 congeners are generally considered the most threatening to life 

and ecosystems (McFarland and Clarke, 1989). Thirteen congeners exhibit dioxin-like 

toxicity and have often been used as a toxic equivalent factor approach for the estimation 

of PCB exposure risk. Dioxin-like toxic effects in animals and humans include weight 

loss, dermal lesions, hepatoxicity, reproductive toxicity, immunosuppression, and 

endocrine disruption (Poland and Knutson, 1982; Safe, 1994). Additionally, PCBs can 

alter the thyroid function (Chevrier et al., 2008; Sala et al., 2001) and cause 

neurodevelopmental effects (Grandjean and Landrigan, 2014; Ulbrich and Stahlmann, 

2004; Winneke et al., 2002). After observations of their adverse effects and worldwide 

environmental distribution, the production of PCBs ceased in the late 1970s in North 

America, while production continued in many places in Europe and Asia at least well into 

the 1980s. Their worldwide use and production were gradually phased out until the 

implementation of the Stockholm Convention at the beginning of the 2000s. These 
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measures led to a significant decrease in emissions, dropping by 73% between 1990 and 

2019 in the European Union (EEA, 2021). PCB emissions nowadays may occur mostly 

from old existing equipment that still contains these chemicals, the use of which is 

permitted until 2025 by an exception considered in the Stockholm Convention, or from 

waste disposal and incineration of PCB-containing materials. 

 
  

PCB 28 PCB 52 PCB 101 

  
PCB 118 PCB 138 

  
PCB 153 PCB 180 

Figure 3. Polychlorinated biphenyls studied in the present work. 

1.2.2 Organochlorine compounds 

A wide range of compounds can be classified under the broad definition of 

organochlorine pollutants (i.e., hydrocarbons with chlorine substituents). Here, three 

main groups were considered: chlorobenzenes (pentachlorobenzene, PeCB, and 

hexachlorobenzene, HCB), hexachlorocyclohexanes (HCHs), specifically α-HCH and 

γ-HCH, and dichlorodiphenyltrichloroethanes (DDTs), mainly the main degradation 

product of DDT, 1,1-dichloro-2,2-bis(4-chlorophenyl)ethene (4,4’-DDE) (Figure 4). 

Chlorobenzenes are composed of a benzene ring substituted with a variable number of 

chlorine atoms. HCB was widely used as a fungicide in the 1940s and 1950s, but it also 

occurs as an industrial by-product in the manufacture of other chlorinated compounds 

(Courtney, 1979). PeCB was used for the reduction of viscosity in PCB products and in 

electrical equipment, but can also be released as an industrial by-product and in waste 
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combustion (Bailey et al., 2009). HCHs consist of a cyclohexane ring with each carbon 

atom monosubstituted with a chlorine atom. The orientation of the chlorine substituents 

defines the specific HCH isomer. γ-HCH (often called lindane from the name of the 

commercial formulation) is an insecticide used since the 1940s (Breivik et al., 1999) with 

the highest insecticidal activity among all HCHs (Kutz et al., 1991). The α and γ isomers 

are the most prevalent in the environment, but other isomers such as β-HCH are found 

more predominantly in biota (Willett et al., 1998). DDTs are a group of compounds 

originating from a 2,2,2-trichloroethane molecule with two chlorobenzene substituents at 

C1. The position of the chlorine atoms in the benzene rings defines the specific DDT 

isomer. The major metabolites and environmental degradation products of DDT are 

dichlorodiphenyldichloroethylene (DDE) and dichlorodiphenyldichloroethane (DDD). 

DDT was used worldwide as an insecticide starting in the 1940s and aided in the control 

of malaria and typhus after World War II (Turusov et al., 2002). While varied in nature 

due to the different structures grouped under the label of organochlorine compounds, 

these chemicals are generally lipophilic and hydrophobic, ranging from quite volatile to 

semi-volatile but often found mostly in the atmospheric gas phase, and remarkably 

persistent in the environment due to the high degrees of chlorination. 

HCB in humans is known to cause porphyria (Starek-Świechowicz et al., 2017), 

thyroid cancer (Grimalt et al., 1994), and thyroid function disruption (Llop et al., 2017; 

Sala et al., 2001), as well as decreased foetal development (Lopez-Espinosa et al., 2016). 

PeCB has shown adverse toxic effects on the liver, kidneys, and thyroid function (den 

Besten et al., 1991). HCHs primarily affect the central nervous system and liver and renal 

functions (Willett et al., 1998), but they have also been shown to be teratogenic, 

mutagenic, and genotoxic, and classified as possible human carcinogens and endocrine 

disruptors (Nayyar et al., 2014). DDTs have been linked to reproductive toxicity (Bonde 

and Toft, 2011), neurodevelopmental and neurodegenerative effects (Saeedi Saravi and 

Dehpour, 2016), and diabetes (Rignell-Hydbom et al., 2009). The 4,4’-DDE isomer is 

also an androgen receptor antagonist that inhibits male sex development (Kelce et al., 

1995). The production and use of most of these chemicals ceased or was gradually 

reduced due to local restrictions through the second half of the last century. Ultimately, 

PCBs, HCB, PeCB, and γ-HCH were fully banned by the Stockholm Convention, with 

additional measures imposed for the control of unintentional releases in industrial 
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activities. As an example of the effectiveness of regulations, HCB emissions in Europe 

decreased by 97% between 1990 and 2019 (EEA, 2021). DDTs are mostly banned by the 

Stockholm Convention, with the only restricted acceptable use as a disease vector control. 

 
  

HCB PeCB 4,4’-DDE 

  
α-HCH γ-HCH 

Figure 4. Organochlorine compounds studied in the present work. 

1.2.3 Polycyclic aromatic hydrocarbons 

PAHs are organic contaminants comprised exclusively of carbon and hydrogen 

atoms forming at least two fused aromatic rings (Figure 5). PAH-like chemicals 

containing other heteroatoms and substituents are classified under a broader definition as 

polycyclic aromatic compounds. PAHs have high melting points, are highly lipophilic, 

and have relatively low water solubilities and vapour pressures. Their volatility and 

solubility in water decrease with molecular weight and number of aromatic rings (Achten 

and Andersson, 2015). They are relatively susceptible to photodegradation in air, water, 

and soil, bound or not to particulate matter (Fasnacht and Blough, 2002; Kim et al., 2013; 

Marquès et al., 2017), and also to biodegradation (Premnath et al., 2021). Still, their 

continued emissions can overcome this susceptibility and allow their global distribution 

and accumulation in certain environmental matrices. PAHs originate mainly from the 

incomplete or inefficient combustion of organic matter (i.e., under insufficient supply of 

oxygen and from low temperature combustion). This includes fossil fuels used in the 

generation of energy like coal, gas, crude oil, and biomass, the latter being especially 

relevant in agricultural settings and in house heating in rural sites, but also the combustion 

of urban and industrial waste and vehicle or traffic emissions (Mastral and Callén, 2000). 
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Thus, urban and industrial areas tend to be predominant sources of PAHs. Natural sources 

include wildfires, volcanic eruptions, and diagenesis (chemical transformation in 

sediments), although they are generally less important than anthropogenic ones. 

 
 

 
 

Acenaphthene Anthracene Fluorene Phenanthrene 

   

Fluoranthene Pyrene Retene 

  
 

Benz[a]anthracene Chrysene Triphenylene 

  
 

Benzo[b]fluoranthene Benzo[j]fluoranthene Benzo[k]fluoranthene 

 
 

 

Benzo[a]pyrene Benzo[e]pyrene Perylene 

 
 

 
Dibenz[a,h]anthracene Indeno[1,2,3-cd]pyrene Benzo[ghi]perylene 

Figure 5. Polycyclic aromatic hydrocarbons studied in the present work. 
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Not all PAHs exhibit the same toxic effects (Mesquita et al., 2014a). Still, PAHs 

are in general mostly known for being genotoxic, mutagenic, carcinogenic, and 

teratogenic (Armstrong et al., 2004; Boström et al., 2002; Luch, 2005; Wenger et al., 

2009). In fact, benzo[a]pyrene is generally considered to be one of the most carcinogenic 

PAHs and is frequently used as a tracer of PAH exposure (Agapkina et al., 2018). Other 

toxic effects on humans and animals include suppression of the immune system (Burchiel 

and Luster, 2001), oxidative damage, and damage to organs (Abdel-Shafy and Mansour, 

2016). The direct regulation of PAH emissions is a difficult endeavour because their 

sources are multiple, widespread, and in many cases uncontrollable, and because of the 

large number of compounds released from combustion processes. Instead, the general 

control over polluting activities related to industrial activity and fuel consumption have 

steadily reduced PAH emissions in many countries of the world over the last decades 

(EEA, 2021). Still, some directives have also aimed at limiting the emission of certain 

PAHs in industrial activities (RPA Europe, 2020). Although PAHs comprise hundreds of 

possible polycyclic configurations, only a handful of compounds known as EPA’s (U.S. 

Environmental Protection Agency) sixteen PAHs have traditionally been prioritized in 

environmental monitoring (Keith, 2015). However, the utility of maintaining the focus 

only on this short list of PAHs has been recently questioned in favour of a longer list of 

chemicals, including several heterocyclic aromatic compounds (Andersson and Achten, 

2015). 

1.2.4 Organophosphate esters 

OPEs are organic phosphoric acid derivatives composed of a phosphate moiety 

substituted with aliphatic or aromatic groups that can be halogenated or not (Figure 6). 

They are sometimes referred to as organophosphate flame retardants (OPFRs) because of 

their main application in preventing and delaying the combustion of materials. OPEs span 

a wide range of physical-chemical properties that depends on the size and composition of 

their substituents. They tend to be more lipophilic than hydrophilic, but they have 

generally lower logKOW values than other SVOCs like PCBs or PAHs. Their potential for 

distribution between environmental matrices is highly variable as a result of the 

differences in substituents, which is reflected in a broad range of vapour pressures and 

Henry’s Law constants. High molecular mass non-halogen OPEs have a higher tendency 
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to bioaccumulate than low molecular mass OPEs, but no such relation has been 

established for chlorinated ones (van der Veen and de Boer, 2012). OPEs are regarded as 

emerging organic pollutants since their mainstream application is relatively recent 

compared to other groups of compounds, despite being used in polymers since the 1960s 

(Kemmlein et al., 2003). Their popularity increased rapidly after polybromodiphenyl 

ethers (PBDEs) were phased out beginning in the mid-2000s (Blum et al., 2019). 

Halogenated OPEs are generally used as flame retardants, while non-halogenated OPEs 

are mostly used as plasticizers (Andresen et al., 2004). Common applications are 

lubricants, paints, foams, furniture, consumer electronics, building materials, and vehicles 

(van der Veen and de Boer, 2012). Since they are not chemically bonded to the materials 

they are added to, they tend to leach and volatilize with relative ease (Chokwe et al., 

2020), releasing into the environment and undergoing long-range atmospheric transport 

predominantly bound to particles, where they exhibit relatively high resistance to 

degradation (Liu et al., 2014). 

The toxicological risk associated with OPE exposure is still not well 

characterized. Some studies have suggested that OPEs may be neurotoxicants (Wei et al., 

2015; Yang et al., 2019), potentially carcinogenic (Li et al., 2019), and have shown 

adverse toxic impacts in animals and humans such as reproductive and developmental 
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Figure 6. Organophosphate esters studied in the present work. 
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effects (Alzualde et al., 2018; Oliveri et al., 2015) and disruption of endocrine and 

hormonal functions (Heindel et al., 2017; Meeker and Stapleton, 2010; Yang et al., 2019). 

Similarly, because of their relative novelty, there are still no major regulations on OPE 

use and emissions. Most regulatory action in the European Union and the United States 

has been introduced for labelling certain OPEs, hazard classification, and banning select 

compounds or requiring their substitution in certain consumer products, especially those 

made for children (Blum et al., 2019; European Comission, 2008). Thus, further studies 

on OPE emissions, distribution through the environment, and toxic effects on animals and 

humans are needed for the future implementation of informed regulations on the uses and 

emissions of these compounds. 

1.3 Passive sampling as a tool for the global monitoring 

of pollution 

Sample procurement is an essential step in the study of pollutant occurrence in the 

environment and must be performed to obtain information reliably. Environmental 

chemistry has typically relied on grab sampling techniques that produce discrete amounts 

of sample for later extraction and analysis in a laboratory (e.g., collecting soil, sediment, 

biota, snow, containers of water) or on on-site sample processing using absorbing 

matrices (e.g., actively pumping large quantities of air or water through solid phase 

extracting materials) that are then transported to the laboratory. However, these 

traditional sampling strategies do not always offer a simple and cost-effective solution to 

every situation. They often involve the transport and use of specialized equipment that 

can require access to an energy supply, or the acquisition and transport of large amounts 

of sample to overcome analytical detection limits. Furthermore, the temporal resolution 

and spatial coverage of the data collected in environmental monitoring depends on the 

regularity of measurements and the number of sampling operations, which quickly add 

up to significant economic costs. These shortcomings are especially pronounced in areas 

difficult to reach, like high mountains. High-altitude alpine regions severely limit the 

amount of sample that can be collected and carried, as well as the equipment that can be 

used unless it is transported by air (e.g., via helicopter) along with energy generators and 
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fuel. But again, this is particularly costly and often not a viable solution for long-term and 

multi-site monitoring studies. 

Instead, passive sampling strategies offer an alternative to the more traditional 

approaches, which may result in more applicable procedures for specific cases such as 

environmental monitoring in high mountains. Passive sampling relies on the free transport 

of pollutant molecules from an environmental compartment, or sampled medium, into a 

passive sampler device, or sampler medium, as a result of a difference in chemical 

potential (Górecki and Namieśnik, 2002). Passive sampler devices generally consist of 

materials permeable to a range of chemicals of interest, such as various polymers and 

resins, that are deployed in direct contact with the studied environmental compartment 

for an extended time. They typically rely on diffusive molecular transport mechanics for 

the gradual uptake of contaminants from the environment, which allows for a time-

integrative assessment of pollutant occurrence between sampler deployment and retrieval. 

Passive samplers are lightweight, inexpensive devices made of materials that are typically 

commercially available. They are simple to deploy and manipulate and do not require a 

power source to operate. They can be deployed for extended periods of time and in 

multiple locations simultaneously or consecutively, providing a viable way of escalating 

the scope of environmental monitoring programmes. The main difficulty related to 

passive sampling devices lies in the conversion from amounts of compounds absorbed by 

the sampler to concentrations in the sampled environmental compartment. Unlike active 

sampling techniques, these pollutant amounts cannot be directly referenced to a specific 

volume of air or water or to a specific mass of sediment or soil. Instead, passive sampling 

relies on the determination of effective sampled volumes or masses by means of diffusive 

uptake modelling. The models rely on physical-chemical properties of the studied 

compounds, their different affinities for the sampler material in comparison with the 

sampled matrix, the passive sampler medium characteristics, and the applied calibration 

method. This can lead to added uncertainty in the determined environmental 

concentrations of the studied pollutants if appropriate measures are not taken. 

 Passive samplers have been used in multiple applications since their introduction 

several decades ago. Initially, they were developed for monitoring carbon monoxide and 

other gasses like sulphur dioxide, nitrogen oxides, and ozone, and later expanded to 

various applications including solid-phase microextraction and monitoring of organic 
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compounds of varying hydrophobicity and volatility in different environmental matrices 

(Namieśnik et al., 2005). Common passive sampling devices often make use of polymeric 

materials: polyurethane foam (Shoeib and Harner, 2002), divinylbenzene–styrene 

copolymers (Wania et al., 2003), silicone and polyethylene (e.g., semipermeable 

membrane devices, SPMDs, Huckins et al., 1990), or other ceramic (Martin et al., 2003), 

fibrous (e.g., solid phase microextraction, SPME, Ouyang et al., 2005), sorbent (e.g., 

polar organic chemical integrative samplers, POCIS, Alvarez et al., 2004), and other 

stationary phases (e.g., polymer coated glass, Harner et al., 2003, and C18 phase, Kingston 

et al., 2000). These sampler materials have served and continue to serve as workplace 

exposure measuring devices, inorganic and organic chemical monitors and toxicity 

exposure assessment tools, airborne and waterborne pollutant accumulators, and soil, 

sediment, and biota samplers, among other applications (Górecki and Namieśnik, 2002; 

Greenwood et al., 2007; Seethapathy et al., 2008 and references therein). Other 

publications have presented comprehensive reviews on many of such samplers for air 

(Tuduri et al., 2012; Wania and Shunthirasingham, 2020) and for water (Seethapathy et 

al., 2008; Taylor et al., 2021). The following sections provide a brief overview of the 

most used and better characterized passive air and water samplers, aiming to highlight 

their main benefits and shortcomings as well as their use in coordinated global pollution 

monitoring efforts. 

1.3.1 Passive air samplers 

SPMDs for air sampling were originally adapted from water samplers. They 

consist of thin low-density polyethylene (LDPE) tubes that enclose a film of triolein, a 

neutral synthetic lipid that accumulates compounds after they diffuse through the LDPE 

walls. They were once widely used, especially since comprehensive calibration efforts in 

the late 1990s and early 2000s (Ockenden et al., 1998; Söderström and Bergqvist, 2004). 

They are effective and useful for co-deployment with SPMDs in water, but they are also 

rather complex sampling media and may suffer from some limitations. The LDPE walls 

are absorptive media by themselves rather than just acting as a limiting phase for the 

exchange of compounds between air and the triolein, and a completely quantitative 

interpretation of SPMD-derived results has been put into question based on the complex 

influence that temperature has on the uptake of compounds (Piccardo et al., 2010). Thus, 
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SPMDs have gradually seen reduced use in favour of other less complex and more 

convenient sampling media. Resulting from the realization that LDPE tubing in SPMDs 

also acts as an accumulating medium for SVOCs, LDPE was also proposed as a suitable 

material for passive sampling on its own (Booij et al., 1998). The uptake kinetics of this 

material have been fully characterized (Bartkow et al., 2004) and calibration strategies 

similar to those used for other sampler types also apply to LDPE samplers (Bartkow et 

al., 2006). They are among the simplest samplers to use, but their application is not as 

standardized and widespread, in part due to their relatively low uptake capacity. 

Polyurethane foam (PUF) was first used as a material for atmospheric sampling 

in the 1970s for active air sampling methods (i.e., pumping air through a PUF plug) 

(Bidleman and Olney, 1974a, 1974b), but its application to passive air sampling did not 

occur until the 2000s (Shoeib and Harner, 2002). PUF has a reasonably high capacity for 

absorbing compounds with intermediate volatility. It is a low-cost, commercially 

available material that is easy to handle and cut to the desired shape depending on the 

application, and it allows for a straightforward extraction procedure. When coupled with 

appropriate sampler housings, air sampling rates of PUFs have been observed to increase 

with wind speed gradually enough to produce time-weighted average air concentrations 

over a sample collection period (Moeckel et al., 2009; Tuduri et al., 2006). Some sampler 

designs may also facilitate the absorption of compounds in the particle phase more than 

others, compared to those strictly in the gas phase (Chaemfa et al., 2009b). When 

accounting for these effects, passive air sampling using PUFs can yield measurements 

within the range of those of active sampling techniques (Holt et al., 2017), but the need 

for tighter control over the uncertainty in such comparisons has still been put forward 

(Holt et al., 2017; Li and Wania, 2021). 

Another widely used passive air sampler is based on divinylbenzene–styrene 

copolymer resin (XAD). It has a higher uptake capacity for SVOCs and higher stability 

of absorbed compounds than PUF (Chuang et al., 1987; Dobson et al., 2006), which is an 

advantage for sampling the more volatile SVOCs or for studying remote areas that may 

require exceptionally long exposure times. Moreover, because of their large uptake 

capacity, XAD samplers are assumed to always absorb compounds at a linear rate, 

eliminating the need for complex modelling for the determination of atmospheric 

concentrations. A well-established XAD sampler design was introduced in the early 
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2000s (Wania et al., 2003) and has since seen world-wide application. Some difficulties 

related to these samplers are the rather expensive cost of the resin and the need for 

specialized steel mesh housings as XAD is presented in powder form, so their handling 

can be laborious compared to other alternatives. Notable efforts have been made for 

bringing the increased uptake capacity of XAD to other more convenient samplers, 

including XAD-coated PUF (Shoeib et al., 2008). These are known as sorbent-

impregnated PUF disks (SIP). However, the introduction of additional steps to the process 

makes them less attractive as handling becomes more complex, higher error may be 

induced, uptake kinetics become complicated, and additional contamination may occur. 

Besides the passive air sampler types described above, there is a myriad of other 

sampler materials, configurations, and combinations. These include enclosed sorbent 

techniques using different polymers, other non-porous sorbents in applications like 

SPME, materials such as silicone samplers or lipid-coated fibres, and combinations with 

additional materials like glass fibre filters. However, they are either not as popular as they 

are limited to very particular applications, or their uptake kinetics have not been as well 

characterized as for the more common media. 

Major developments in passive air sampling technologies have been recognized 

as potential solutions for overcoming the limitations that other environmental and 

regulatory assessment approaches traditionally suffered from (Harner et al., 2006a). As a 

result, their application has become global and international monitoring networks and 

studies have been established in recent decades, providing a pool of information on the 

levels and distribution of pollutants across the world. The Global Atmospheric Passive 

Sampling network (GAPS) was the monitoring effort with the largest scope, 

encompassing all continents, and provided an evaluation of the feasibility of PUFs as 

passive samplers on a global scale for the analysis of many SVOCs including PCBs, 

organochlorine compounds, PBDEs, several pesticides, and novel brominated flame 

retardants, among others (Harner et al., 2006b; Pozo et al., 2009, 2006; Rauert et al., 2018; 

Sum et al., 2007). Related efforts used XAD-based samplers for the study of organic 

pesticides like DDTs, HCHs, and several others across the world (Shunthirasingham et 

al., 2010). A follow-up initiative to GAPS named GAPS-Megacities aimed at monitoring 

organic pollutants in twenty major urban areas using PUFs for sampling OPEs, PBDEs, 

novel flame retardants, and other chemicals of emerging concern (Saini et al., 2020). 
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Finally, an independent monitoring effort spanning three major continental areas used 

PUFs for the study of PCBs, organochlorine pesticides like DDTs, and polychlorinated 

dibenzo-p-dioxins and dibenzofurans (PCDDs/PCDFs) (Bogdal et al., 2013). Additional 

information on these global networks and other large-scale studies using passive air 

samplers has been summarized elsewhere (Qu et al., 2018; Wania and Shunthirasingham, 

2020). 

1.3.2 Passive water samplers 

The original application of SPMDs in aquatic environments was described in the 

early 1990s (Huckins et al., 1990). Their structure consisting of an LDPE tube wall 

enclosing a triolein film described in Section 1.3.1 was developed to mimic to a certain 

extent the accumulation of pollutants in biota. SPMDs have arguably been the most 

widely used passive water samplers to date and helped develop the passive sampling 

theory and calibration methods to a great extent (Booij et al., 1998; Huckins et al., 2006, 

2002). Like with air samplers, the use of only the LDPE membrane as a passive sampling 

medium was proposed and tested (Adams et al., 2007; Booij et al., 1998; Müller et al., 

2001). LDPE on its own is a very cost-effective material, the compound uptake mechanics 

of which have been studied in detail for aquatic applications (Lohmann, 2012). 

Additionally, LDPE allows for a simpler sampler treatment and extraction compared to 

other candidate polymers like silicone rubber (SR), although its resistance to pollutant 

transport is somewhat higher (Rusina et al., 2007). It is this lower resistance to pollutant 

diffusion of SR that popularized silicone as an alternative material during the last decade. 

The compound uptake kinetics of SR have been since characterized (Rusina et al., 2010; 

Smedes et al., 2009) and put to test against those of LDPE, finding comparable results 

between materials although advocating for the adoption of SR over LDPE based on 

simpler data interpretation and higher reliability of the variables involved in the required 

calculations (Sobotka et al., 2022). 

A specific subset of passive water samplers relies on adsorption in a receiving 

phase as a pollutant uptake mechanism instead of absorption through diffusion. One 

example is the Chemcatcher®, a more complex, dual-phase water sampler design based 

on commercially available particle-loaded solid phase extraction disks typically covered 

with a membrane through which compounds diffuse (Kingston et al., 2000). The 
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extraction disks and diffusion membrane can be configured using different materials 

depending on the intended application of the sampler. A similar sampler concept is 

applied in the commercially available Empore™ and Speedisk™, also varying in 

configurable materials. However, the most popular multiple-phase sampler is the polar 

organic chemical integrative sampler (POCIS), specifically targeted at hydrophilic 

organic contaminants such as pharmaceuticals and some pesticides (Alvarez et al., 2004). 

Other alternatives for passive water sampling include polymers like polyurethane, 

ethylene vinyl acetate, and polyoxymethylene, and techniques like SPME as was also the 

case with air sampling. Most of these have rather specific applications or do not have 

fully characterized uptake kinetics, so their popularity is limited in environmental 

monitoring. 

Unlike atmospheric passive sampling, the coordinated application of passive 

water samplers on a global scale is much more limited and short-lived. The most relevant 

effort to establish a worldwide monitoring programme is the Global Aquatic Passive 

Sampling network (AQUA-GAPS). Recognizing the success of the atmospheric GAPS 

programme, a call to action was made at the beginning of the 2010s for a cooperative 

deployment of polyethylene samplers in aquatic environments around the world 

(Lohmann and Muir, 2010). The main aim of the network would be to demonstrate the 

feasibility of passive water samplers for the study of geographical distribution and 

changes over time of hydrophobic organic pollutants of concern like PCBs, PBDEs, 

PAHs, pesticides, and OPEs. The first steps toward establishing the network were made 

some years later (Lohmann et al., 2017), outlining proof-of-concept studies and setting 

up the deployment of samplers as a decentralized network. The first results of these 

concept studies were recently published (Sobotka et al., 2022), testing different sampler 

materials and their inter-comparability in deployments performed at dozens of locations 

distributed worldwide. Moving forward, AQUA-GAPS aims to establish a permanent 

network of networks for oceanic, coastal, riverine, lacustrine, and wastewater effluent 

environments. 

In the present work, passive samplers have a central role in monitoring pollutant 

levels and trends in remote alpine sites. They have been used for sampling air and water 

from several high-mountain lacustrine areas, and their capacities and calibration 
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strategies have been put to the test regarding their ability to produce adequate results and 

reveal compound distribution patterns in environments with characteristically extreme 

meteorological conditions and generally low pollutant concentrations. The specifics of 

sampler uptake mechanics, passive sampler calibration, and deployment conditions are 

detailed in the following sections. 
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2.1 Objectives 

The exposure of high-altitude alpine areas to environmental pollution regardless 

of their remoteness has been determined to be considerable. Anthropogenic pollution not 

only generates a globally distributed background layer of contamination that affects all 

regions of the world, but also poses a serious threat to cold mountain ecosystems that tend 

to accumulate pollutants. Persistent legacy pollutants that were once widely used, 

determined to be highly toxic, and restricted or banned still are a prominent component 

of this chemical background. Additionally, many substances that are currently used and 

mostly unregulated are becoming a considerable environmental threat because their 

production increases year by year despite exhibiting global distribution potential, 

persistence, and toxicity. The risk is particularly significant for organisms in ecosystems 

at the mountaintops, but their inaccessibility poses a set of challenges for studying the 

impact of pollution. These challenges can be overcome using passive samplers, sample 

collection methodologies that have seen increased use in the last decades but that still 

present difficulties and uncertainties that may be amplified in the harsh environment of 

high mountains. 

The main aim of the present work is to study the occurrence and distribution of 

legacy and current semi-volatile and hydrophobic organic pollutants in the air and water 

of high-elevation lacustrine areas of the Pyrenees and urban areas in Barcelona using 

passive samplers. To that end, the following objectives were established: 

▪ To assess the performance and applicability of passive samplers to the study of 

organic compounds in high-altitude areas and to estimate the uncertainty in the 

calibration of sampling rates and effective sampled volumes. 

▪ To measure the concentrations of semi-volatile organic compounds in the 

atmospheric gas phase over a high-altitude alpine region using passive air 

samplers and to determine and explain possible changes in the composition of 

atmospheric pollution in comparison to measurements performed decades ago in 

the same area. 

▪ To determine the concentration of a series of legacy and emerging semi-volatile 

organic compounds in the air of a densely populated urban area, to explain their 
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changes over time under an unprecedented set of environmental and social 

conditions caused by the generalized and simultaneous lockdown of multiple 

countries at the beginning of a global pandemic, and to compare them with 

measurements in background alpine regions. 

▪ To assess the environmental fate and behaviour of the selected pollutants by 

studying the effect of ambient temperature and meteorology on their distribution 

between air and environmental surfaces, thus characterizing the role of the studied 

mountains as receivers or emitters of semi-volatile organic pollutants depending 

on their physical-chemical properties. 

▪ To measure the concentrations of hydrophobic organic compounds in the freely 

dissolved phase of water of several high-altitude alpine lakes using passive water 

samplers and to determine the existence of long-term temporal trends in their 

levels compared to previous measurements from decades ago. 

▪ To determine the direction of the diffusive exchange of compounds between air 

and water at each studied lake through the application of a boundary layer model 

that relies on geographical, meteorological, and physical-chemical properties of 

the compounds, thus identifying the accumulating or emanating behaviour of 

these high-altitude Pyrenean lakes. 

The evidence presented here will hopefully add to the pool of knowledge on the 

distribution and reach of legacy and, more importantly, emerging pollutants to inform 

both the scientific community and the pertinent authorities in the event of future 

regulatory action aimed not only at protecting remote ecosystems, but also human health 

in urban locations. At the same time, the use and assessment of passive samplers in these 

remote sites that are scarcely monitored in detail are hoped to provide new insight that 

becomes useful for the implementation of wider passive sampling networks and for better 

establishing passive air samplers as an accepted methodology in regulatory monitoring of 

environmental pollution. 
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2.2 Structure 

The present dissertation is structured as follows: 

▪ CHAPTER 1 introduces the global diffuse occurrence of organic pollutants and 

the mechanisms behind the worldwide distribution of compounds. The relevance 

of high mountains as remote ecosystems and their role in the accumulation of 

pollutants that are transported long distances towards them are highlighted, with 

special focus on lacustrine areas and their potential for acting as sinks of 

anthropogenic contamination. The four main groups of studied legacy and 

emerging chemicals are presented along with their properties and potential health 

risks. Finally, passive sampling techniques are introduced as proven (but still 

evolving) tools for the monitoring of pollution that offer solutions to the main 

issues of sampling in remote and difficult-to-access locations such as high-

elevation alpine sites. 

▪ CHAPTER 2 lays the framework of the present thesis, establishes the main 

research objectives, and describes the structure of the dissertation. 

▪ CHAPTER 3 constitutes the main body of work of this dissertation. Firstly, 

several aspects relevant to the performed research are introduced, such as a brief 

review of published literature on anthropogenic pollutants in the area of study, the 

atypical circumstances in which the measurements in some of the presented 

studies were performed, key concepts on the sources and distribution of the 

studied compounds between environmental compartments, and the mechanics of 

diffusive uptake of pollutants by passive samplers and their calibration. Secondly, 

the geographical, ecological, and meteorological characteristics of the area of 

study are described, and the specifics of the sample procurement methodology are 

detailed for the passive samplers used in air and water. Finally, the results of the 

research are presented in five scientific articles and an additional discussion of the 

results, covering the study of the occurrence of organic pollutants and their 

distribution in the air and water of an urban site and several high-elevation alpine 

lakes. 

▪ CHAPTER 4 summarizes the general conclusions reached from the work and 

results presented in this dissertation.  
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3.1 Introduction 

3.1.1 Background: previous studies and circumstances of the present work 

The present work focuses on the study of the occurrence and distribution of 

atmospheric and aquatic pollutants in a high-elevation area in the Pyrenees. These 

mountains have been a reference site for the study of ecosystems, biodiversity, and diffuse 

pollution in the atmosphere and freshwater networks for several decades. The bulk of past 

research on anthropogenic pollutants in this area dates back to the early 1990s. This 

section presents a brief overview of the main findings concerning diffuse pollution, with 

particular focus on pollutants in air and water and the input pathways that lead to pollutant 

accumulation in alpine lakes like Estanh Redon, possibly the better characterized and 

most exhaustively studied lake in the whole region. 

Additionally, the same atmospheric pollutants that were studied in the Pyrenees 

were also measured in the city of Barcelona to establish a point of comparison between 

urban and remote levels. By chance, some of these measurements coincided with major 

lockdown restrictions imposed at the beginning of the global COVID-19 pandemic that 

led to an unprecedented drop in pollutant emissions. These unforeseen circumstances 

allowed for an assessment of short-term changes in the composition of atmospheric 

pollution in a densely populated city on top of the already planned comparison with alpine 

levels. A summary of previous research on SVOCs in the city of Barcelona and a detailed 

description of the consequences of the lockdown restrictions are also provided here. 

3.1.1.1 The study of diffuse pollution in the Pyrenean mountains 

 Atmospheric SVOCs in the Pyrenees have typically been measured using active 

air sampling techniques. In the late 1990s, the mean gas phase concentrations of the sum 

of 20 PAHs over the Pyrenees were 1.3–2.6 ng m-3, similar to those measured in other 

European high mountains (Fernández et al., 2002). The highest levels were measured in 

winter, especially for particle-bound PAHs that revealed a temperature dependence of 

gas–particle partitioning, and soot carbon was identified as a potential main transport 

medium for PAHs bound to aerosols. Total PAH concentrations in Estanh Redon were 

also measured at 1475 pg m-3 in the gas phase and 70 pg m-3 in the particulate phase in a 
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different study (van Drooge et al., 2010), which were in the range of other measurements 

performed in several European and North-Atlantic mountain sites, or on the lower side of 

that range in the case of particle-bound PAHs. In any case, PAH profiles were indicative 

of long-range atmospheric transport, and a temperature dependence was observed in their 

particle partitioning patterns. 

PCBs, DDTs, HCB, HCHs, and endosulfans were found predominantly in the 

atmospheric gas phase at mean total concentrations of 34, 3.3, 49, 30, and 3.0 pg m-3, 

respectively (van Drooge et al., 2004a). Only the higher molecular weight PCBs showed 

higher concentrations in the particulate phase according to their lower volatility. The 

levels of some SVOCs of present use at the time showed seasonal behaviour, such as 

HCHs and endosulfans due to predominant application in warmer seasons, as did PCBs 

and DDTs due to a higher occurrence of continental air inputs during summer. On the 

other hand, HCB always showed uniform concentrations. Aside from the aforementioned 

application of active sampling techniques, one of the first uses of passive sampling with 

SPMDs in a high-mountain site was performed in the Central Pyrenees at different 

altitudes (van Drooge et al., 2005). SPMD performance was adequate, revealing HCB 

concentrations (10–100 pg m-3) consistent with previous studies and in the range of those 

found in other remote and alpine regions of the world. The average sum of PCBs was 42 

pg m-3, and the levels of individual PCB congeners were quite uniform, for the most part 

between 1 and 10 pg m-3. 

Several reports identified the magnitude of deposition pathways into the lake 

catchment area for different pollutant groups. Total deposition fluxes of PAHs (1560 ng 

m-2 month-1) were controlled mainly by particle deposition and precipitation in the case 

of heavy molecular weight compounds, and temperature in the case of low molecular 

weight ones (Fernández et al., 2003). The same main drivers of PAH deposition were 

identified in measurements performed a decade later, with fluxes remaining relatively 

constant over time (Arellano et al., 2018; Fernández et al., 2021). Bulk deposition fluxes 

of organochlorine compounds including PCBs, HCHs, HCB, and endosulfans were high 

at Estanh Redon for compounds of active agricultural use at the time (340 and 430 ng m-2 

month-1 for endosulfans and γ-HCH, respectively) (Carrera et al., 2002). Contrarily, 

already banned compounds like PCBs and HCB showed much lower fluxes. Comparisons 

with sedimentary deposition showed selective trapping of the less volatile compounds 
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that increased efficiency at lower temperatures. Deposition fluxes of most organochlorine 

compounds seemed to increase over time until the mid-2000s, except for HCB, which 

remained constant, and for pesticides, which showed declining fluxes due to restrictions 

on their use (Arellano et al., 2015). Re-emission from soils and subsequent precipitation 

was hypothesized as a possible cause for the observed trend. The input of organochlorine 

compounds and PAHs into the lake could also be aided by snowmelt since they also 

accumulate in the snowpack during winter (Carrera et al., 2001; Fernández et al., 2021; 

Grimalt et al., 2009). Finally, PBDE deposition fluxes into Estanh Redon in the mid-

2000s showed distributions consistent with commercial mixtures, and significant 

correlations were established with air mass inputs of North American origin (Arellano et 

al., 2014a). This suggested transcontinental pollutant transfer as a main driver of PBDE 

concentrations, with temperature-dependent re-evaporation as a secondary source of such 

compounds. Photodegradation was seen to influence PBDE composition significantly, 

especially during the warmer seasons (Arellano et al., 2014a; Fernández et al., 2021). 

Water concentrations of several organochlorine compounds were determined at 

Estanh Redon at the end of the 1990s (Vilanova et al., 2001b). HCHs were the most 

abundant organochlorine compounds, with concentrations averaging 2500 pg L-1 for 

γ-HCH and 410 pg L-1 for α-HCH, which were among the highest concentrations 

described in lake waters at the time, including urban ones, but in the range of those in a 

few other remote sites. Endosulfans were found at lower concentrations (α- and 

β-endosulfan at 60 and 84 pg L-1, respectively), which were at an intermediate level 

between those found in polar areas and heavily polluted sites. Endosulfan sulfate was the 

second most abundant organochlorine pollutant at 1000 pg L-1, close to levels in some 

agricultural tributaries. PCBs at Estanh Redon (62 pg L-1, sum of 7 congeners) were 

between concentrations from other European alpine lakes but lower than in other 

continental water bodies, and were observed to be predominantly bound to the particulate 

phase (generally 72–82%, down to 27% at higher water temperatures) (Vilanova et al., 

2001a). The relative abundances of PCB congeners in the dissolved phase were mostly 

uniform, while lighter PCBs dominated the particulate phase. Total DDT concentrations 

(16 pg L-1) were close to those in more polluted waters and higher than in other high-

altitude lakes. HCB (8.4 pg L-1) was found mainly in the dissolved phase (70–100%, 
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down to 45–54% at lower temperatures) at concentrations similar to those in other alpine 

lakes but lower than in some remote polar areas. 

 PAH concentrations in water from Estanh Redon were also studied over two 

decades ago (Vilanova et al., 2001c). Low molecular weight PAHs dominated the relative 

compound distributions in both the dissolved and particulate phases. PAHs in the 

particulate phase (around 59% of the total PAHs) averaged concentrations of 410 pg L-1, 

with rather uniform relative abundances of the different compounds except for a lower 

representation of the more labile PAHs that suffered photooxidation. High molecular 

weight PAHs were instead more resistant to modifications by water column processes. 

PAHs in the dissolved phase were found at 270 pg L-1 and were dominated by 

phenanthrene (around 35% on average) and other low molecular weight PAHs. These 

concentrations also showed a lower presence of PAHs susceptible to photochemical 

degradation. Overall, PAH concentrations were much lower than those in water bodies in 

urban or polluted areas but in the same range or higher than in some other remote sites. 

Regarding seasonality, higher PAH concentrations were observed in the dissolved phase 

at lower temperatures, a trend that reflects the increased cold condensation from the 

atmospheric gas phase into water. 

Sediment from Estanh Redon was also analysed for organochlorine compounds 

and PAHs, showing relatively low concentrations and composition profiles parallel to 

those observed in atmospheric samples that reflected the remoteness of the lake and the 

long-range transport nature of the main pollutant input pathways into the lake (Fernández 

et al., 1999; Grimalt et al., 2004b). Furthermore, air–water–sediment interactions and 

exchange fluxes were modelled for some compounds, again showing that POP occurrence 

is mainly driven by atmospheric inputs and diffusive air–water exchange dynamics 

(Meijer et al., 2006). Seasonal fluxes were determined to control the sink of POPs 

depending on temperature, especially so for highly chlorinated PCBs (Meijer et al., 2009). 

3.1.1.2 The strict lockdown of a country: an opportunity to assess pollution trends 

at their source 

An outbreak of a novel respiratory disease caused by the severe acute respiratory 

syndrome coronavirus 2 (SARS-CoV-2) and named Coronavirus disease 2019 
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(COVID-19) by the WHO occurred in China at the end of 2019, and it quickly affected 

many other countries until being declared a global pandemic in March 2020. The first 

confirmed COVID-19 positive patient in Spain was registered on 31 January 2020.2 

Although many cases may have been misidentified due to a lack of information and 

minimal clinical testing capacity, more than 5000 confirmed cases were detected and over 

130 deaths were confirmed to be caused by the virus during the six following weeks. On 

14 March 2020, the Spanish government declared a State of Alarm in the whole territory, 

which became effective the following day, establishing lockdown measures that 

mandated individuals to remain at home except to fulfil basic needs such as purchasing 

food and medicines, and forced the temporary closure of schools, universities, and some 

businesses and shops. On 28 March, further restrictions banned all non-essential activity 

for 15 days. Some of them were lifted for non-essential workers on 13 April, and further 

easing of restrictions ensued on 25 May in the city of Barcelona, with a first phase of 

measures that allowed the opening of small businesses and some freedom of movement 

during allocated times of the day. A second phase began on 8 June, with less stringent 

restrictions on businesses and mobility, and a third phase only lasted one day before the 

lockdown measures were finally lifted on 19 June. Schools remained closed during the 

whole lockdown period and summer until September 2020. 

Personal mobility patterns changed dramatically after lockdown measures came 

into force. Population movement trends across different categories of activity such as 

commercial, recreation, and occupational saw reductions between -50 and -90% 

compared to the period before restrictions, while residential activity increased as people 

had to stay home (Figure 7). Data reported by local news outlets and authorities in 

Barcelona during lockdown confirm decreases in urban and industrial activity across 

many public and commercial sectors, including some of those known to be most impactful 

on urban air quality. Public transportation traffic (bus and metro) dropped an average of 

-75 % in March, with the largest drops of -95 to -98% on weekends in April.3 Airborne 

traffic fell by more than -85% at Barcelona’s airport by the end of March.4 Cruise and 

 
2 www.redaccionmedica.com/secciones/sanidad-hoy/espana-confirma-su-primer-caso-de-positivo-por-coronavirus-
de-wuhan-7264 (Accessed October 2020) 
3 www.atm.cat/web/ca/covid19.php (Accessed October 2020) 
4 www.elpuntavui.cat/societat/article/5-societat/1763553-el-trafic-aeri-cau-mes-d-un-85-a-l-aeroport-de-
barcelona.html (Accessed October 2020) 
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ferry traffic at Barcelona’s port dropped by -77 and -56% during March, respectively, 

while container shipments and transfer operations declined between -19 and -38%.5 The 

first four weeks of lockdown saw average reductions in motorized traffic of -60, -75, -75, 

and -79%, respectively, up to -93% during the weekends.6,7,8,9 Other urban activity 

indicators showed drops in waste collection of -24%,10 -9% less water consumption,11 

and street noise was reduced by 8.4 dB.12 

 
Figure 7. Moving average (7 days) of the changes in population movement trends over time during and 
after the 2020 lockdown in Barcelona, Spain. Figure created using aggregated location data by Google LLC 
“Google COVID-19 Community Mobility Reports”.13 

In our globalized industrial society, this scenario of abrupt cease of commercial, 

industrial, transport, and social activity in a dense city can be viewed as a unique 

opportunity for assessing sudden changes in pollutant emissions at their source. Most 

urban sites nowadays monitor atmospheric contaminants through air quality assessment 

sensor networks, and satellite measurements are available on a global scale for a number 

of atmospheric pollutants. Thus, many environmental studies were swiftly published on 

 
5 www.elmercantil.com/2020/04/21/el-covid-19-deixa-la-seva-marca-en-les-importacions-i-el-transbord-al-port-de-
barcelona/ (Accessed October 2020) 
6 www.infotransit.blog.gencat.cat/2020/04/03/la-mobilitat-a-larea-metropolitana-de-barcelona-durant-el-confinament/ 
(Accessed October 2020) 
7 www.monsostenible.net/catala/noticies/el-transit-de-vehicles-es-redueix-un-63-a-larea-metropolitana-de-barcelona-
pel-confinament-demanat-pels-governs-catala-i-espanyol/ (Accessed October 2020) 
8 www.elpuntavui.cat/societat/article/5-societat/1770111-transit-sota-minims-a-l-area-metropolitana-de-barcelona-
amb-baixades-de-fins-al-94.html (Accessed October 2020) 
9 www.ara.cat/societat/transit-Barcelona-respecte-cau-dissabte-confinament-covid-19-
coronavirus_0_2433356833.html (Accessed October 2020) 
10 www.amb.cat/ca/web/amb/actualitat/sala-de-premsa/notes-de-premsa/detall/-/notapremsa/covid-19--la-produccio-
de-residus-a-l-area-metropolitana-de-barcelona-cau/9095832/11696/ (Accessed October 2020) 
11 www.govern.cat/govern/docs/2020/03/26/15/34/1e6a600c-c472-49dc-8f9d-1eff51d8e597.pdf (Accessed October 
2020) 
12 www.ara.cat/societat/confinament-empremta-ecologica-Barcelona-coronavirus-covid-19_0_2433956597.html 
(Accessed October 2020) 
13 https://www.google.com/covid19/mobility/ (Accessed August 2021) 
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observed reductions in atmospheric levels of certain contaminants. These usually include 

volatile species such as CO, NO, NO2, NO3, O3, SO2, and airborne PM10 (<10 μm 

particulate matter). Reductions in the levels of most of these contaminants were reported 

around the world (Fu et al., 2020; Saha et al., 2022), also in Spanish cities (Briz-Redón 

et al., 2021) including Barcelona (Baldasano, 2020; Tobías et al., 2020), except for ozone, 

which saw increased levels due to lower reaction capacity with the decreased amounts of 

NO (Sicard et al., 2020). Overall, these observations pointed to an immediate 

improvement in air quality in urban sites, which offered a lesson on how effectively some 

anthropogenic pollutants can be abated (Jevtic et al., 2021; Querol et al., 2021). However, 

many other anthropogenic pollutants that are continuously released into the environment 

in urban sites cannot be measured using sensors and automated monitoring equipment. 

These include SVOCs and POPs emitted from industrial operations, fossil fuel 

combustion, transport networks (e.g., automobiles, aircraft, and maritime transport), 

construction activities, waste disposal, energy generation operations, and other sources. 

As seen in Sections 1.2.1 to 1.2.4, these ubiquitous chemicals have a noteworthy potential 

for causing adverse health effects and cause harm to ecosystems. But in the context of 

sudden unannounced restrictions to mobility and a halt of all non-essential occupational 

activity, the direct measurement of SVOCs became impossible for the duration of the 

lockdown. That is, unless the sampling was performed with passive samplers that were 

already deployed before the confinement began. 

Although the main objective of the present work is the study of anthropogenic 

organic pollution in alpine ecosystems, passive air samplers were exposed to the air in 

the city of Barcelona aiming to obtain a baseline for urban levels of atmospheric 

contamination. However, the first two planned sampler exposures fortuitously 

encompassed periods immediately before and during strict lockdown measures, 

respectively. This allowed for a direct assessment of trends of SVOC concentrations in 

the city of Barcelona and the determination of potential decreases in their atmospheric 

levels compared to documented reductions in polluting urban activities. Thus, these 

results are provided in the present work as a unique evaluation of the behaviours observed 

in different SVOCs close to their source after experiencing an unprecedented and 

considerable decline in their potential emissions. To the best of our knowledge and at the 

date of writing these lines, this is one of the first and very few published reports of 
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atmospheric SVOC and POP trends during COVID-19 lockdown. Additionally, trends in 

other typical air quality indicators (CO, PM10, NO, NO2, and O3) were also studied and 

are reported alongside those seen for the organic contaminants. As these measurements 

were performed in parallel to those in the alpine lakes that are the main focus of this work, 

pollutant levels observed before and after lockdown were compared to the levels found 

in the Pyrenees. This provides additional perspective on the difference in magnitude 

between concentrations at their source and destination, putting the scale of alpine 

atmospheric pollution into context. 

Finally, some background on levels of atmospheric pollutants in the city of 

Barcelona is provided in the following lines for reference. Many SVOCs considered in 

the present work have been monitored there in the past, although perhaps not in a way as 

comprehensive or intensive across the decades as could be expected from a major urban 

area. The sum of total PAH concentrations in the late 1980s showed very high levels, 

between 10 and 310 ng m-3, with hydrocarbon patterns pointing at gasoline and diesel 

traffic emissions as predominant PAH sources, as well as heating with diesel stoves 

(Aceves and Grimalt, 1993). Preferential absorption of high molecular weight PAHs was 

also observed in small particles in the warm periods, when overall PAH levels were 

lowest. In the early 2000s, PAH levels in Barcelona measured using passive air samplers 

were around the median in a study including over sixty sampling sites all across Europe, 

but polychlorinated naphthalenes were the highest and with the largest contribution of 

combustion sources (Jaward et al., 2004a). The sum of atmospheric gas-phase PAHs in 

the mid-2000s was between 3.5 and 7.8 ng m-3 in spring and autumn, respectively 

(Cabrerizo et al., 2011). PAHs in atmospheric particulate matter were between 0.4 and 

4.3 ng m-3 in the late 2000s, presenting elevated levels in late autumn, and were linked to 

increased toxicity responses in zebrafish embryos (Mesquita et al., 2014b). 

Regarding organochlorinated pollutants, levels of HCHs in Barcelona in the early 

2000s were among the highest in Europe, HCB concentrations were very homogenous 

across all sampling sites, and PCBs were lower compared to other more contaminated 

sites in Italy, the United Kingdom, France, and Russia (Jaward et al., 2004b). The sum of 

total PCBs measured by active sampling techniques in the mid-2000s was between 0.08 

and 0.30 ng m-3 near industrial sites in the city and between 0.06 and 0.13 ng m-3 in an 

urban background site, which was similar to other urban areas at the time (Mari et al., 
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2008a). Passive air sampling measurements between 2008 and 2015 found much lower 

levels in the atmospheric gas phase, where the sum of 12 PCBs in air was around 21 pg 

m-3 (Muñoz-Arnanz et al., 2018). The sum of PBDEs in samples from the same study was 

144 pg m-3, the highest among all sampling sites in Spain (Roscales et al., 2018). Finally, 

measurements of atmospheric OPEs have been very scarce in the city of Barcelona, but 

individual OPE levels in particle samples were reported between 1 and 1211 pg m-3 in the 

early 2010s (Ramos, 2014), which is much lower than observed in particulate matter from 

subway stations (sum of 19 OPEs between 6.5 and 156 ng m-3), especially newer ones 

with plastic components (Olivero-Verbel et al., 2021). 

3.1.2 Pollutant sources and partitioning between environmental compartments 

Pollutant sources can be divided into primary and secondary. Primary sources 

result from the direct emission of pollutants into the environment, such as industrial 

atmospheric emissions and discharge of contaminated residues into rivers and oceans. 

Secondary sources (not to be confused with secondary formation of new pollutants 

through chemical reaction in the environment) result from the re-emission of pollutants 

after these have deposited and accumulated in soils, waters, and other environmental 

compartments. In alpine regions, the lack of local primary emissions enhances the relative 

importance of secondary re-evaporation as a pollutant source, although some regional 

inputs (mid-range atmospheric transport) may also be prominent under certain 

circumstances as high mountains are closer to continental sources than other more remote 

sites like the Arctic and Antarctica. 

Re-emission plays an important role in the global distribution of pollutants as seen 

in Section 1.1.1, and is often caused by changes in environmental conditions. For 

instance, temperature variations may cause the re-volatilization of SVOCs from soils into 

the atmosphere or the release of compounds trapped in snow and glaciers, hence why the 

global warming linked to climate change has been identified as a threat that could 

augment the re-emission of legacy POPs (Gong and Wang, 2022). In fact, the decreasing 

emissions and atmospheric levels of many POPs (Schuster et al., 2021) and the increasing 

threat of rising temperatures may significantly boost the relevance of secondary sources 

of POPs, as has already been observed in the Arctic (Ma et al., 2011). The behaviour that 

atmospheric concentrations of pollutants exhibit with temperature changes has been 
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linked to the primary or secondary nature of their sources (Wania et al., 1998), which is 

of particular interest in mountain slopes with temperature gradients and marked seasonal 

changes in deposition and evaporation patterns (Daly and Wania, 2005). This will be 

explored further when discussing the results in the following sections. 

We have established that SVOCs tend to volatilize and distribute themselves 

through the environment by entering different compartments and that this happens after 

multiple cycles of atmospheric transport in the gas and particle phases, atmospheric 

removal by wet and dry deposition, re-volatilization, percolation through soils and aquatic 

transport in rivers and oceans, accumulation in sediments and biota, etc. In this context 

of pollutants moving between environmental phases, there is an interest in determining 

the direction of flow of chemicals between compartments and the magnitude of input and 

output processes and reactions. These determinations usually rely on the assessment of 

the state of chemical equilibrium in the environmental system, where no net transport, 

input, or output of substances takes place, even for processes that may never reach actual 

equilibrium. It is in fact the deviation from a state of equilibrium that provides information 

on the distribution gradients and the processes taking place. As these states of equilibrium 

are particular to each chemical, their estimation at specific environmental conditions 

involves the use of intrinsic physical-chemical variables and empirically determined 

properties of the compounds. The degree to which a pollutant will enter the atmospheric 

gas phase depends on its volatility, often measured by its vapour pressure, the partial 

pressure of a chemical in the gas phase in equilibrium with its liquid or solid form. The 

capacity of a water body for taking up a compound in its freely dissolved state is 

determined by the solubility of the compound (i.e., its concentration at equilibrium). The 

distribution of a pollutant between two environmental phases is determined by partition 

coefficients, often defined as the ratio of concentrations in both phases in equilibrium 

conditions. When these phases are the atmospheric gas phase and the dissolved phase of 

water, the air–water partition coefficient (KAW) often takes the shape of the Henry’s Law 

constant (H), which can be defined as the ratio of the partial pressure of a compound in 

air to its concentration in water at equilibrium. Partition coefficients can also be derived 

for any two other compartments, such as air–soil, air–snow, water–sediment, or water–

biota. In most cases, however, environmental models rely on proxy partitioning variables 

that can be determined in a laboratory and that still correlate to the observed behaviour of 
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pollutants in nature: octanol–air (KOA) and octanol–water (KOW) partition coefficients. 

These are defined as the ratio of concentrations of a chemical between a phase of 

n-octanol and air or water, respectively. The octanol fraction thus serves as a reference 

phase for the study of compound partitioning and allows the extrapolation of behaviours 

to other matrices. For example, the potential for long-range atmospheric transport of 

SVOCs is frequently predicted through KOA values (Harner and Bidleman, 1998; Harner 

and Mackay, 1995; Mackay and Wania, 1995), and the potential of compounds for 

accumulation in aquatic and lipidic phases can be estimated from KOW values (Armitage 

and Gobas, 2007; Gossett et al., 1983; Meylan et al., 1996; Miller et al., 1985). The 

accumulation potential of organic pollutants in remote areas has been proposed to be 

highest for relatively volatile and hydrophobic compounds with logKOA between 6.5 and 

10 and logKAW above -3, which roughly corresponds to logKOW between 5 and 8 (Wania, 

2003). This is because chemicals with logKOA lower than 6.5 are generally too volatile 

for deposition from the atmosphere, while those with logKOA greater than 10 tend to 

accumulate in other compartments before reaching remote locations. Finally, pollutant 

removal processes are also often described using compound-specific rates and 

coefficients, like photodegradation rates (Brubaker and Hites, 1998; Keyte et al., 2013; 

Kwok et al., 1995), and degradation half-lives, sometimes used in biodegradation 

estimations (Beck and Hansen, 1974; Sinkkonen and Paasivirta, 2000). 

Many of these variables play a role in the calculation of environmental fate models 

and in their interpretation (e.g., Dachs et al., 2000; Gong et al., 2019; Meijer et al., 2006; 

Palm et al., 2004). These models provide a mechanistic quantitative estimation of the 

pollutant sources to the environment, transport, and transformation processes based on 

environmental and physical-chemical variables, and thus aid in the determination of the 

state of pollution in specific systems. The more complete they are, the more accurate the 

information they provide on whether pollutant input to any ecosystem is higher than the 

output, if degradation or accumulation processes are preeminent removal pathways for 

specific chemicals, or if sites with considerable accumulation of pollutants may be acting 

as secondary emitters to the environment. In the present work, an air–water exchange 

model (Deacon, 1977; Schwarzenbach et al., 2016) together with atmospheric 

degradation estimates were used for establishing the direction of the diffusive transport 

of pollutants between the gas phase of air and the dissolved phase of water, thus assessing 
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the general behaviour of the studied high-altitude lakes as accumulators or secondary 

emitters of SVOCs. The specifics of the model are outlined in Section 3.2.5. 

3.1.3 Passive sampling theory: diffusive uptake of pollutants 

The transport of pollutants in fluid media like air and water occurs primarily by 

advection, the bulk transport of mass due to the velocity of the fluid (e.g., wind and 

aquatic currents). At a narrower scale, convection (i.e., fluid movement due to density 

gradients) and eddy diffusion (i.e., turbulent fluid dynamics) also affect the transport of 

mass. However, there is a region of space close to the surface of passive sampler media 

(PSM) in which molecular diffusion (i.e., the thermal motion of any particle at 

temperatures above 0 K) dominates the transport of mass. This region is generally known 

as the diffusion layer, often called air boundary layer for atmospheric samplers and water 

boundary layer for aquatic samplers. The compounds in the atmospheric gas phase or in 

the freely dissolved phase of water diffuse through the PSM surface and become absorbed 

by the sampler material. It is thus necessary for passive samplers to mathematically define 

the uptake of compounds over time and to predict expected changes in the behaviour of 

chemicals with different properties. 

The exchange of pollutants between an environmental compartment or phase 

(either air or water, from here on referred to in a general way as just a “phase” or “P”) 

and a PSM can be described quantitatively in different ways. There are several approaches 

to modelling passive compound uptake (Salim and Górecki, 2019). The most commonly 

used models accounting for diffusion boundary layers typically rely on Fick’s first law 

(Fick, 1855), the fundamental law of diffusion that relates diffusive flux to a gradient in 

concentration. This can be expressed through a mass transfer coefficient model between 

the considered phase and the PSM as follows (Huckins et al., 2006): 

𝑗 = 𝑘𝑂 (𝐶𝑃 −
𝐶𝑃𝑆𝑀
𝐾𝑃𝑆𝑀−𝑃

) Eq. 1 

where j is the flux of a compound (mass transferred per unit of area and time), kO is the 

overall PSM–phase mass transfer velocity or coefficient, CP is the concentration of a 

compound in the phase, CPSM is the concentration of compound absorbed in the PSM, and 

KPSM–P is the PSM–phase partition coefficient. In the Whitman two-film approach 
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(Whitman, 1923), which considers the passive sampler as a single and uniform phase in 

direct contact with the studied environmental phase, the overall mass transfer coefficient 

can be obtained from individual mass transfer coefficients at each side of the interface 

between phases. The inverse of kO, which represents the overall resistance to transport, is 

equal to the sum of resistances in each phase referenced to the considered environmental 

compartment: 

1

𝑘𝑂
=

1

𝑘𝑃
+

1

𝑘𝑃𝑆𝑀 𝐾𝑃𝑆𝑀−𝑃
 Eq. 2 

where kP is the phase-side (typically air-side or water-side) mass transfer coefficient, and 

kPSM is the PSM-side mass transfer coefficient. 

 The rate of change of CPSM over time (t) can be expressed as a function of the flux 

in Eq. 1 and the sampler’s dimensions as: 

𝜕𝐶𝑃𝑆𝑀
𝜕𝑡

=
𝐴𝑃𝑆𝑀
𝑉𝑃𝑆𝑀

 𝑗 =
𝐴𝑃𝑆𝑀
𝑉𝑃𝑆𝑀

 𝑘𝑂 (𝐶𝑃 −
𝐶𝑃𝑆𝑀
𝐾𝑃𝑆𝑀−𝑃

) Eq. 3 

where APSM and VPSM are the area and volume of the PSM. The solution for Eq. 3 with 

initial conditions CPSM = 0 at t = 0 is: 

𝐶𝑃𝑆𝑀 = 𝐾𝑃𝑆𝑀−𝑃 𝐶𝑃 [1 − 𝑒𝑥𝑝(− 𝑘𝑒 𝑡)] Eq. 4 

 
Figure 8. Uptake phases of passive sampling through first-order uptake kinetics, where CPSM is the 
concentration of compound taken up by the passive sampler medium and t is the exposure time. 
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which is shaped as a first-order rate equation where ke is the exchange rate constant. Here, 

this constant is expressed as: 

𝑘𝑒 =
𝐴𝑃𝑆𝑀 𝑘𝑂

𝑉𝑃𝑆𝑀 𝐾𝑃𝑆𝑀−𝑃
 Eq. 5 

 Thus, Eq. 4 expresses how the concentration of a compound in the PSM increases 

over time based on the characteristics of the sampler, the physical-chemical properties of 

the compound relative to the sampler material, and the initial concentration conditions of 

the two-phase system. The shape of the accumulation of compounds over time is depicted 

in Figure 8. 

By considering the two extreme cases in these conditions, two distinct sampling 

regimes are defined. When ke t ≫ 1, which can occur with long sampler exposures and 

for compounds with low KPSM–P (i.e., a lower affinity for the PSM), CPSM reaches its 

equilibrium value, at which point: 

𝐶𝑃𝑆𝑀 = 𝐾𝑃𝑆𝑀−𝑃 𝐶𝑃 Eq. 6 

which is known as the equilibrium stage of the uptake, where no net absorption of 

compound occurs in the PSM if its concentration in the environmental phase remains 

constant. Contrarily, when ke t ≪ 1, which can occur with short sampler exposures and 

for compounds with high KPSM–P (i.e., a higher affinity for the PSM), the expression 

between brackets in Eq. 4 ≈ ke t, leaving: 

𝐶𝑃𝑆𝑀 = 𝐾𝑃𝑆𝑀−𝑃 𝐶𝑃 𝑘𝑒 𝑡 Eq. 7 

which is known as the linear stage of the uptake since Eq. 7 describes a linear dependency. 

The net amount of compound absorbed by the PSM (nPSM) during this linear stage is: 

𝑛𝑃𝑆𝑀 = 𝑉𝑃𝑆𝑀 𝐾𝑃𝑆𝑀−𝑃 𝐶𝑃 𝑘𝑒 𝑡 = 𝑅𝑆 𝐶𝑃 𝑡 = 𝑉𝑒𝑓 𝐶𝑃 Eq. 8 

Note that VPSM × KPSM–P × ke can be condensed under RS, which is the compound- and 

sampler-specific sampling rate. RS gives an indication of the equivalent volume of water 

or air extracted per unit of time for a specific compound, so it can be directly used for the 

calculation of effective sampled volumes (Vef) and, therefore, concentrations of 

compounds in the considered phase for samplers operating under the linear stage of 

uptake. 
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However, a more general equation for calculating the amount of absorbed 

compound can be obtained if the definition of ke from Eq. 5 is substituted into Eq. 4: 

𝑛𝑃𝑆𝑀 = 𝑉𝑃𝑆𝑀 𝐾𝑃𝑆𝑀−𝑃 𝐶𝑃 [1 − 𝑒𝑥𝑝 (−
𝐴𝑃𝑆𝑀 𝑘𝑂

𝐾𝑃𝑆𝑀−𝑃 𝑉𝑃𝑆𝑀
 𝑡)] Eq. 9 

The expression between brackets in Eq. 9 is known as the Degree of Equilibrium (DEQ). 

The DEQ describes the extent of attainment of equilibrium conditions during the exposure 

of the sampler, taking values from 0 to 1 where 1 represents full equilibrium and 0 the 

conditions furthest from equilibrium. Thus, Eq. 9 considers all uptake stages indistinctly 

so no compromises are made regarding the stage achieved by each studied compound. 

Furthermore, it presents a shape that allows for linking the absorbed amounts during 

exposure to characteristics of the PSM and its calibration method. Note that this equation 

depicts a general case, while its application to specific phases like air and water often 

contains certain variations in how some coefficients are presented in order to better 

accommodate calibration needs. These specific variations are discussed in the following 

section. 

3.1.3.1 Calibration of passive samplers 

Unlike active sampling techniques that commonly involve grab-sampling and 

pumping operations for the acquisition of samples, the quantity of sampled phase (e.g., 

air or water) cannot be directly determined in passive sampling. Thus, the conversion 

from the amount of pollutants found in the samplers to environmental concentrations is 

not trivial. Different methods for overcoming this issue have been used in the past, from 

assuming daily uptake rates based on physical-chemical properties and deployment times 

to co-deployment with active sampling methods. However, this can lead to results with 

considerable uncertainty as in many cases the conditions in which the sampler is deployed 

are not optimal for the ideal diffusive behaviour of the studied compounds. For instance, 

wind speeds, temperature, sampler housing and orientation, water currents, and 

biofouling growing on samplers deployed underwater can affect sampling rates (Booij et 

al., 2003; Huckins et al., 2002; Ockenden et al., 2001; Tuduri et al., 2006). Some of these 

conditions are especially influential in alpine locations where the meteorology and 

environmental circumstances are usually out of the ordinary (e.g., high wind speeds, low 

temperatures, and atypical precipitation patterns). 
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An arguably more quantitative and direct approach to determining sampling rates, 

and thus more accurate pollutant concentrations, is the use of performance reference 

compounds (PRCs, sometimes also called depuration compounds), as first suggested in 

the early 1990s (Huckins et al., 1993) and further tested in following years (Booij et al., 

1998). PRCs are analytically non-interfering compounds that do not occur in the natural 

environment (often isotopically labelled compounds and uncommon PCB congeners) that 

are added to passive samplers before their deployment into the studied environmental 

phase. Several PRCs spanning a range of fugacities (i.e., KPSM–P) are typically spiked into 

PSMs by way of varying techniques depending on the nature of the PSM material. During 

sampler exposure, PRCs are expected to dissipate over time at differing rates based on 

their varying physical-chemical properties (affinity for the sampler and sampled phases) 

as well as exposure time and environmental conditions. The dissipation rates of PRCs are 

equal but inverse to the uptake rates of equivalent compounds because both uptake and 

release processes are governed by the same molecular diffusion mechanisms (Booij et al., 

2002; Huckins et al., 2002). PRC dissipation rates can thus be used to estimate compound- 

and sampler-specific sampling rates that account for variation between compounds, 

sampling sites, periods, and deployment conditions. 

The dissipation of PRCs from a PSM is described by: 

𝐶𝑃𝑅𝐶,𝑡 = 𝐶𝑃𝑅𝐶,0 𝑒𝑥𝑝(−𝑘𝑒 𝑡) Eq. 10 

where CPRC,0 and CPRC,t are the amount or concentration of a specific PRC in the sampler 

before and after an exposure time t, respectively. The dissipation profile of a PRC over 

time is depicted in Figure 9, where the effect of the considered compound and the 

environmental conditions at the sampling site would produce a value of ke that adjusts the 

steepness of the curve. Since CPRC,0 cannot be measured in the specific PSM to be 

deployed, reference blank samplers are prepared, spiked, and analysed in parallel. The 

release ratio (also known as depletion ratio or retained fraction) of the PRC (CPRC,t/CPRC,0) 

is then calculated, which should take values between 0 and 1, with 0 signifying complete 

release from the PSM to the environment and 1 complete retention in the PSM. Depending 

on the affinity of each PRC for the sampler material and for the sampled medium, 

equilibration may take from days or weeks to months or years, which is why working 
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with an array of PRCs better represents all possible scenarios. Finally, the dissipation rate 

is determined as: 

𝑘𝑒 =
−𝑙𝑛(𝐶𝑃𝑅𝐶,𝑡/𝐶𝑃𝑅𝐶,0)

𝑡
 Eq. 11 

  

 
Figure 9. Dissipation profile of a PRC over time through first order release kinetics. 

Therefore, the sampling rate of a compound can be estimated from the definition 

of RS in Eq. 8 and kO for the calculation of the sampled volume from Eq. 5. Still, there are 

several ways in which this concept is typically applied to practical cases. The specific 

calibration equations for the passive air (PUF disks) and water (LDPE and SR sheets) 

samplers used in the present work are the following: 

a. Calibration of passive air samplers 

The retained PRC fractions are related to RS (m3 d-1) through the following 

equation (Harner, 2021; Pozo et al., 2004): 

𝑅𝑆 = 𝑘𝐴 𝐴𝑃𝑈𝐹 =
−𝑙𝑛(𝐶𝑃𝑅𝐶,𝑡 𝐶𝑃𝑅𝐶,0⁄ ) 𝐾𝑃𝑈𝐹−𝐴

′  𝐷𝑓𝑖𝑙𝑚

𝑡
 Eq. 12 

where kA is the sample-specific air-side mass transfer coefficient (m d-1), K’PUF–A is the 

density-corrected PUF–air partition coefficient (dimensionless) calculated by multiplying 

KPUF–A (m3 g-1, Table 1) by the density of the PUF (δPUF, g m-3), APUF is the area of the 

PUF disk (m2), Dfilm is the effective film thickness of the PUF disk (m), and where t is 
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expressed in days. Note that the practical application of the diffuse uptake theory to 

atmospheric sampling has led to some important changes. On one hand, kA is used instead 

of kO because for typically monitored compounds (KOA > 107) the sampler-side velocity 

term 1/(kPUF × KPUF–A) in Eq. 2 is negligible, which means that the mass transfer to the 

PUF is always air-side controlled and so kO ≈ kA (Shoeib and Harner, 2002). On the other 

hand, Dfilm = VPUF/APUF (where VPUF is the volume of the PUF disk) is used for practical 

purposes, and K’PUF–A instead of KPUF–A for correcting the PUF partition coefficients to 

the density of the specific polymer used. KPUF–A values for each PRC can be determined 

from their temperature-corrected KOA coefficients (Table 1) using the following 

experimental relationship (Shoeib and Harner, 2002): 

𝑙𝑜𝑔𝐾𝑃𝑈𝐹−𝐴 = 0.6366 𝑙𝑜𝑔𝐾𝑂𝐴 − 3.1774 Eq. 13 

 Figure 10 shows an example of PRC depletion rates obtained after exposure of a 

PUF-PAS at one of the studied sites. A different value of RS can thus be produced from 

each considered PRC using Eq. 12, which leads to differing values. Typically, an average 

of these different RS values is reported, but highly depleted PRCs (CPRC,t/CPRC,0 < 0.2) and 

highly retained PRCs (CPRC,t/CPRC,0 > 0.8) are often left out as small changes in their 

retained fractions can lead to considerably under or overestimated RS with high 

uncertainties. RS in the present work were obtained as an average of PRCs in the 

intermediate range of retention. 

 

 
Figure 10. PRC retained fractions as a function of log(K’PUF–A). 
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Ultimately, concentrations of pollutants in the atmospheric gas phase (CA, pg m-3) 

can be calculated for each compound as follows (Pozo et al., 2004; Shoeib and Harner, 

2002): 

𝐶𝐴 =
𝑛𝑃𝑈𝐹

𝐾𝑃𝑈𝐹−𝐴
′  𝑉𝑃𝑈𝐹 [1 − 𝑒𝑥𝑝 (−

𝑘𝐴 𝑡
𝐾𝑃𝑈𝐹−𝐴
′ 𝐷𝑓𝑖𝑙𝑚

)]
 

Eq. 14 

where nPUF (pg) is the amount of the considered compound found in the PUF disk after 

analysis and VPUF is expressed in m3. 

b. Calibration of passive water samplers 

The retained PRC fractions in water samplers are related to RS (L d-1) through the 

following equation (Huckins et al., 2006, 2002; Smedes and Booij, 2012): 

𝑅𝑆 =
−𝑙𝑛(𝐶𝑃𝑅𝐶,𝑡 𝐶𝑃𝑅𝐶,0⁄ ) 𝐾𝑃𝑊𝑆−𝑊 𝑚𝑃𝑊𝑆

𝑡
 Eq. 15 

where the passive water sampler–water partition coefficient (KPWS–W, in L kg-1, 

representing either KLDPE–W or KSR–W and often referred to as polymer–water partition 

coefficient, KPW) takes the place of KPSM–P, mPWS is the combined mass of the sampler 

sheets (kg), and t is expressed in days. However, much like in passive air sampling 

calibration, these RS are specific to each individual PRC. The contributions to the 

sampling rate of the studied compound and of the hydrodynamic conditions (e.g., water 

turbulence and sampler geometry) can be separated through the following relationship 

(Rusina et al., 2010): 

𝑅𝑆 =
𝐵

𝑀0.47
 Eq. 16 

 
where M is the molar mass of the compound (g mol-1) and B is a proportionality constant 

that accounts for said hydrodynamic conditions and the conversion of units. Thus, Eq. 15 

can be expressed as: 

𝐶𝑃𝑅𝐶,𝑡
𝐶𝑃𝑅𝐶,0

= 𝑒𝑥𝑝 (−
𝐵 𝑡

𝐾𝑃𝑊𝑆−𝑊 𝑀0.47 𝑚𝑃𝑊𝑆
) Eq. 17 

A different approach to finding the solution to Eq. 17 is typically used in passive 

water sampling studies compared to passive air sampling ones. By considering 
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CPRC,t/CPRC,0 as a continuous function of KPWS–W, an unweighted nonlinear least squares 

(NLS) fit of Eq. 17 with B as an adjustable parameter can be used to estimate compound- 

and site-specific water boundary layer-controlled uptake sampling rates (Booij and 

Smedes, 2010). As B has an abstruse practical meaning, RS for a reference molecule of 

300 g mol-1 are usually reported for each sample using Eq. 16, allowing for direct 

comparison between sites or periods. Figure 11 shows an example of NLS fit of PRC 

fractions as a function of log(KPWS–W/M-0.47). Uncertainty estimations for the B coefficient 

(and thus RS) are performed from the difference between experimental and modelled 

values of CPRC,t/CPRC,0 and ultimately expressed as standard errors following uncertainty 

estimations described elsewhere (Billo, 2001) as outlined by Smedes and Booij.14 This 

approach to PWS calibration is more developed and tested more in depth in the literature 

than in the case of PAS. It takes all PRC depletion data into consideration, as opposed to 

only deriving RS from selected PRCs. Still, PRCs sitting at the middle of the depletion 

curve have a higher weight over the NLS fit. 

  
Figure 11. PRC retained fractions as a function of log(KPWS–W/M-0.47) (left), where the curved black line is 
an NLS fit for a water boundary layer-controlled uptake sampling rate, and difference between experimental 
and calculated retained fractions (right). 

Ultimately, concentrations of pollutants in the dissolved phase of water (CW, pg 

L-1) can be calculated for each compound as follows (Booij and Smedes, 2010): 

𝐶𝑊 =
𝑛𝑃𝑊𝑆

𝐾𝑃𝑊𝑆−𝑊𝑚𝑃𝑊𝑆 [1 − 𝑒𝑥𝑝 (−
𝐵 𝑡

𝐾𝑃𝑊𝑆−𝑊𝑀0.47𝑚𝑃𝑊𝑆
)]

 
Eq. 18 

 
14 www.passivesampling.net/rs/rs_v3a.xls (Accessed July 2022) 
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where nPWS (pg) is the amount of the considered compound in the sampler. 

3.2 Methodology 

3.2.1 Area of study 

Six alpine lakes spanning a range of altitudes in the Central Pyrenees were 

selected in this work for studying the occurrence, concentration, and distribution of 

anthropogenic pollution between 2017 and 2020. These were Estany de Llebreta 

(42.549°N, 0.888°E, 1619 meters above sea level), Estany Llong (42.573°N, 0.950°E, 

2000 m), Estany de Sarradé (42.564°N, 0.896°E, 2123 m), Estanh Redon (42.640°N, 

0.778°E, 2240 m), Estany de Dellui (42.548°N, 0.948°E, 2349 m), and Estany de la 

Collada (42.544°N, 0.942°E, 2453 m). Figure 12 shows their specific locations. All these 

lakes are part of the European Union’s Natura 2000 network of protected natural areas, 

and five of them (excluding Estanh Redon) are inside of the National Park of Aigüestortes 

i Estany de Sant Maurici, a reserve for the conservation of natural spaces with restricted 

access. Thus, they are amongst the most remote and isolated bodies of water in the 

continent, experiencing reduced anthropogenic influence from distant major roads and 
 

 
Figure 12. Pyrenean lakes studied in the present work. Base map: Produced Work by the OpenStreetMap 
Foundation using OpenStreetMap data under the Open Database License, © OpenStreetMap contributors. 
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population centres. This makes them particularly suitable for the study of global diffuse 

and background levels of pollution, the influence of long-range atmospheric transport of 

pollutants, and the accumulation of contaminants in theoretically pristine aquatic 

ecosystems. 

This area of the Pyrenees is well known for its high concentration of small alpine 

lakes as a result of successive excavation phenomena in the cirques and valleys by 

glaciers in the Quaternary Period (2.58 million years ago). The lakes are of oligotrophic 

nature (Catalan et al., 2006), with the highest ones being cirque lakes with small rocky 

catchments and the lowest ones collecting the drainage of the whole valley. They are 

subject to especially pronounced seasonal changes. They freeze and remain covered in 

ice for up to seven months each year, typically starting in November (Catalan et al., 1992). 

In spring, which is meteorologically short and spans mainly the month of June, an algal 

bloom occurs as light penetrates the water again and water mixes with the increase of 

temperature. By summer, the water becomes stratified in two layers of different 

temperature, which lasts until the end of autumn. 

In general, these are small lakes, with only Redon standing out at a larger size, as 

are their catchment areas compared to those of other continental bodies of water. The size 

of the lakes and their surrounding catchment areas was determined using the Arc Hydro 

data model and toolset in ArcGIS (Esri, Redlands, CA, USA) and the global digital 

elevation model (GDEM) data from the Advanced Spaceborne Thermal Emission and 

Reflection Radiometer (ASTER; METI, Japan and NASA, USA). For these catchment 

areas, terrain coverage and habitat data were obtained from the Catalan Government’s 

Department of Territory and Sustainability. This information provides an overview of the 

type of vegetation (or lack thereof) covering the studied area, which is often relevant in 

the assessment of the source of certain organic pollutants that can have a natural origin 

(e.g., some PAHs). The catchments are shown in Figure 13, while additional output from 

the Arc Hydro model can be seen in Appendix I: Lake catchments (Figure 44 to Figure 

46). 

The resulting areas were the following: Llebreta (lake area 74,061 m2, catchment 

area 50.91 km2), Llong (72,655 m2, 10.95 km2), Sarradé (41,929 m2, 4.28 km2), Redon 

(246,452 m2, 1.44 km2), Dellui (51,189 m2, 1.51 km2), and Collada (24,102 m2, 0.17 km2). 
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The relative habitat area within each catchment in Figure 13 (see Figure 47 in Appendix 

I: Lake catchments for an expanded view) shows the presence of forest habitats in the 

three lowest altitude lakes but not in the highest ones, as is characteristic in alpine 

altitudinal gradients where the tree line becomes apparent. These forests are typically 

populated by mountain pine, silver fir, common beech, and Baltic pine. The lowest lakes, 

Llong and especially Llebreta, are also partially surrounded by fens and wetlands of 

common sedge. Lakes above the tree line are characterized by sparser vegetation, mainly 

comprised of grasslands of different fescue species, matgrass, alpine sedge, and common 

bent, with bushes of alpenrose, junipers, and alpine azalea, and large areas of exposed 

rock, screes, and glaciers. All these characteristics are noticeable in pictures taken at each 

lake (Figure 14 to Figure 16). 

 

 

  

Figure 13. Lake catchment areas and terrain coverage and habitat data (left) and relative habitat area within 
each catchment area (right). Note that Llebreta’s catchment area includes all other surrounding delineated 

catchments. Figure created using data from Servei de Planificació de l'Entorn Natural, Direcció General de 
Polítiques Ambientals i Medi Natural (Cartografia dels hàbitats d'interès comunitari a Catalunya, versió 2 
(2018), last updated 30/11/2018) (Generalitat de Catalunya, Departament de Territori i Sostenibilitat). 
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Figure 14. Estany Llong (top) and Estany de Llebreta (bottom). 
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Figure 15. Estanh Redon (top) and Estany de Sarradé (bottom). 
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Figure 16. Estany de la Collada (top) and Estany de Dellui (bottom). 
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3.2.2 Meteorology 

The present work proposes the study of pollutants in an alpine area along an 

altitudinal gradient using passive sampling techniques, as well as the determination of 

their behaviour based on environmental and physical-chemical parameters. All of these 

rely first and foremost on the accurate determination of the ambient temperature at each 

specific sampling site, as passive sampling calculations and the environmental fate of 

chemicals depend directly on temperature and the effect it has on pollutant distribution 

between environmental compartments. Moreover, other meteorological variables like 

wind speeds and precipitation can provide additional insight on sampler performance and 

differences in pollutant levels between periods. Adequately monitoring these variables is 

especially critical in alpine areas that typically experience much harsher conditions such 

as lower and more variable temperatures, higher wind speeds, or increased precipitation, 

often in the form of snow. Here, a series of methods and data sources were used to keep 

track of the meteorology affecting not only the general area of study but also each specific 

sampling site individually. 

Meteorological data from the area of study were sourced from the Network of 

Automatic Meteorological Stations (XEMA) from the Catalan Meteorological Service 

(Meteocat). Values of air temperature, relative humidity, pressure, precipitation, wind 

speed and direction, and solar irradiance were obtained between September 2017 and 

October 2020 for three meteorological stations in Estanh Redon (42.63835 °N, 0.77889 

°E, 2247 m), la Vall de Boí (42.46602 °N, 0.88405 °E, 2535 m), and Barcelona (41.37919 

°N, 2.10540 °E, 79 m) with measurements performed every 30 min. A representation of 

an example of the data can be seen in Figure 17 as a moving average of air temperature 

and relative humidity and in Figure 18 as a wind rose of wind speeds and directions. The 

complete representations of all collected variables are reported in Appendix II: 

Meteorology (Figure 48 to Figure 57). 

As seen in Figure 17 and Figure 18, meteorological conditions in high mountains 

tend to be much harsher and more pronounced than in other areas. Temperatures are lower 

on average and reach much lower minimum values (down to -16.6 °C in Estanh Redon 

compared to only 0.5 °C in Barcelona), with higher average relative humidity (76% 

compared to 68%) and much higher wind speeds (maximum speed up to 130 km h-1 
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compared to 82 km h-1). Precipitation frequency and amounts in alpine environments also 

tend to be higher, with up to 4991 accumulated mm compared to 2202 mm accumulated 

in Barcelona. Moreover, this precipitation occurs in the form of snow during a 

considerable part of the year, reaching heights of accumulated snow of 3.5 m. 

 
Figure 17. Moving average (48 h) of the air temperatures recorded every 30 min in Estanh Redon (top) and 
Barcelona (bottom) over the full duration of the study. Figure created using data from Xarxa d’Estacions 

Meteorològiques Automàtiques (XEMA) del Servei Meteorològic de Catalunya (METEOCAT) (Dades 
meteorològiques de la XEMA, last updated 06/09/2022) (Generalitat de Catalunya, Departament de 
Territori i Sostenibilitat). 
 

  
Figure 18. Wind rose of the average distribution of wind speeds and directions at Estanh Redon (left) and 
Barcelona (right) between 2010 and 2019. Wind roses from Xarxa d’Estacions Meteorològiques 

Automàtiques (XEMA) del Servei Meteorològic de Catalunya (METEOCAT) (Dades meteorològiques de 
la XEMA, last updated 06/09/2022) (Generalitat de Catalunya, Departament de Territori i Sostenibilitat). 
Base maps: Produced Work by the OpenStreetMap Foundation using OpenStreetMap data under the Open 
Database License, © OpenStreetMap contributors. 
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Differences in location and altitude between sampling sites lead to significant 

variations in temperature, but no other automatic meteorological stations were available 

next to the sites chosen in this work. Thus, temperature-recording devices known as data 

loggers (Tinytag Plus 2 data logger, Geminy Data Loggers, Chichester, United Kingdom) 

were deployed with every pair of passive air samplers as shown in Figure 19. Air 

temperature and relative humidity measurements were performed with a 30 min 

resolution using data loggers attached to each deployed structure, sheltered from 

precipitation and direct sunlight inside semi-open opaque plastic boxes. All data loggers 

were simultaneously calibrated against each other before and after every use at different 

temperatures in the expected range of the studied sites. An example of the data obtained 

from data loggers is shown in Figure 20, and additional temperature and humidity 

measurements can be found in Appendix II: Meteorology (Figure 58 to Figure 62). 

 
Figure 19. Data logger (Tinytag Plus 2, yellow box) deployed at each studied site for registering the ambient 
temperature and relative humidity for the duration of the sampling periods. 

 
Figure 20. Moving averages (48 h) of air temperature (top) and relative humidity (bottom) measured every 
30 min during air sampling period PAS I. Figure created using data collected with data loggers. 
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 The overall mean air temperatures throughout all sampling periods were between 

2.6 and 9.8 °C and negatively correlated with altitude (p < 0.01) (Figure 21), as is 

expected with increasing altitudes. As an average, this regression indicates a reduction of 

0.87 °C per 100 m, in the range of the globally accepted 0.60 to 0.98 °C per 100 m 

depending on the meteorological conditions. The average temperatures recorded in this 

study also depended on the geographical location of the lakes and the characteristics of 

their catchments, such as the shade that surrounding mountains cast on the sampling sites. 

Some of these differences can be seen in the average temperature profiles throughout the 

day shown in Figure 21 (and for additional periods in Figure 63 in Appendix II: 

Meteorology), with some lakes peaking at higher temperatures than others and at different 

times of the day. 

 
Figure 21. Average temperature at the studied sites as a function of their altitude (left) and daily average 
temperature profiles (right, shown for sampling period PAS I). Figure created using data collected with data 
loggers co-deployed at each site with the passive samplers and data from Xarxa d’Estacions 

Meteorològiques Automàtiques (XEMA) del Servei Meteorològic de Catalunya (METEOCAT) (Dades 
meteorològiques de la XEMA, last updated 06/09/2022) (Generalitat de Catalunya, Departament de 
Territori i Sostenibilitat). 

Finally, backward air trajectories were modelled to assess the origin of air masses 

arriving at the area of study and therefore provide insight into the influence of 

atmospheric transport from regional, continental, and remote sources of pollutants on 

their concentrations in the Pyrenees. The backward air trajectories were calculated using 

the HYSPLIT atmospheric transport and dispersion model from the National Oceanic and 

Atmospheric Administration (NOAA, Washington, D.C., USA) (Stein et al., 2015). The 

model relies on advection simulations based on archive global meteorology data (wind 
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speeds and direction components, temperature, humidity, pressure, and several other 

variables) which are available at different spatial and temporal resolutions. Here, 

meteorological data were obtained from NOAA’s Air Resources Laboratory 

meteorological archives. The specific data subset was from the NCAR/NCEP (National 

Centers for Environmental Prediction/National Center for Atmospheric Research) global 

reanalysis, presented as a 2.5-degree global grid on pressure surface coordinates at six-

hour intervals since 1948. The simulations were performed for 72-hour backward 

trajectories arriving at the coordinates 42.58°N, 0.89°E, and 500 m above ground level 

(location approximately at the centre of all studied sites and at an altitude representative 

of the approximate average height of the atmospheric mixing layer). The model only 

allows for the integrated analysis of 12 months of data, so the trajectories were computed 

in three one-year periods from the beginning of September 2017 to the end of August 

2020. A cluster analysis was performed on the trajectories in order to group them into 

several average trajectory origins that explained a significant amount of variance between 

air masses while resulting geographically distinct groups. 

Figure 22 shows an example of the output of the cluster analysis for one of the 

considered periods, and Figure 23 shows the individual air trajectories assembled under 

some of the resulting clusters. The complete set of figures resulting from the air trajectory 

analysis can be found in Appendix II: Meteorology (Figure 64 to Figure 69). Generally, 

the backward air trajectories ending at the central Pyrenees could be decomposed in five 

to six distinct clusters with average directions and distances indicative of regional, 

Mediterranean/continental, polar, North-Atlantic, and Central-Atlantic origin. The first 

and second years showed a high influence of regional sources with origins closer to the 

studied sites (39–43%), while the analysis of the third year divided these regional 

trajectories into adjacent clusters with more pronounced Atlantic, Mediterranean, and 

continental components (Figure 66). North-Atlantic clusters typically grouped 8–20% of 

the trajectories, while Atlantic clusters originating more to the south were 6–17% of the 

total (or up to 39% in the third year if two clusters in the Atlantic only differentiated by 

distance are aggregated). Clusters with a more prominent polar origin were 13–15%, 

although some of these trajectories could also be grouped with other adjacent clusters 

with higher continental or North-Atlantic features, which could increase the percentage 

of true polar air masses. In general, regional air trajectories dominated the distributions, 



CHAPTER 3 

70 
 

followed by those arriving from the Atlantic, and with a non-negligible but lower 

representation of polar and Continental advection of air masses. In the Pyrenees, 

differences in nature and composition of air masses and precipitation events from 

different origins (Atlantic or regional) have been observed (Camarero and Catalan, 1996): 

regional winds typically show more convective and terrene characteristics while Atlantic  

 
Figure 22. Cluster trajectory analysis (72 h backwards, one trajectory every 6 h from 09/2018 to 08/2019, 
total of 1444 trajectories) for air trajectories ending at the studied area. The labels indicate cluster number 
(1 to 5) and percentage of total trajectories grouped. Figure created using NOAA’s HYSPLIT transport and 

dispersion model (National Oceanic and Atmospheric Administration, USA). 
 

  
Figure 23. Examples of air trajectories grouped in the cluster analysis of 09/2018 to 08/2019. Cluster 1 
(left) presents a regional component and cluster 4 (right) presents a North-Atlantic component. Calculations 
performed and figures created using NOAA’s HYSPLIT transport and dispersion model (National Oceanic 
and Atmospheric Administration, USA). 
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winds have higher advective character. These differences can influence the type of 

pollutants that arrive at certain sites at different moments and can strongly influence 

discrete measurements as opposed to time-integrated ones. 

3.2.3 Passive air sampler configuration and deployment 

The passive air samplers (PAS) used in the present work were made of PUF 

(Figure 24). This type of passive sampler has been widely used in atmospheric studies 

and global monitoring networks (Pozo et al., 2009, 2006; Saini et al., 2020). The foam 

was used in the form of porous disks that measured 14 cm in diameter and 1.35 cm in 

thickness, with a surface area of 369.5 cm2 and a density of 0.021 g cm-3. Each disk had 

a perforation in its centre measuring 0.75 cm in diameter that stretched to fit a 1.2 cm 

circular stainless-steel insert for mounting into the sampler housing structure. 

 
Figure 24. Polyurethane foam (PUF) passive air sampler disks. 

Multiple rinses and extractions with water and different organic solvents were 

performed to strip any contaminants and production by-products from the samplers prior 

to their exposure. After the extraction, the pre-cleaned stainless-steel inserts were 

embedded into the disks and each sampler was individually sealed airtight and frozen 

until deployed. 

PUF-PAS housing structures for outdoor use have the objective to shield the 

samplers from precipitation, direct sunlight, and other environmental interferences, as 

well as dampening strong winds for a better control of the diffusive exchange of 
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compounds with the sampler material. The most common housing design is often referred 

to as the “flying saucer” as it is composed of two opposing stainless-steel domes that 

enclose the PUF disk in their centre, leaving a circular aperture along the rim that allows 

the controlled exchange of air between the inside and the outside of the housing. There 

are several double dome designs with varying shapes (see Melymuk et al., 2021 for visual 

reference) and they can cause differences in the sampled amounts of contaminants, but 

they all act on the same principles. The housing design used in the present work is shown 

in a diagram of the inner supporting structure of the housing in Figure 25 and consists of 

stainless-steel tubes, washers, and fasteners. 

The sampler housings were deployed in duplicate at 1.8 m above ground level, 

attached through a mounting bracket to a 2 m steel rod supported by three metal wire 

guylines anchored to the ground (Figure 26). Upon deployment, PRCs for the 

determination of compound- and site-specific sampling rates were added to the PUF disks 

by injecting 25 μL of a mixture of selected PCB congeners dissolved in nonane directly 

onto the foam. The chosen congeners were 13C-PCB3, 13C-PCB9, 13C-PCB15, 
13C-PCB32, PCB107, and PCB198 (Cambridge Isotope Laboratories, Tewksbury, MA, 

USA) at concentrations between 3 and 9 ng μL-1. These PCBs were selected based on 

their K’PUF–A values, ranging from 2.1×105 to 1.1×108 (unitless), which are expected to 

cover a range of affinities for the sampler material that allows for varying levels of PRC 

depletion after the period of exposure, encompassing from imperceptible to complete 

release into the air. 

 

Figure 25. Diagram of a vertical cross-section of the passive air sampler housing structure. 
 

Mounting bracket 

Fastener

Top housing dome

Stainless steel cylinder

Washer

PUF disk

Bottom housing dome

Steel core



Legacy and currently emitted organic pollutants in air and water from urban and high-altitude ecosystems 

73 
 

 

 

Figure 26. Passive air samplers deployed at Estany de la Collada. 
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3.2.4  Passive water sampler configuration and deployment 

Two types of passive water samplers (PWS) were used in the present work, made 

of LDPE and SR (Figure 27). These sampler materials have been used in global aquatic 

monitoring networks in the past (Lohmann et al., 2017). The polymer sheets were used 

in the form of strips that measured 90 × 55 mm and with thicknesses of 0.08 mm for 

LDPE and 0.25 mm for SR, weighing approximately 0.38 and 1.5 g each, respectively. 

Each strip had two 5.5 mm diameter perforations for mounting onto the sampler structure. 

Thus, the total exposed area of each sampler sheet was just below 100 cm2. 

  
Figure 27. Low-density polyethylene (LDPE, left) and silicone rubber (SR, right) passive water sampler 
sheets. 

The samplers were kindly provided by and pre-treated at the Research Centre for 

Toxic Compounds in the Environment (RECETOX) from the Masaryk University in 

Brno, Czech Republic. An extraction using a combination of organic solvents was 

performed to strip any contaminants from the samplers prior to their exposure, as well as 

to remove oligomers (short-chain polymers) that may be part of the commercially 

available material and that can interfere with the analysis. This procedure has been 

detailed elsewhere (Sobotka et al., 2022). After the extraction, the sampler sheets were 

spiked with PRCs for the calibration of sampling rates following procedures described 

elsewhere (Smedes and Booij, 2012). Briefly, the spiking of PRCs is performed by 

soaking and mixing the sheets in the spiking solution with methanol as solvent and the 

successive stepwise addition of water to the system, which forces the PCBs into the 
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polymer. The PRCs were PCBs 1, 2, 3, 10, 14, 21, 50, 55, 78, 104, 145, and 204, with 

KPWS–W approximately ranging between 4.0 and 7.8 L kg-1 (for both LDPE and SR 

samplers) (Smedes et al., 2009). Thus, these PRCs span a range of physical-chemical 

properties such that they are expected to range from complete release from the sampler 

into the water to almost complete retention by the polymer during exposure. After PRC 

spiking, the PWS sheets were sealed air-tight in amber glass jars and frozen until 

deployed. 

Several sampler housing structures have been used in the past for the deployment 

of polymer sheets in water. Some examples are durable stainless-steel cages and tubular 

steel shrouds (see Sobotka et al., 2022 for visual reference). On many occasions, these 

are robust structures that enclose the sampler sheets and shield them against extreme 

water currents, aquatic animals, and other disturbances such as vessel traffic in locations 

  
Figure 28. Passive water sampler sheets mounted onto a steel grill before (Estany de Dellui, left) and after 
(Estany de Llebreta, right) deployment. Note that, although oxidation of the grills was inevitable in some 
lakes, rust does not affect the extraction of the samplers nor the analysis of pollutants in any way. 
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with prominent anthropogenic activity. However, remote alpine lakes are small 

freshwater bodies without human influence and present weak currents, very low salinity, 

and are inhabited by very few animal species that are generally uninterested in the sampler 

material. Complex sampler housing structures are bulky, unwieldy, and heavy, impeding 

their transport to high-altitude areas of difficult access. Therefore, we opted for 

lightweight stainless-steel wire frames onto which the LDPE and SR sheets were 

individually attached using nylon cable ties (Figure 28). This is a much more open design 

compared to others like the tubular steel shroud, thus allowing for deployment in 

relatively still and pristine waters without slowing the renewal of water around the 

samplers. 

 Typically, twelve sampler sheets are exposed per sampling site and four more are 

kept as field blanks. The wire frames were suspended four meters below the water surface 

using an anchor, a submerged buoy, and a nautical cord (Figure 29, Figure 30). Either a 

steel anchor or a woven polypropylene bag filled with rocks picked on site were used as 

anchors. Note that the buoy needs to be submerged as the lake surface freezes over winter, 

which would trap the floating buoy and could drag the whole structure. All deployment 

and retrieval operations were carried out using an inflatable raft, which was thoroughly 

cleaned with the biocidal disinfectant Virkon S (Lanxess, Cologne, Germany) between 

 
Figure 29. Diagram of the deployed passive water sampling structure under the water surface. 
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sampling operations to avoid transferring insect eggs, pathogens, or other biotic agents 

from one lake to another, which is a major concern in pristine ecosystems under the 

protection of a National Park. 

 During sampler recovery, any biofouling on the sheets was wiped off on-site with 

a tissue before sealing them inside an amber jar and refrigerated until stored in a freezer 

(-20 °C). Biofouling in more eutrophic lakes and marine waters can develop into a 

problem as the sampler sheets may become overgrown with organisms that impede the 

exchange of pollutants between water and polymer. Still, the transport of contaminants 

through the biofilm layer also takes place via molecular diffusion (Huckins et al., 2006), 

so the uptake of pollutants by the passive samplers would still take place given enough 

time. The biofouling on sampler sheets in more oligotrophic lakes like the ones 

considered in this work is usually light and can be easily removed after sampling (see 

Figure 28 and Figure 30). 

3.2.5 Diffusive exchange of pollutants between air and water 

Diffusive exchange processes often predominantly define the distribution 

mechanics of pollutants between environmental compartments such as air and water, 

which are the main subjects of study in the present work. That is, the transference of 

compounds between the atmospheric gas phase and the dissolved phase of water often 

occurs to a preeminent degree due to physical diffusion. This was the case for several 

PCBs in Estanh Redon over two decades ago (Meijer et al., 2006) and has also been 

determined as an important driver of PAH and organochlorine compound dynamics in 

other oligotrophic lakes of glacial origin (Luarte et al., 2022; Tucca et al., 2020). The 

magnitude and effect of this exchange mechanism have also been investigated with the 

data from atmospheric and aquatic measurements produced in the present work. This 

section provides an overview of the calculations involved in the assessment of diffusive 

exchange of pollutants between air and water. 

The overall magnitude and direction of diffusive exchange processes between two 

environmental compartments can be determined through the calculation of exchange 

fluxes. This exchange occurs at the boundary between phases, in this case, the water 

surface. A boundary can be defined as the interface at which physical and chemical prop- 
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Figure 30. Passive water samplers deployed at Estany de Sarradé. 
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erties of an environmental system change in a significant way. Some boundaries between 

phases are clearly defined, such as the interface between air and water at the surface of a 

lake, or between water and sediment at the bottom of it. Other boundaries are less defined, 

as is the case between the atmospheric troposphere, stratosphere, and mesosphere, or 

between the epilimnion and hypolimnion layers in the water from a thermally stratified 

lake. 

Regarding diffusive mass transfer across interfaces, diffusivity profiles (i.e., the 

ease of diffusion between phases) define three classes of boundary: bottleneck boundaries 

(e.g., air–water), wall boundaries (e.g., water–sediment), and diffusive boundaries (e.g., 

epilimnion–hypolimnion). All three describe a different abruptness in the change of 

properties between phases that governs the nature of the transport of mass through the 

boundary, and they are influenced differently by molecular diffusion and turbulence of 

the medium. However, under experimental circumstances, the air–water boundary is 

often not well defined by any single behaviour and is instead recognized as a complex 

combination of processes. Several specific air–water exchange models have been 

proposed in the past. The film model (Whitman, 1923) is the first bottleneck boundary 

model that considers two turbulent phases such as air and water divided by an interface 

zone with a steeply decreased diffusivity in which molecular processes control transport 

between phases. The surface renewal model (Danckwerts, 1951; Higbie, 1935) works 

under highly turbulent conditions that generate waves and airborne water droplets that act 

as a diffusive boundary. Finally, the boundary layer model (Deacon, 1977) is a bottleneck 

model that considers a continuous drop in diffusivity between phases instead of a steep 

one. 

Regardless of the characteristics of the exchange, quantitative descriptions of 

mass fluxes all share the same general form. In the present work, fluxes were calculated 

based on the outline proposed by Schwarzenbach et al. (2016). The general flux equation 

for a specific compound “i” presents the following form: 

𝐹𝑖 𝐴𝑊 = 𝑘𝑖 𝐴𝑊 (𝐶𝑖 𝑊 −
𝐶𝑖 𝐴
𝐾𝑖 𝐴𝑊

) Eq. 19 

where Fi AW is the air–water flux (in ng m-2 d-1), ki AW is the overall air–water exchange 

velocity (in m d-1), Ki AW is the equilibrium air–water partition constant (dimensionless), 
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and Ci W and Ci A are the compound concentrations in water and in air, respectively (both 

in ng m-3). Since the previous equation takes water as the reference phase (note that Ci A 

are transformed by the equilibrium constant), positive values of Fi AW indicate a net 

volatilization flux (from water towards air), while negative values of Fi AW indicate a net 

deposition flux (from air towards water). 

Ki AW is a compound-specific coefficient that describes its state of partitioning 

between air and water at equilibrium. It is equivalent to the compound’s nondimensional 

Henry’s Law constant: 

𝐾𝑖 𝐴𝑊 =
𝐻𝑖 (𝑇)

𝑅𝑇
 Eq. 20 

where R is the ideal gas constant (in Pa m3 K-1 mol-1), T is the mean atmospheric 

temperature (in K), and Hi (T) is the temperature-corrected Henry’s Law constant of the 

compound (in Pa m3 mol-1). Thus, Ki AW, understood as the theoretical ratio between 

compound amounts in air and in water in equilibrium conditions, tends to be higher for 

compounds with higher Hi at a given temperature, which are usually smaller, lighter 

chemicals with higher volatilities and a higher tendency to remain in the atmospheric gas 

phase. As with all equilibrium constants, Hi changes with temperature, so it should be 

regarded more as a coefficient than as a true constant. Thus, when applying Hi to 

experimental cases, the effect of temperature on its value needs to be considered. Among 

the different ways to do so, a general method proposed by ten Hulscher et al. (1992) was 

used in the present work: 

log𝐻𝑖 (𝑇) = log𝐻𝑖 298 + 8.76 −
2611

𝑇
 Eq. 21 

This approach is not specific to each compound, unlike other methods. 

Comprehensive studies reporting compound-specific correction relationships are 

available for certain groups of compounds, but their application in studies that consider a 

range of pollutant families that exhibit diverse physical-chemical properties typically 

results in inconsistencies and systematic differences between groups. The chosen general 

equation instead compromises the accuracy of experimentally determined, compound-

specific temperature correction relationships by extrapolating a constant slope to all 

studied compounds, but can be applied to any chemicals with a known Hi at 298 K. This 
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or other general relationships have been used in past studies for correcting Hi of multiple 

groups of compounds (Baker and Eisenreich, 1990; Hornbuckle et al., 1994). In the same 

pursuit of consistency, all reference Hi 298 values were obtained from the EPA CompTox 

Chemistry Dashboard (Williams et al., 2017). A list of all Hi 298 used can be found in 

Table 1. 

 The total exchange velocity in Eq. 19, ki AW, results from an interface exchange 

between two components: air and water. Using water as the reference phase, ki AW can be 

calculated as: 

1

𝑘𝑖 𝐴𝑊
=

1

𝑘𝑖 𝑊
+

1

𝑘𝑖 𝐴𝐾𝑖 𝐴𝑊
 Eq. 22 

where ki W and ki A are the water-side and air-side mass transfer coefficients or single-

phase exchange velocities, respectively (both in cm s-1, later converted into m s-1 for the 

calculation of Fi AW). These velocities represent the contribution to the overall transfer 

velocity of the two extreme cases where the exchange is controlled solely by the water 

phase and solely by the air phase, respectively. 

There are different models that describe these coefficients as a function of 

environmental variables such as temperature and wind speed. Here, the boundary layer 

model first proposed by Deacon (1977) has been used. This model is rather complex as it 

separates the effects of two processes involved in the exchange of compounds at the 

interface layer between phases: the transport of chemicals (described by molecular 

diffusivity in a phase, Di, in cm2 s-1) and the transport of turbulence (described by the 

coefficient of kinematic viscosity of the phase, ν, in cm2 s-1). Exchange velocities are 

proportional to the ratio between both variables, which is defined as the Schmidt Number 

(Sci, unitless): 

𝑆𝑐𝑖 𝐴 𝑜𝑟 𝑊 =
𝜈𝐴 𝑜𝑟 𝑊 (𝑇)

𝐷𝑖 𝐴 𝑜𝑟 𝑊
 Eq. 23 

Exchange velocities thus increase for compounds with large diffusivities and for 

transfer media with small phase viscosities. In water, Deacon’s model for transfer 

velocities is represented as follows: 
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𝑘𝑖 𝑊 = 𝑘𝐶𝑂2 𝑊 (
𝑆𝑐𝑖 𝑊
𝑆𝑐𝐶𝑂2 𝑊

)

−𝑎𝑆𝑐

 𝑤𝑖𝑡ℎ 𝑎𝑆𝑐 { 
2 3⁄  𝑓𝑜𝑟 𝑢10 ≤ 5 𝑚 𝑠−1

1 2⁄  𝑓𝑜𝑟 𝑢10 > 5 𝑚 𝑠−1
 Eq. 24 

where u10 is the mean wind speed (in m s-1) measured 10 m above the exchange interface 

between air and water, and where ki W is calculated relative to a known mass transfer 

coefficient through the stagnant water layer: that of CO2 at 20 °C (kCO2 W, in cm s-1). Note 

that, for a boundary layer model like the present one, the exponent aSc in Eq. 24 changes 

at wind speeds higher than 5 m s-1 (Jähne et al., 1987; Liss and Merlivat, 1986) in response 

to the perturbation of the water surface. Thus, at higher wind speeds that introduce 

turbulent regimes into the exchange layer, ki W values become greater reflecting the 

increase in transfer velocity. Sci W and ScCO2 W used in Eq. 24 are calculated at the 

appropriate temperatures using Eq. 23, where Di W can be estimated using Othmer and 

Thakar's (1953) expression with coefficients modified by Hayduk and Laudie (1974): 

𝐷𝑖 𝑊 =
13.26 × 10−5

𝜈𝑊 (𝑇)
1.14 𝑉𝑖

0.589 Eq. 25 

where Vi is the molar volume of the studied compound (in cm3 mol-1), being VCO2 = 26.9 

cm3 mol-1. Vi values in this work were estimated using SPARC’s physicochemical 

calculator (ARChem, Danielsville, GA, USA) (Table 1). Eq. 25 predicts higher molecular 

diffusivities in water for smaller compounds (Figure 31). 

 
Figure 31. Molecular diffusivities in water (Di W) predicted for several studied PAHs, OCs, and OPEs at νW 
1.5×10-2 cm2 s-1, represented against their molar volume (Vi) and molar mass (Mi). 

The kinematic viscosity of water used in both Eq. 23 and Eq. 25, νW, was 

determined at specific temperatures using: 

3.E-06

4.E-06

5.E-06

6.E-06

120 170 220 270 320

D
i W

(c
m

2
s-1

)

Vi (cm3 mol-1)

3.E-06

4.E-06

5.E-06

6.E-06

100 200 300 400

D
i W

(c
m

2
s-1

)

Mi (g mol-1)



Legacy and currently emitted organic pollutants in air and water from urban and high-altitude ecosystems 

83 
 

𝜈𝑊 (𝑇) = 6.85 × 10−4 𝑇2 − 0.427 𝑇 +  67.331 Eq. 26 

which was fitted to νW values given by Schwarzenbach et al. (2005) at temperatures 

between 273.15 and 298.15 K (R2 > 0.999) as shown in Figure 32. 

 
Figure 32. Variation of the kinematic viscosity of water (νW) with temperature (T). Figure created using νW 
and T values from Schwarzenbach et al. (2005). 

In water, Sci accounts for the temperature dependence of the exchange velocity 

since νW decreases at higher T while Di W increases with T. In air, the temperature 

dependence of Sci is small because both νA and Di A increase with T, and thus Sci values 

in air show limited variation. Therefore, air-side transfer velocities are instead estimated 

directly from air diffusivities: 

𝑘𝑖 𝐴 = 𝑘𝐻2𝑂 𝐴 (
𝐷𝑖 𝐴
𝐷𝐻2𝑂 𝐴

)

𝑎𝐷

 Eq. 27 

where ki A is calculated relative to a known mass transfer coefficient through the stagnant 

air layer: that of H2O vapor at air temperatures between 0 and 25 °C (kH2O A, in cm s-1). 

The optimal value of the exponent aD has been empirically determined to be 2/3 (Mackay 

and Yeun, 1983). Di A, including DH2O A, can be estimated as follows (Fuller et al., 1966): 

𝐷𝑖 𝐴 = 10−3
𝑇1.75 (1 𝑀𝐴

⁄ + 1
𝑀𝑖
⁄ )

1/2

𝑝 (𝑉𝐴
1/3 + 𝑉𝑖

1/3)
2  Eq. 28 

where T is expressed in K, MA is the average molar mass of air (28.97 g mol-1), Mi is the 

molar mass of the studied compound (in g mol-1), p is the average atmospheric pressure 
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(in atm), VA is the average molar volume of the gasses in air (20.1 cm3 mol-1), and Vi is 

the molar volume of the studied compound (in cm3 mol-1). Mi and Vi values used in this 

work are listed in Table 1. Eq. 28 is not dimensionally correct, so the result is only valid 

if the variables are expressed in the aforementioned units. Note that, much like Eq. 23, 

Eq. 28 predicts larger diffusivities for smaller compounds (Figure 33). 

 
Figure 33. Molecular diffusivities in air (Di A) predicted for several studied PAHs, OCs, and OPEs at 298.15 
K and 800 atm, represented against their molar volume (Vi) and molar mass (Mi). 

The only values remaining to be determined are the reference mass transfer 

coefficients of CO2 in water and H2O vapor in air, kCO2 W and kH2O A, respectively. Mass 

transfer coefficients are positively correlated with wind speed. For kH2O A, this correlation 

is approximately linear, at least at average wind speeds below 10 m s-1 (Mackay and Yeun, 

1983; Münnich et al., 1978). Here, kH2O A was obtained from the following approximation 

(Schwarzenbach et al., 2016) with coefficients by Fairall et al. (2011, 2003, 1996) and 

Johnson (2010): 

𝑘𝐻2𝑂 𝐴 = 0.11 𝑢10 + 0.1 Eq. 29 

In the case that wind speeds have been measured at a distance other than 10 m 

above the water surface, a common expression for their correction under non-turbulent 

regimes was proposed by Mackay and Yeun (1983): 

𝑢10 = (
10.4

ln 𝑧 + 8.1
) 𝑢𝑧 Eq. 30 

where z is the height of the measurement (in m). 
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On the other hand, many studies have proposed relationships for the calculation 

of kCO2 W (often called k600 since Sc of CO2 in water at 20 °C is equal to 600). Here, we 

used a parametrization of a compilation of experimental studies specific to air–water 

exchange fluxes in lakes (as opposed to other models typically applied to open seas and 

oceans) proposed by Klaus and Vachon (2020): 

𝑘𝐶𝑂2 𝑊 = (0.328 𝑙𝑜𝑔10(𝐿𝐴) + 1.581) 𝑢10 − 0.066 𝑙𝑜𝑔𝑖𝑡(𝑆𝐼𝑁) + 1.266 Eq. 31 

where LA is the lake area (in m2), and SIN is a space integration parameter that is equal 

to 1 if the whole lake is considered instead of just a part of it. This is the best fit linear 

model between all parametrizations proposed by the authors. Note that logit(SIN) = 

log10(SIN/(1-SIN)), so SIN = 0.999 was used instead of 1 in order to avoid the undefinition 

of the expression (SIN/0) as recommended (Klaus and Vachon, 2020). Regardless of the 

abstract nature of this parameter, kCO2 W values only change by less than 2.5 % between 

SIN values of 0.001 and 0.999 for the lake areas and wind speeds considered in this study. 

On the other hand, LA can have a more significant effect on kCO2 W, especially for smaller 

lakes (Figure 34). As explained by this model, the effect of u10 on kCO2 W increases with 

LA as a result of increased turbulence due to wave build-up. 

 

 
Figure 34. Variation with lake area (LA, m2) of the mass transfer coefficient of CO2 through the stagnant 
water layer (kCO2 W). Figure created for a fixed space integration value SIN = 0.999 and wind speed u10 = 5 
m s-1 using the parametrization shown in Eq. 31 from Klaus and Vachon (2020). 
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3.3 Results 

In this section, the study of the occurrence of PCBs, OCs, PAHs, and OPEs in air 

and water is presented, both in a dense urban area in Barcelona and in remote high-

mountain lakes in the Pyrenees. Passive sampling techniques were used to this end, and 

their performance, suitability for the study of the considered compounds, and uncertainty 

in their measurements were assessed in comparison with active sampler techniques and 

independent measurements of co-deployed samplers. In the urban setting, the 

unprecedented interruption in pollutant emissions during COVID-19 lockdown was used 

as an abstraction of the potential short-term effect that strict regulations on contaminant 

emissions at their source could have on environmental pollution, using background levels 

in alpine sites as reference. In these alpine areas, passive air samplers were used over five 

consecutive four to twelve month-long periods (PAS I–PAS V) and water samplers were 

used over three consecutive one year-long periods (PWS I–PWS III) between 2017 and 

2020 (note that, in some of the following publications, some samples may be labelled 

differently or encompass different periods for convenience). The mean pollutant 

concentrations observed in the Pyrenean lakes were compared to those reported in 

previous studies in the same area to observe possible changes over the last couple of 

decades in relation to their physical-chemical properties and changes in their emissions. 

Pollutant distribution trends between air and other environmental compartments were 

studied based on physical-chemical factors, identifying differences between groups of 

compounds, and analysing the role of environmental factors on the fate of pollutants in 

these alpine sites. Finally, diffusive exchange fluxes between air and water were 

estimated based on concentration imbalances in these ecosystems and compared to 

atmospheric photodegradation fluxes that could compete with them as an atmospheric 

pollutant removal process for some of the more labile SVOCs. 
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The results have been described in five articles, which are presented in the 
following subsections: 

 

▪ ARTICLE 1 Field Comparison of Passive Polyurethane Foam and Active Air 
Sampling Techniques for Analysis of Gas-Phase Semi-Volatile 
Organic Compounds at a Remote High-Mountain Site 
Raimon M. Prats, Barend L. van Drooge, Pilar Fernández, Joan O. 
Grimalt 
Science of the Total Environment 803 (2022) 149738 
DOI 10.1016/j.scitotenv.2021.149738 
 

▪ ARTICLE 2 Changes in Urban Gas-Phase Persistent Organic Pollutants During 
the COVID-19 Lockdown in Barcelona 
Raimon M. Prats, Barend L. van Drooge, Pilar Fernández, Esther 
Marco, Joan O. Grimalt 
Frontiers in Environmental Science (2021) 9:650539 
DOI 10.3389/fenvs.2021.650539 
 

▪ ARTICLE 3 Occurrence and Temperature Dependence of Atmospheric Gas-
Phase Organophosphate Esters in High-Mountain Areas (Pyrenees) 
Raimon M. Prats, Barend L. van Drooge, Pilar Fernández, Joan O. 
Grimalt 
Chemosphere 292 (2022) 133467 
DOI 10.1016/j.chemosphere.2021.133467 
 

▪ ARTICLE 4 Changes and Distribution of Gas-Phase Polycyclic Aromatic 
Hydrocarbons and Organochlorine Compounds in a High-Mountain 
Gradient Over a Three-Year Period (Pyrenees, 2017–2020) 
Raimon M. Prats, Barend L. van Drooge, Pilar Fernández, Joan O. 
Grimalt 
Science of the Total Environment 829 (2022) 154602 
DOI 10.1016/j.scitotenv.2022.154602 
 

▪ ARTICLE 5 Passive Water Sampling and Air–Water Diffusive Exchange of 
Long-Range Transported Semi-Volatile Organic Pollutants in High-
Mountain Lakes 
Raimon M. Prats, Barend L. van Drooge, Pilar Fernández, Joan O. 
Grimalt 
Submitted for publication to Science of the Total Environment 
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Field comparison of passive polyurethane foam and active air sampling
techniques for analysis of gas-phase semi-volatile organic compounds at
a remote high-mountain site

Raimon M. Prats ⁎, Barend L. van Drooge, Pilar Fernández, Joan O. Grimalt
Institute of Environmental Assessment and Water Research (IDAEA-CSIC), Jordi Girona 18, 08034 Barcelona, Catalonia, Spain

H I G H L I G H T S

• Gas-phase SVOC concentrations were
determined in a remote high-mountain
location.

• Passive sampling rate errors adequately
conformed to theoretical uncertainties.

• Passive sampling concentrations
showed high agreement with active air
sampling ones.
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Polyurethane foampassive air samplers (PUF-PAS) are good candidates for the determination of gas-phase semi-
volatile organic compound (SVOC) air concentrations in high-mountain areas over long periods because they do
not require an energy supply. However, the harsh meteorological conditions present in such locations can in-
crease the uncertainties inherently associated to PAS sampling rates due to the many variables involved in
their calculation and to the assumptionsmade regarding PUF diffusive uptakemechanics, which can considerably
bias the resulting concentrations. Therefore, we studied the performance of PUF-PASs in a remote location in the
Pyrenees mountain range for the analysis of several SVOCs in air, including polychlorobiphenyls (PCBs), hexa-
chlorobenzene, pentachlorobenzene, polycyclic aromatic hydrocarbons (PAHs), and the less studied emerging
organophosphate flame retardants (OPFRs). An in-situ PUF-PAS calibration using Performance Reference Com-
pounds (PRCs) provided compound- and sampler-specific sampling rates, showing mean experimental errors
(12%) that adequately conformed to an estimate of their expanded theoretical uncertainties (15%). This show-
cases the suitability of this calibration strategy in an area with conditions beyond those typically considered in
calibration efforts available to date. Moreover, gas-phase concentrations of the studied pollutants from PUF-
PAS samples showed very good agreement (R2 up to 0.91, p < 0.01) when compared to those obtained using a
conventional high-volume active air sampler (PUF-AAS), with someminor deviations observed for PAHs caused
by the seasonality in their atmospheric concentrations. No relevant levels of pollutants preferentially bound to
the particle phase were detected in the PUF-PASs, the particle infiltration efficiency of the sampler configuration
usedwas found to be low, and compounds typically distributed between the gas and particle phases of AAS sam-
ples revealed profiles consistent with their vapor pressures, except for some OPFRs.
© 2021 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license
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1. Introduction

1.1. Passive air sampling calibration in high-mountain locations

High mountains and colder regions at higher latitudes tend to accu-
mulate semi-volatile organic compounds (SVOCs), including persistent
organic pollutants (POPs), that reach them through long-range atmo-
spheric transport (Wania and MacKay, 1996; Grimalt et al., 2001).
This processmakes these areas reference sites for the study of the global
impact of the use of chemical compounds of anthropogenic origin. At
present, polyurethane foam (PUF) disks are commonly used for the
analysis of these pollutants in a broad array of locations (Pozo et al.,
2006; Shoeib and Harner, 2002). They are simple to use, relatively inex-
pensive, donot require anenergy source, and are convenient for deploy-
ment over long periods. These characteristics make them good
candidates for atmospheric monitoring programmes in remote and dif-
ficult to access locations, compared to the traditional active air sampling
(AAS) alternatives.Moreover, they are capable of sampling awide range
of semi-volatile organic compounds; for example, these samplers have
been used for the study of polychlorinated biphenyls (PCBs), organo-
chlorine pesticides (OCPs), polybrominated diphenyl ethers (PBDEs),
and other SVOCs in remote locations like Antarctica (Li et al., 2012;
Pozo et al., 2017), the Tibetan Plateau (Ren et al., 2014), and high-
mountain ranges in Brazil (Guida et al., 2018). They have also been
shown to collect particle-associated chemicals (Harner et al., 2013;
Markovic et al., 2015).

However, the conversion of adsorbed amounts of pollutants to gas-
phase concentrations is not trivial, since the sampled air volumes de-
pend on the storage capacity of the PUF, the physical-chemical proper-
ties of each SVOC, and the physical conditions of the atmosphere.
Although some studies have suggested the dispensability of AAS for
the assessment of long-term trends in atmospheric concentrations of
certain pollutants (Kalina et al., 2017), parallel AAS measurements are
often used to calibrate PAS-PUFs: PAS sampling rates are derived from
short AAS sampling periods, where the amount of passively adsorbed
compound is normalized to exposure time and divided by its concentra-
tion in air determined from AAS (Chaemfa et al., 2009a; Harner et al.,
2013; Klánová et al., 2008; Mari et al., 2008). Yet potential problems
arise from the assumptions of sampler-independent uptake rates and
linear compound uptake conditions that do not always apply for all
studied compounds. Moreover, AAS samples used for PAS calibration
only account for a very short interval of PAS exposure time (a few
hours compared to many weeks or months), bringing into question
the representativeness of AAS-derived sampling rates. Secondly, the ex-
tent to which particle-phase chemicals are captured by the PUF-PAS
sampler configuration can affect the true gas-phase sampling rates. An-
other practical obstacle is the difficulty, or impossibility, to link PAS
measurements to AAS concentrations in remote locations due to diffi-
cult access and the lack of an energy supply. Alternatively, PAS sampling
rates can be estimated by determining the extent of the linear uptake
phase of SVOCs along long sampling periods (Abdollahi et al., 2017;
Chaemfa et al., 2008; Evci et al., 2016). Studies using this PAS calibration
strategy reported concentrationswithin a factor of two of AASmeasure-
ments for PCBs and OCPs in an urban location in South Korea (Heo and
Lee, 2014), and good sampling performances with satisfactory levels of
confidence were found for PCBs, OCPs, and PAHs in the Czech Republic
(Bohlin et al., 2014).

However, the use of Performance Reference Compounds (PRCs,
sometimes referred to asDepuration Compounds, DCs) offers amore re-
liable PUF-PAS calibrationmethod (Harner et al., 2013). PRCs are a set of
compounds representative of a range of physical-chemical properties
similar to those of the targeted pollutants. They are spiked into the sam-
pler upon deployment and are diffusively released from the PUF into the
air at different rates. The dissipation rate of PRCs is proportional to the
uptake of the target compounds (Huckins et al., 2002), and therefore
the sampling rates can be estimated, but their calculation is complex

and affected by uncertainties. Nevertheless, this approach eliminates
the dependence of PAS on AAS measurements for the determination
of compound-specific effective sampled volumes and produces sam-
pling rates distinct for each sampler that account for the variability in
physical conditions of each studied location. This is particularly useful
in remote areas like high mountains, where calculating site-specific
rates is of critical importance due to the extreme weather conditions.
A few studies compared the performance of PRC-calibrated PAS with
conventional AAS. Atmospheric POP concentrations determined using
this approach were within a factor of two or three compared to those
obtained by AAS in tropical environments (Gouin et al., 2008; He and
Balasubramanian, 2010), and in the Great Lakes basin (Gouin et al.,
2005; Hayward et al., 2010). However, to the extent of our knowledge
there have been no independent comparison attempts in remote
high-mountain areas.

1.2. Uncertainty in passive sampling rates

The determination of sampling rates by PRC calibration often carries
considerable uncertainties, mostly associated to the multiple variables
involved in the calculation of uptake rates and to the assumptions
made regarding the diffusive uptake mechanics of the passive sampler
medium (Herkert et al., 2018). On one hand, uptake rates have been
shown to be influenced by wind speed (Klánová et al., 2008; Moeckel
et al., 2009; Tuduri et al., 2006) since the renewal of air inside the sam-
pler housing determines the thickness of the boundary layer of air that
is assumed to control uptake and loss of compounds. This can introduce
substantial uncertainty depending on the wind speed, the PAS housing
design, and its location and orientation (Chaemfa et al., 2009b; Zhang
et al., 2015). On the other hand, temperature is the driving force behind
molecular diffusivity and uptake or release from the sampler material.
PAS applications often benefit from temperate and stable conditions
rather than those usually associated with high-mountain locations
since PRC calibration takes advantage of moderate and controlled PRC
release rates, although diffusivity changes due to temperature variation
have been shown to have a relatively smaller impact on sampling rates
over a 20 °C range (e.g., from 0 to 20 °C) compared to other factors like
wind speed (Shoeib and Harner, 2002). Most PUF-PAS calibration ef-
forts until now have thus been carried out in temperate climates and
conditions (Wania and Shunthirasingham, 2020).Moreover, differences
between ambient and in-housing registered temperatures can also lead
to considerable error in the estimation of sampled volumes (Kennedy
et al., 2010).

Therefore, the estimation of sampling rates can lead to non-
negligible margins of error in the resulting atmospheric pollutant con-
centrations, especially in the case of remote locations such as high
mountains. Nevertheless, the need for PRC calibration in such places is
paramount. Some studies have previously relied on the pool of available
data by averaging uptake rates and assuming equal and constant values
in their measurements (Mari et al., 2008; Cheng et al., 2013; Jaward
et al., 2005; Zhang et al., 2008), but this can induce greater error by
not accounting for variability between samples, locations, and sampling
periods. Studies in high-mountain sites and other remote areas may be
biased from these assumptions more strongly, as the extreme wind ve-
locities, strong solar irradiance, and ample temperature ranges become
large sources of uncertainty that need to be accounted for. Other studies
have extensively evaluated the use of PRCs and the effect of meteorol-
ogy on PAS sampling rates, proposing alternativemodels for the estima-
tion of effective sampled volumes using only publicly available
meteorological data (Herkert et al., 2018), although it proved more dif-
ficult to interpret at higherwind speeds. However, PAS uncertainties are
very rarely reported along with sampling rate estimates in the available
literature,which iswhy the need for uncertainty appraisal has been spe-
cifically put forward (Wania and Shunthirasingham, 2020).

Accordingly, we deployed PAS and AAS samplers in a high-mountain
location in the Pyrenees mountain range for the determination of gas-

R.M. Prats, B.L. van Drooge, P. Fernández et al. Science of the Total Environment 803 (2022) 149738

2



Legacy and currently emitted organic pollutants in air and water from urban and high-altitude ecosystems 

93 

phase concentrations of a wide range of SVOCs including PCBs, OCPs,
polycyclic aromatic hydrocarbons (PAHs), and organophosphate flame
retardants (OPFRs). The effective sampled volumes that allow the con-
version of PUF adsorbed amounts to concentrations were calculated
by PRC calibration, thus enabling an independent comparison with
AAS measurements. The experimental errors in the sampling rates
were examined in contrast to an estimate of their theoretical uncer-
tainty in an effort to identify and quantify the main sources of error.
Moreover, the agreement between AAS and PAS concentrations was
assessed, providing new insight on the reliability of PUF-PAS samplers
for the determination of multiple gas-phase semi-volatile pollutants in
a remote high-mountain locationwith characteristics beyond those typ-
ically considered in the scope of similar studies (i.e., extreme meteoro-
logical conditions and very low pollutant levels).

2. Materials and methods

2.1. Sampling site

All samples were collected near Estanh Redon, a lake located in the
Central Catalan Pyrenees (42°38’18.1“ N, 0°46’44.1” E, 2240 m.a.s.l.).
Estanh Redon is an alpine lake situated above the local tree line, with
a hydrology related only to atmospheric precipitation. It has been
used as an environmental and biological research site for decades be-
cause of its remoteness. The area is characterized by a broad range of
temperatures (-16.6–25.1 °C during the deployment of our samples)
and periods of extremely high wind speeds (up to 36.2 m s-1, or
130 km h-1). More detailed meteorological conditions have been sum-
marized in Table 1, obtained at a 30 min resolution from an automatic
weather station (VS station) from the Catalan Meteorological Service
XEMA network located at the exact point of deployment.

2.2. Passive air sampling (PAS)

Polyurethane foam (PUF) passive samplers were deployed in dupli-
cate over four consecutive periods between September 2017 and Octo-
ber 2020 (Table 1). Their durations were 297, 154, 289, and 376 days,
respectively. The PUF disks (Techno Spec, Barcelona, Catalonia, Spain)
measured 14 cm in diameter, 1.35 cm in thickness, with 369.5 cm2 of
surface area, and a density of 0.021 g cm-3. Prior to deployment, they
were thoroughly rinsedwith distilledwater and acetone (Merck, Darm-
stadt, Germany), and Soxhlet extracted with acetone and hexane
(Merck) for 24 h each. They were further extracted with hexane for an-
other 8 h, dried under vacuum, placed inside acetone-rinsed aluminium
foil, sealed air-tight inside of PET/LLDPE bags (Kapak Corporation, St
Louis Park, MI, USA), and stored at -20 °C until deployed. They were
housed inside stainless steel domes similar to those used in other mon-
itoring programmes (e.g., Pozo et al., 2006) for the entire duration of the
sampling campaign (Fig. 1), attached 3m above ground level to a stain-
less steel tower structure that holds the equipment of the meteorologi-
cal station.

PAS sampling rates were determined by PRC calibration (see
Section 2.7 below), spiking the PUFs with a mixture of PCB congeners
3, 9, 15, 32 (all labelled), 107, and 198 (Cambridge Isotope Laboratories,

Tewksbury, MA, USA) upon deployment. After their retrieval, the PUFs
were sealed again and transported in a refrigerated container and stored
at -20 °C until extracted. Two field blankswere performed for each sam-
pling period, being transported with the samples, exposed during de-
ployment and retrieval, spiked with the PRC mixture, and stored at
-20 °C for the duration of the sampling until extracted alongside the
samples.

2.3. Active air sampling (AAS)

Three AAS samples were obtained in July and September 2017
(Table 1) using a high-volume air sampler (MCV, Collbató, Catalonia,
Spain) placed 30 m away from the PAS samplers and connected to a
gasoline-fuelled energy generator situated 50 m downwind from both
sampler devices. Gas-phase samples were collected with two PUF
plugs (6 cm diameter, 10 cm thickness, 0.0285 g cm-3 density) inside
a Teflon tube, preceded by a 20.3 × 25.4 cm GF/A glass fiber filter
(GFF) (Whatman, Maidstone, England) that collected the atmospheric
particle phase. Samples between 125 and 242 m3 were collected at 20
m3 h-1. The PUF-AAS plugs were pre-cleaned, transported, and stored
as described for the PUF-PAS disks. The GFF filters were pre-treated in
a muffle furnace at 450 °C overnight and transported and stored in the
sameway. Field blanks were also performed for each AAS sample by ex-
posing PUF plugs and filters to the atmosphere during the collection of
samples.

Back-trajectories of the air masses arriving at the sampling location
during the collection of AAS sampleswere calculated for 72 h backwards
using the NOAA Hysplit model (Stein et al., 2015) (Fig. S1a–c).

2.4. Extraction and clean-up

The PUF-PAS disks and the PUF-AAS plugs were Soxhlet extracted
for 8 h with hexane, and the GFF-AAS filters were extracted three
times by sonication for 15 min with hexane:dichloromethane 4:1 v/v
(all solvents from Merck). The following recovery standards were
spiked onto the sampler media before the extraction: 1,2,4,5-
tetrabromobenzene, PCB209 (Dr. Ehrenstorfer, Augsburg, Germany),
acenaphthene-d10, fluorene-d10, phenanthrene-d10, anthracene-d10,
fluoranthene-d10, pyrene-d10, benz[a]anthracene-d12, chrysene-d12,
benzo[b]fluoranthene-d12, benzo[ghi]perylene-d12 (National Institute
of Standards and Technology, Gaithersburg, MD, USA), tributyl
phosphate-d12, tris(2-chloroethyl) phosphate-d12, tris(1-chloro-2-
propyl) phosphate-d18, tris(1,3-dichloro-2-propyl) phosphate-d15, and
triphenyl phosphate-d15 (Cambridge Isotope Laboratories). The
extracts were concentrated to 2 mL with a vacuum rotary evaporator
(Büchi, Flawil, Switzerland) and further concentrated to 0.5 mL under
a gentle stream of nitrogen gas.

The clean-up of the extracts was performed byHPLC fractionation as
described elsewhere (Prats et al., 2021). Briefly, an Agilent 1200 Series
system (Agilent Technologies, Santa Clara, CA, USA) equipped with a
preparative fraction collector and a Tracer Excel 120 SI HPLC silica col-
umn 25 cm × 3 μm × 0.46 cm i.d. (Teknokroma, Sant Cugat del Vallès,
Catalonia, Spain) was used for the separation of compounds. Following
the injection of 10 μL of extract, two separate fractions were collected

Table 1
Passive (PAS) and active (AAS) air sampling periods and atmospheric conditions.

PAS I PAS II PAS III PAS IV AAS I AAS II AAS III

Start date 17/09/2017 11/07/2018 12/12/2018 27/09/2019 25/07/2017 26/07/2017 17/09/2017
End date 11/07/2018 12/12/2018 27/09/2019 07/10/2020 25/07/2017 26/07/2017 17/09/2017
Sampled time (d) 297 154 289 376 – – –
Sampled volume (m3) – – – – 242 125 158
Average temperature (°C)
(Min–Max)

0.7
(-16.6–18.2)

6.8
(-9.2–20.3)

4.1
(-14.1–25.1)

4.2
(-16.6–23.3)

6.0
(5.7–6.4)

5.6
(5.3–5.9)

2.6
(2.4–2.9)

Average wind speed (m s-1)
(Min–Max)

4.7
(0–36.2)

4.4
(0–33.9)

4.8
(0–36.0)

4.6
(0–35.6)

5.4
(2.9–12.1)

5.6
(3.9–12.4)

6.6
(2.0–13.2)
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after an initial elution of 8 min of 100% hexane at 0.5 mL min-1: a first
one for PCBs and OCPs (min 8–15 while performing a solvent composi-
tion gradient to 20% dichloromethane) and a second one for PAHs (min
15–20 maintaining solvent composition). The fractions were then con-
centrated under a stream of nitrogen gas. OPFRs were analysed without
requiring HPLC fractionation after drying an aliquot of the original ex-
tract through 0.5 g of anhydrous sodium sulphate (Merck) activated at
450 °C in a muffle furnace.

2.5. Instrumental analysis

The extract fractions were injected into a gas chromatograph
coupled to a mass spectrometer (GC–MS). A targeted analysis was per-
formed for the following compounds: PAHs, acenaphthene (ace),
fluorene (fle), phenanthrene (phe), fluoranthene (flu), pyrene (pyr),
benz[a]anthracene (b[a]ant), chrysene+triphenylene (chr + triph),
benzo[b], [j], and [k]fluoranthenes (b[b + j + k]flu), benzo[e]pyrene
(b[e]p), benzo[a]pyrene (b[a]p), indeno[1,2,3-cd]pyrene (ind[123 cd]
pyr), and benzo[ghi]perylene (b[ghi]pery); PCB congeners 28, 52, 101,
118, 138, 153, and 180; and OCPs hexachlorobencene (HCB) and penta-
chlorobenzene (PeCB). They were identified in SIM mode by retention
time and m/z ratios (Table S1). A Thermo Trace GC Ultra–DSQ II
(Thermo Fisher Scientific, Waltham, MA, USA) GC–MS system was
used, with a 60 m × 0.25 mm i.d. × 25 μm HP-5MS fused capillary col-
umn (Agilent Technologies) in electron impact mode at 70 eV. The in-
jector, ion source, quadrupole, and transfer line temperatures were
280, 250, 150, and 270 °C, respectively. Helium was used as carrier gas
(1 mL min-1). The oven program was as follows: 90 °C (1 min) to
150 °C at 10 °C min-1 and to 320 °C at 6 °C min-1, with a final holding
time of 20 min.

The following OPFRs were analysed by GC coupled to tandem mass
spectrometry (GC–MS/MS): tributyl phosphate (TBP), tris(2-
chloroethyl) phosphate (TCEP), tris(1-chloro-2-propyl) phosphate
(TCPP), tris(1,3-dichloro-2-propyl) phosphate (TDCP), and triphenyl
phosphate (TPhP). They were identified in MRM mode by retention
time and one quantifier and one qualifier m/z transitions (Table S2).
An Agilent 7000 Series Triple Quad GC/MS (Agilent Technologies)

system was used, with a 30 m × 0.25 mm i.d. × 0.25 μm Zebron ZB-
PAH capillary column (Phenomenex, Torrance, CA, USA) in electron im-
pact mode. The injector, ion source, quadrupoles, and transfer line tem-
peratureswere 280, 230, 150, and 280 °C, respectively. Heliumwasused
as a carrier gas at 1.1 mLmin-1. The oven programwas as follows: 80 °C
(1.5 min) to 220 °C at 10 °C min-1 and to 315 °C at 15 °C min-1, with a
final holding time of 5 min.

2.6. Quality control and assurance

At least one field blank per sampling was performed as described
above, taking meticulous measures to avoid contamination of the sam-
plers in the field, during transport, and in the laboratory. They were
transported, stored, extracted, and analysed along with each batch of
samples. Average blank levels were subtracted from the pollutant
amounts in each sampler. Special carewas put into avoiding contamina-
tion from the exhaust of the energy generator used for AAS sample col-
lection, which was placed over 50 m downwind from the sampler. PAH
levels in AAS blankswere compared to PAS blanks in search of increased
levels due to exhaust fumes, as observed in previous studies (Fernández
et al., 2002), and no influence of such contamination was detected.

Breakthrough of gas-phase pollutants in the PUF-AAS sampling has
been previously studied using the same equipment we used, in very
similar conditions and at the same site (Fernández et al., 2002; van
Drooge et al., 2002). Compounds that can be affected by breakthrough
tend to be those with higher volatilities such as naphthalene, acenaph-
thylene, or pentachlorobenzene, so this was considered when choosing
the set of targeted compounds.

The quantification of the target pollutantswas performed by internal
standard calibration, which accounts for extraction and processing re-
coveries as well as for analysis variability. Recoveries of most surrogate
standards ranged between 73 ± 24% and 103 ± 18% for deuterated
PAHs, with the more volatile Ace-d10 occasionally presenting lower
values or non-quantifiable peaks, between 66 ± 9% and 90 ± 28% for
PCBs and OCPs, and between 48 ± 11% and 106 ± 10% for OPFRs,
with TDCP occasionally presenting lower values or non-quantifiable
peaks due to interferences. In-column limits of quantification ranged
between 0.5 and 2.5 pg, or 25 to 125 pg sampler-1 for PAHs and OCPs,
and 0.12 to 0.25 pg in-column or 6.25 to 12.5 pg sampler-1 for OPFRs.
For average PAS effective sampled volumes, these translate to instru-
mental LOQs of 0.1–0.4 pg m-3 for PAHs and OCPs and
0.01–0.03 pg m-3 for OPFRs. For average AAS sampled volumes, they
are 0.1–0.7 pg m-3 for PAHs and OCPs and 0.04–0.07 pg m-3 for OPFRs.

2.7. Determination of PAS concentrations

Concentrations of gas-phase pollutants in air (CA, pg m-3) were
calculated by determining compound- and sample-specific effective
sampled air volumes (VA, m3). These are theoretical volumes of air by
which the amount of compound found in the PUF-PAS samplers (pg
sampler-1) was divided in order to provide an estimate of CA,
accounting for differences both in sampling conditions between
periods and in physical-chemical properties between compounds.
Here, VA were calculated as follows (Harner et al., 2013):

VA ¼ VPUF K0PUF−A 1− exp
−kA t

K0PUF−A Dfilm

� �� �
ð1Þ

where VPUF is the volume of the PUF disk (m3), kA is the sample-specific
air-side mass transfer coefficient (m d-1), t is the duration of the sam-
pling campaign (d), Dfilm is the effective film thickness of the PUF disk
(0.00567m), and K'PUF-A is the density-corrected PUF-air partition coef-
ficient (unitless) calculated by multiplying KPUF-A (m3 g-1) by the
density of the PUF (g m-3). KPUF-A values depend on the sampler
material and are compound-specific. They were calculated from
octanol-air partition coefficients (KOA) as logKPUF-A = 0.6366 × logKOA

Fig. 1. PUF-PAS samplers deployed in the Pyrenees (2240 m.a.s.l.) inside dome-style
stainless steel housings affixed to the structure of an automatic weather station.
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– 3.1774 (Shoeib and Harner, 2002). Temperature-corrected KOA values
for the studied compounds were obtained from temperature
dependence correlations reported in other studies (Chen et al., 2016;
Harner, 2021; Odabasi et al., 2006; Wang et al., 2017). Although this
KPUF-A–KOA relationship has been extensively used for many SVOCs,
recent reports argued that compounds like OPFRs may behave quite
differently (therefore making the previous equation not accurate for
the estimation of sampled volumes) and proposed a new relationship
(Saini et al., 2019). This could lead to added uncertainty on OPFR
atmospheric concentrations, so the newly proposed equation
(logKPUF-A= 0.6087 × logKOA+ 2.3821) was also used for comparison.

The calculation of kA transfer coefficients involves the calibration of
each sampler in situ. This is often done by determining sampling rates
(RS, m3 d-1) for each individual sampler using PRCs. The dissipation
rate of PRCs is proportional to the uptake of the target compounds,
and therefore to their mass transfer coefficients (Huckins et al., 2002).
They were calculated as follows:

kA ¼ RS

APUF
¼ ln C=C0ð Þ K0PUF−A Dfilm

t
ð2Þ

where APUF is the area of the PUF disk (m2), and where PRC release ra-
tios are defined as the amount of each PRC left in the exposed sampler
after its retrieval (C) divided by the amount found in the field blanks
(C0). These PRC relative amounts were also corrected for recovery and
for instrumental variability using the internal standards added before
the extraction of the respective exposed and blank PUFs.

The theoretical uncertainty of RS was estimated through the error
propagation of the non-constant variables and coefficients involved in
Eq. (2). A more detailed explanation of this calculation can be found in
the Supplementary Material (Text S1). Briefly, the main sources of
error reside in the calculation of C/C0 ratios and in the KOA values of
PRCs used for the calculation of KPUF-A, the uncertainties of which
were reported elsewhere (Harner and Bidleman, 1996). Expanded
uncertainties (calculated as twice the regular uncertainty) should then
confidently encompass other sources of error such as those inherent
to the KPUF-A–KOA and KOA–T correlations.

3. Results and discussion

3.1. PAS sampling rates and uncertainty

Table 2 summarizes the sampling rates calculated by PRC calibration
of the PAS samplers for all four passive sampling periods detailed in
Table 1. The mean RS of all samplers was 3.7 ± 0.5 m3 d-1, with
individual replicates ranging from 2.6 to 4.5 m3 d-1. This is in excellent
agreement with most values in the literature and results from global
PAS networks using PUF-PAS samplers with the stainless-steel dome
design, which typically report RS of 3 to 4 m3 d-1 and standard
deviations around 1 to 2 m3 d-1 (Herkert et al., 2018; Pozo et al.,
2009). Other studies in mountain locations reported PRC-derived RS of
4.3 ± 1.6 m3 d-1 in the Tibetan plateau (Ren et al., 2014), 2.7 ±

1.1 m3 d-1 in the Andes (Estellano et al., 2008), and 3.6 ± 2.0 m3 d-1 in
southern Brazil (Meire et al., 2012). Sampling rates have often been cor-
related with meteorological variables such as wind speed (Klánová
et al., 2008; Herkert et al., 2018). However, no significant relationship
was found between our results and the averagewind speeds or temper-
atures. This was attributed to a small number of representative sam-
pling periods and to the average values of such variables remaining
reasonably stable throughout all sampling campaigns regardless of the
time of the year (0.7–6.8 °C, 4.4–4.8 m s-1), despite temperature and
wind speed ranges being characteristically extremeas expected in an al-
pine site (-16.6–25.1 °C, 0.0–36.2 m s-1) (Table 1).

The experimental error of RS was calculated as the relative standard
deviation of the replicates. It averaged 12 ± 11%, being as high as 23%
for one of the sampled periods (Table 2). RS could only be calculated
for three of the four periods because one of the duplicates was lost
due to extreme weather and wind conditions. Nevertheless, an
average experimental variability below 20% is adequate considering
that all RS were within the range of typically reported values.
Moreover, some differences between samplers may not be solely
associated to the inherent uncertainty in the estimation of RS, but also
to differences in air flow through the PUFs due to slight deformations
that resulted in tilted sampler housings after heavy snow and intense
wind events. This may also explain why the experimental error in the
first sampling period (PAS I), when the sampler devices were newly
installed, was much smaller (< 2%) than in ensuing periods (Table 2).
These differences in air flow are nonetheless accounted for when
reporting pollutant concentrations because sampling rates are
calculated and used independently for each replicate instead of as a
period average.

Theoretical expanded uncertainties of RS were calculated for each
sampler from a rearranged Eq. (2) (see Text S1 in the Supplementary
Material). They averaged 15 ± 4%, ranging from 11 to 19% (Table 2).
The two main variables contributing to this uncertainty are KOA and
the PRC release ratios, C/C0. KOA error accounted for 68% of the total
unexpanded theoretical uncertainty on average, while C/C0 error
accounted for the remaining 32%. A smaller contribution of the latter
term was expected since the determination of C/C0 does not involve
particularly severe error-inducing operations, yet it still amounted to a
sizeable fraction of the total uncertainty because small variations in
such ratios may render substantial fluctuations in the resulting RS. On
the other hand, uncertainties of PRC KOA values ranging from 2 to 35%
(Harner and Bidleman, 1996) are sufficiently large to become the
main source of error. This uncertainty is inherent to determining KOA

values and is added to that of their temperature dependence
relationships and to that of the empirical regression through which
KPUF-A is calculated (Shoeib and Harner, 2002), which were indirectly
accounted for by calculating the expanded uncertainties.

An additional consideration must be made in regard to sampling
rates and effective sampled volumes of OPFRs. As mentioned in
Section 2.7, alternative associations between KPUF-A and KOA have been
proposed (Saini et al., 2019) arguing that some compound groups
may not adequately adhere to the relationship originally described by
Shoeib and Harner (2002) due to their different partitioning behavior.
Therefore, we compared effective sampled volumes for OPFRs
estimated using both equations (Table S3). OPFRs with higher KOA

values (i.e., TCPP, TDCP, and TPhP) saw very little or no change in
their mean estimated volumes since they remained in the linear phase
of uptake by the PUF-PAS. On the other hand, TCEP and TBP, with
lower KOA, presented volumes 18 and 30% lower on average using the
original relationship, respectively. This is due to one order of
magnitude higher KPUF-A values resulting from a higher intercept in
the equation proposed by Saini et al. (2019), which undoubtedly adds
to the overall uncertainty in OPFR measurements and must be consid-
ered when passive sampler-derived concentrations are reported. How-
ever, this equation only relies on three non-chlorinated OPFRs, and we
did not consider the resulting differences to be large enough to adopt

Table 2
Mean sampling rates (RS) and standard deviations (SD) of passive air samplers calculated
by PRC calibration, and their experimental and theoretical uncertainties.

Mean RS ± SD
(m3 d-1)

Experimental
errorb

Expanded theoretical
uncertaintyc

PAS I 3.8 ± 0.1 1.8% 15.5%
PAS II 3.2 ± 0.7 23.0% 19.4%
PAS III 3.6 ± 0.4 11.5% 15.1%
PAS IV 4.5a – 10.7%
Mean 3.7 ± 0.5 12.1 ± 10.6% 15.2 ± 3.5%

a One duplicate was lost due to extreme weather conditions.
b Relative standard deviation of the duplicates.
c Calculated as twice the error propagated from the uncertainty in the variables used for

RS estimation.
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the newest equation just for two compounds. This also allows for direct
comparison with other previously reported concentrations.

Overall, the average experimental variability observed in the sam-
pling rates adequately fits within the mean estimated expanded uncer-
tainty. However, this does not always need to be the case. Factors
beyond the purely theoretical and analytical ones considered for the cal-
culation of the uncertainty can induce pronounced disagreements be-
tween sample replicates (e.g., sampler housing inclination causing
differences in wind flux through the samplers). Nevertheless, the fact
that they both remained confidently below20% illustrates the suitability
and reliability of our PAS measurements. Still, an uncertainty of up to
20% could potentially translate intomisjudgements of effective sampled
volumes of 100–200m3 on average. Therefore, we performed an in-situ
field comparison between PUF-PAS and PUF-AAS sampling techniques
for further assessing the accuracy of PAS measurements.

3.2. Comparison between PAS and AAS

The degrees of equilibrium (DEQ) reached by the studied com-
pounds during the exposure of each PUF-PAS were calculated as a mea-
sure of the performance of these passive samplers across all sampling
campaigns in this study and are summarized in Table S4. The DEQ is
the magnitude to which the uptake of a compound by the PUF-PAS de-
parted the linear regime and approached equilibrium between air and
the PUF. They can be obtained from the components between brackets
in Eq. (1). As expected, the more volatile compounds (i.e., PAHs Ace,
Fle, and Phe; OCPs PeCB andHCB) reached near or complete equilibrium
during all sampling campaigns (DEQ close to 1). They were followed by
the low molecular weight PCB28 and the lowest KOA OPFRs TBP and
TCEP (mean DEQ between 0.32 and 0.50). All other compounds had
low DEQs (below 0.29) signifying a still close-to-linear uptake regime,
especially for OPFRs with the highest KOA (DEQ almost 0). This reflects
the usefulness of a complete PRC calibration of individual PUF-PASs
for studies encompassing a set of compounds with a wide range of
physical-chemical properties. Otherwise, the assumption of an invari-
able linear uptake would lead to a large overestimation of atmospheric
concentrations of pollutants that tend to equilibrate more easily.

Table 3 contains the mean gas-phase concentrations obtained using
both AAS and PAS methods, along with their standard deviations. The
complete results for all replicates can be found in the Supplementary
Material (Table S5). Notice that the mean and standard deviation of all
samples are presented for AAS, while for PAS they are the mean and
standard deviation of the period averages. The agreement between
PAS replicates was adequate, averaging relative standard deviations
(RSD) between samplers of 23%. These mean differences were consis-
tent for all groups of analysed compounds, with the unique exception
of TPhP resulting from a local contamination (see Section 3.4). AAS con-
centrations were relatively similar between samples, considering their
different sampling periods (mean RSD of 41%). Concentrations of OCPs
and PCBs were the closest between periods (RSD 33%), while OPFRs
were less consistent (59%). It is worth noting that the AAS concentra-
tions of many pollutants in the first sampling period (AAS I) were fre-
quently higher than in the following ones (Table S5). A possible
explanation resides in the origin of airmass trajectories computed back-
wards for each AAS period (Fig. S1). While all of them have a North-
Atlantic origin, the trajectories for AAS I have amore pronounced conti-
nental component and lower altitudes that may have increased the
levels of pollutants they carried.

AAS and PAS mean concentrations were compared to each other to
determine the accuracy and suitability of PRC-derived concentrations.
Fig. 2 displays the correlation between results from both methods,
shown for average PAS results and for the PAS campaign closest to the
collection of AAS samples (PAS I). Overall, an adequate linear correlation
was observed betweenmeasurements (R2 0.86, p<0.01), showing even
better goodness of fit when only PAS I was considered (R2 0.91,
p < 0.01). This improvement is a result of PAS campaigns representing

much longer sampling periods that encompassed different seasons,
which usually induces higher variability in the results. Alternatively, a
power regression was adjusted to the data and is shown in Fig. 2,
which better represents the closeness of the data to the identity line.
In general, agreement between values factoring in their standard devia-
tions indicates the capability of PUF-PAS samplers to replicate the re-
sults of the reference PUF-AAS values.

Total PCB concentrations (ΣPCBgas) were 19 pgm-3 for both AAS and
PAS samples (Table 3), revealing a very good agreement between
methods. Concentrations of individual congeners ranged between 0.3
and 4.8 pg m-3, with comparable composition profiles except for a 2.4
times higher PAS concentration of the most volatile PCB28. Neverthe-
less, this difference is still well within other reported disagreement fac-
tors for PCBs (Heo and Lee, 2014; Bohlin et al., 2014; Gouin et al., 2005),
and a strong correlation was observed between both methods (Fig. 2).
Mean HCB and PeCB concentrations determined using both techniques
were also comparable: 36 pg m-3 (PAS) and 43 pg m-3 (AAS) for HCB,
and 21 pg m-3 (PAS) and 17 pg m-3 (AAS). This level of agreement
was similar or better than those reported in other studies (Gouin
et al., 2008; Hayward et al., 2010). In general, ΣPCBgas and individual
congener concentrations were on the lower range of values reported
in the same area two decades ago (16–70 pg m-3), while HCB
(49 pg m-3) did not suffer major changes (van Drooge et al., 2004; van
Drooge et al., 2005). This demonstrates the persistence of these com-
pounds in the environment after being banned for decades, especially
in remote locations. PeCB concentrations were also similar to

Table 3
Mean gas-phase concentrations and standard deviations (SD) of target organic pollutants
determined using passive air sampling (PAS, n=4× 2 replicates) and active air sampling
(AAS, n = 3) methods. Particle-phase concentrations are shown for the active sampling
glass fiber filters (GFF-AAS), along with the fraction of compounds distributed in the par-
ticle phase over their total concentration (gas + particle) and their log-transformed
octanol-air partition coefficients (logKOA) at 25 °C.

PUF-PAS PUF-AAS GFF-AAS logKOA

pg m-3 SD pg m-3 SD pg m-3 SD Part %

HCB 36 16 44 2.5 n.d.a – – 7.4
PeCB 21 19 17 2.1 n.d. – – 6.2
PCB28 4.5 3.5 1.9 0.3 n.d. – – 7.9
PCB52 2.5 1.5 1.3 0.4 n.d. – – 8.4
PCB101 3.7 1.4 4.8 2.2 n.d. – – 8.8
PCB118 2.2 1.1 4.5 2.0 n.d. – – 8.5
PCB153 2.5 0.6 2.8 1.1 n.d. – – 8.5
PCB138 2.1 1.1 3.0 1.1 n.d. – – 8.5
PCB180 1.1 0.7 0.3 0.2 n.d. – – 9.1
ΣPCBgas 19 19
Ace 28 18 11 7.1 n.d. – – 6.1
Fle 276 50 65 1.5 4.1 1.8 6% 6.2
Phe 388 102 216 160 n.d. – – 7.0
Flu 60 25 26 14 7.7 6.2 24% 8.4
Pyr 24 14 13 6.1 9.1 2.3 33% 8.4
B[a]ant 0.8 0.4 0.2 0.03 1.9 1.7 85% 9.2
Chry + TriPh 9.7 7.0 1.3 0.02 2.6 3.9 42% 9.2
ΣPAHgas 787 332
B[b + j + k]flu n.d. – n.d. – 6.3 – 100% 10.6
B[a]pyr n.d. – n.d. – 1.0 1.5 100% 10.6
B[e]pyr n.d. – n.d. – 1.2 – 100% 10.6
Pery n.d. – n.d. – 0.2 – 100% 10.6
Db[ah]ant n.d. – n.d. – 0.2 – 100% 11.4
Ind[123 cd]pyr n.d. – n.d. – 2.0 3.0 100% 12.0
B[ghi]pery n.d. – n.d. – 4.7 4.0 100% 12.6
ΣPAHpart 42
TBP 1.2 1.0 0.8 0.4 28 26 96% 7.6
TCEP 7.8 10 1.2 0.8 189 125 99% 8.0
TCPP 16 7.0 18 12 32 24 61% 9.7
TDCP 2.1 0.9 n.d. – 2.9 1.2 99% 10.6
TPhP 2063b 2840b 0.3 0.3 11 5.3 97% 10.9
ΣOPFRgas 27c 20c

ΣOPFRpart 263

a Not detected (below detection limit or below blank levels).
b Affected by a local contamination (see Section 3.4).
c TPhP not included.
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those found in another remote mountain area in the Tibetan Plateau,
25 pg m-3 (Zhu et al., 2014).

The sum of mean PAH concentrations (ΣPAHgas) was 332 pg m-3

(AAS) and 787 pg m-3 (PAS) (Table 3), with Phe and Fle clearly
dominating the concentration profiles (20–35% and 49–65% of total
PAHs, respectively). PAS-derived concentrations for all PAHs were con-
sistently greater (3 times on average) than those calculated from AAS
samples (note that PAHs fall to the left of the continuous black line
that indicates equal PAS and AAS concentrations in Fig. 2). This differ-
ence factor is greater than for all other compound groups, and can still
be observed even when only the PAS sampling campaign closest to
the AAS sampling periods (PAS I) is considered (Fig. 2), albeit less pro-
nounced. The reason for this is the small number of AAS samples that
could only be obtained duringwarmermonths due to limited accessibil-
ity conditions to the sampling area, and to their short duration com-
pared to the integrative PAS samples, therefore not being able to
adequately capture the temporal variability that likely exists for PAHs
due to nearby alpine sources. Unlike PCBs and OCPs, PAHs tend to expe-
rience marked seasonal changes in rural and mountain regions, with
higher concentrations in winter due to intermittent biomass burning

(Van Drooge and Ballesta, 2009; Van Drooge and Grimalt, 2015) and a
high impact of seasonal wildfires, both of which will contribute to the
integrative nature of PUF-PAS measurements but not be well repre-
sented by AAS. Similarly, some disagreement in PAH concentrations
was also reported elsewhere (Bohlin et al., 2014), particularly skewed
by an underrepresentation of heavier PAHs. Nevertheless, some com-
pounds like Fluo and Pyr still showed close concentrations between
both methods, and an overall disagreement factor of 2 to 3 is usually
regarded as acceptable for most SVOCs in the literature (e.g., Gouin
et al., 2005). Compared to PAH concentrations in high-altitude regions
reported elsewhere (Fernández et al., 2002; van Drooge et al., 2010),
ΣPAHgas was 2 to 4 times lower than those previously found in the
same location (1442 pg m-3), Tyrolean Alps (1792 pg m-3), and
Norwegian Trollheimen (1535 pg m-3), much lower than those found
in the Slovakian High Tatras (4421 pg m-3), but higher than in the Ca-
nary Islands (187 pg m-3). In any case, the PAH composition profiles
generally resembled those reported in these locations.

Finally, total OPFR concentrations (ΣOPFRgas, calculated only for TBP,
TCEP, and TCPP) were 20 pg m-3 (AAS) and 27 pg m-3 (PAS). TDCP and
TPhPwere not included because the former was not found in AAS sam-
ples above detection limits, and the latter suffered from local contami-
nation in the PAS samples (see Section 3.4). Compound profiles were
dominated by TCPP (64–90% of total OPFRs). While concentrations of
TBP and TCPP between methods were in agreement, that of TCEP was
more than 6 times higher in PAS on average due to a particularly high
amount observed in one of the sampling periods (PAS II).When treated
as an outlier, TCEP PAS concentrations were only 2 times greater on av-
erage. Nevertheless, Fig. 2 shows that none of these differences repre-
sented a large discrepancy between methods. No AAS–PAS
comparison studies for OPFRs were found in the literature, and gas-
phase concentrations in remote or high-mountain locations are scarcely
reported. Still, our results were reasonably lower than those found in
the Great Lakes (Abdollahi et al., 2017; Salamova et al., 2013), in
Finland (Marklund et al., 2005), and all across Central and South
America (Rauert et al., 2016).

3.3. Particle phase partitioning and PAS infiltration

The GFF-AAS filters that captured the particle phase before passing
through the PUF-AAS plugs were analysed for the study of particle-
associated SVOCs. PCBs and OCPs were not detected at relevant concen-
trations above the blanks, which is consistent with the low gas-phase
concentrations observed and with previous results showing that these
compounds predominantly exist in the gas phase (> 90%) (Yeo et al.,
2003). Contrarily, several PAHs and OPFRs were found in the particle
phase (Table 3). Detected PAHs included some of those also found in
the gas-phase samples, aswell as highermolecularweight PAHs usually
associated to atmospheric particles. The sum of the average particulate
PAH concentrations (ΣPAHpart) was 42 pg m-3, which is similar to the
one found in a previous study at the same site, 53 pg m-3 (van Drooge
et al., 2010). However, we could not establish the presence of some
more volatile PAHs like Phe and Ant in the particulate phase above
blank levels. PAHs only detected in the particulate phase amounted to
37% of ΣPAHpart, a somewhat lower proportion than those previously
reported (at 39–49%) (van Drooge et al., 2010). Regarding OPFRs, they
were prominently found in the particle phase, with a sum of average
particulate OPFR concentrations (ΣOPFRpart) of 263 pg m-3. This
represents a partitioning towards the particulate phase of more than
92% over total OPFR concentrations (gas+particulate), which is consis-
tent with previous considerations indicating that OPFRs mainly exist in
the particle-bound form (Abdollahi et al., 2017). The lower proportion
of TCEP found in the particulate phase is consistent with the higher
vapor pressures of this compound (Okeme et al., 2018), although this
distribution was not observed for TCPP which has a similar vapor pres-
sure.

Fig. 2. Comparison of the gas-phase concentrations of organochlorine pesticides (OCP),
polycyclic aromatic hydrocarbons (PAH), and organophosphate flame retardants (OPFR)
determined using passive air sampling (PAS) and active air sampling (AAS) methods.
Regressions are shown for A: mean of four PAS sampling periods; B: sampling period
closest to the collection of AAS samples. The error bars represent standard deviations,
the dashed line is a power regression for all compounds, and the continuous line
represents equal PAS and AAS values.
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Log-transformed particle to gas concentration ratios were plotted
against logKOA values for compounds detected in both phases (Fig. 3).
A linear correlation (R2 0.85, p < 0.01) was observed for most com-
pounds. The slope of the regression (0.74)was very similar to those cal-
culated from reported gas and particle concentrations of pollutants
subject to atmospheric transport towards four continental high-
mountain locations (0.64–0.75) (van Drooge et al., 2010), including
the samearea presented in thiswork (0.72). However, TCPP andTBP ex-
hibited higher concentrations in the particulate phase than expected
from their KOA (Table 3), so they were not considered in the
regression. Such discrepancies between experimental and KOA-
modelled partition ratios have been observed for the more volatile
OPFRs before, with suggestions of filter-air partitioning artifacts as a
possible cause (Okeme et al., 2018), although we did not observe
them for TCEP. Overall, these mixed results should encourage further
field studies to experimentally determine OPFR phase distributions
based on their physical-chemical properties, since OPFRs are emerging
pollutants that encompass a very wide range of volatilities (Sühring
et al., 2016).

Finally, the passive sampling theory and all calculations regarding RS

apply only to the fraction of compounds in the gas phase. However,
atmospheric particles have been shown to infiltrate into the sampler
housings and remain retained by the PUF (Chaemfa et al., 2009b), and
there are reports on PUF-PAS sampling of compounds typically bound
to particles (Bohlin et al., 2014; Harner et al., 2013; Pozo et al., 2015).
The particle infiltration efficiency of passive samplers has been shown
to vary greatly for different housing configurations (Markovic et al.,
2015). Here, levels of SVOCs typically associated with atmospheric par-
ticles, like PAHs with a high number of fused rings, were generally not
detected in PAS samples above limits of detection or blank levels,
which hints at a lowparticle infiltration efficiency of the housing config-
uration used. An approximation of such efficiency was estimated from
our experimental data asϕR,P (RS,part/RS,gas), the particle-phase sampling
rate as a fraction of the gas-phase sampling rate. It was calculated as
outlined elsewhere (Holt et al., 2017). Briefly, the studied compounds
were classified as gas-phase compounds if >70% of their total concen-
tration was found in the atmospheric gas phase of AAS samples, and
particle-phase compounds if >70% was found in AAS filters (Table 3).
Compounds that were infrequently detected or close to limits of detec-
tion (Ace, TDCP), outside the established thresholds (Pyr, Chr + TriPh),
andwith contamination (TPhP)were not considered. Average sampling

rates of each group were calculated as the amount of compound in the
PUF-PAS sampler divided by the average AAS bulk concentration
(gas+particle) and normalized by the sampling duration. The mean
ϕR,P was 0.23, or a particle infiltration of 23% compared to the AAS sys-
tem. This efficiencywas 16% if only the PAS campaign closest to the AAS
measurements is considered. Note that these values may present sub-
stantial uncertainties resulting from a low amount of AAS samples, the
disagreement in PAH concentrations between AAS and PAS due to sea-
sonality, and possible artifacts from a small number of particle-phase
compounds detected in the PUF-PASs or from PCBs and OCPs not
being detected above blank levels in AAS filters. Still, the particle infil-
tration efficiency calculated only from compounds detected in both
gas and particle phases (PAHs in the PAS campaign closest to AAS sam-
pling, and OPFRs) was 18%. While a more comprehensive study would
be needed to determine accurate efficiencies, these values indicate a re-
duced particle infiltration compared to other sampler configurations
(Markovic et al., 2015). This suggests that the sampler housing used
here may have acted as an effective wind shield, can explain why no
correlation was found between average wind speeds and mean sam-
pling rates. Thus, the PUF-PASs performed mainly as gas-phase sam-
plers, which diminishes the need for effective sampled volume
correction and is also an advantage in high-mountain areas, ensuring
that extremely high wind speeds (up to 36 m s-1, or 130 km h-1,
Table 1) did not impact the performance of the sampler.

3.4. Local OPFR contamination

One of the OPFRs (triphenyl phosphate, TPhP) was found in all PUF-
PAS replicates at unusually high and fluctuating concentrations, averag-
ing around2000pgm-3 (Table 3). However, itwasnever detected above
0.6 pg m-3 in AAS samples, the results of which did otherwise generally
agree with those of PAS as discussed in Section 3.2. The PAS result was
hypothesized to reflect a local contamination, probably due to the pres-
ence of a research cabin and meteorological station close (10 m) to the
PAS deployment position (Fig. S2). In contrast, the AAS samples were
collected further away (nearly 50 m) from the cabin. In order to locate
the origin of such contamination, five surface soil samples were col-
lected around the cabin and station, in addition to two samples of differ-
ent insulating foams used in the interior of the cabin and between the
composite metal panels that form its outer walls. They were extracted
with acetonitrile after the addition of internal standards and analysed
byGC–MS/MS for a quick and qualitative assessment of their OPFR com-
position.

Abundancies of the targeted OPFRs in each of the samples relative to
the internal standards added before their extraction clearly revealed
that the origin of TPhP was the insulating material used in the outer
wall panels of the cabin (Fig. S3). TPhP was the dominating OPFR in
this material (> 99%), while in the soil samples it only amounted to
43% on average. The second main component was TCPP, present at an
abundance one to two orders of magnitude higher than in the soil
samples, although amounting to only 0.3% of total OPFRs. Contrarily,
the sample of inner insulation foam revealed a higher presence of
TCPP (> 99%), followed by TDCP and TCEP (both around 0.2%, but still
with abundancies two to three orders of magnitude higher than in the
soil samples). However, no evidence of TCPP contamination was found
in the PAS samples, indicating a small or negligible release rate from
the interior of the cabin towards the outside. Finally, TPhP was present
in the soil samples in a greater proportion than in the reference AAS
samples, indicating the possible influence of this local contamination
not only in air but also on the ground, but no clear patternwas observed
when factoring in the distance from the source at which each soil sam-
ple was taken.

OPFRs are emerging pollutants often used as flame retardants and
plasticizers in construction materials and household products. They
tend to leach from such materials as they are not chemically bound
and are highly susceptible to volatilization (van der Veen and de Boer,

Fig. 3. Correlation between the log-transformed ratio of concentrations between
pollutants in particle (Cpart) and gas (Cgas) phases and logKOA, where TCPP and TBP
were not included in the regression. Error bars represent standard deviations.
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2012). The presence of this local TPhP contamination, although unfortu-
nate for the comparison of AAS and PAS presented in this study, high-
lights the capacity of the PUF samplers for sequestering this kind of
emerging and less studied contaminants in the gas phase notwithstand-
ing their tendency to associate to atmospheric particles (Abdollahi et al.,
2017). However, it also exposes the impact that unexpected anthropo-
genic influences can have on atmospheric pollution studies, especially
in areaswith low concentrations, and emphasizes the need for adequate
treatment of samples and careful data interpretation. It also highlights
the importance of adequate site selection and sampler placement for
air monitoring studies that include currently used commercial
chemicals such as flame retardants and plasticizers, extensively used
as material additives, as any nearby objects or structures could greatly
influence the results. Although this can bemore easily preventable in re-
mote areas such as the one in thiswork, special attention should be paid
to avoiding adjacent sources of contamination in populated and urban
environments. Furthermore, studies comparing PAS and AAS measure-
ments should also consider the need for the highest proximity between
both samplers, since our results show that cases of local contamination
could be inadequately reflected in the samples even by being separated
only by a few tens of meters.

4. Conclusions

Polyurethane foam passive air samplers (PUF-PAS) are a useful
method for the determination of gas-phase semi-volatile organic com-
pounds in high mountain areas. Their calibration using Performance
Reference Compounds (PRCs) produces compound- and sampler-
independent sampling rates that account for spatial, temporal, and me-
teorological differences between samples. The experimental variability
observed between the sampling rates of our PAS samples adequately
conforms to the estimates of their expanded theoretical uncertainties.
On average, sampling rate uncertainties were well below 20%, indicat-
ing an adequate precision of the PRC calibration of the PUF-PASs. A com-
parison of PAS-derived gas-phase concentrations with high-volume
active air samples (AAS) showed good agreement between both tech-
niques for different semi-volatile pollutants subject to long-range atmo-
spheric transport at low concentrations. This includes pollutants like
PCBs, HCB, PeCB, PAHs, and the less studied emerging OPFRs. These re-
sults showcase the suitability of PUF-PAS samplers for themonitoring of
SVOCs in remote high-mountain locations with typically low pollutant
concentrations and extreme atmospheric and meteorological condi-
tions. Finally, the distribution of most compounds found both in the
gas and particle phases of AAS samples revealed profiles consistent
with their vapor pressures, except for some OPFRs with higher particle
phase concentrations than anticipated. No relevant levels of pollutants
typically bound to the particle phase were detected above limits of de-
tection or blank levels in the PUF-PASs.
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Text S1.1. Sampling rate uncertainty 

Sampling rates (RS, m3 d-1) are used for the calculation of air-side mass transfer coefficients (kA, 

m d-1) in the determination of effective sampled air volumes (VA, m3) that allow reporting atmospheric 

pollutant concentrations instead of just total amounts of compound sequestered per sampler device. They 

are calculated as follows (Harner, 2021): 

𝑅𝑆 =
−ln (𝐶 𝐶0⁄ ) 𝐾′𝑃𝑈𝐹−𝐴 𝐷𝑓𝑖𝑙𝑚  𝐴𝑃𝑈𝐹

𝑡
 (Eq. S1.1) 

where C/C0 is the ratio of PRC amounts found in the sampler and in the blank, respectively, t is the duration 

of the sampling campaign (d), Dfilm is the effective film thickness of the PUF disk (m), APUF is the area of 

the PUF sampler (m2), and K’PUF–A is the density-corrected PUF–air partition coefficient (dimensionless) 

calculated as KPUF–A (m3 g-1) multiplied by the PUF density (ρPUF, g m-3). KPUF–A values are calculated from 

temperature-corrected octanol–air partition coefficients (KOA (T)) as logKPUF–A = 0.6366 × logKOA (T) – 

3.1774 (Shoeib and Harner, 2002). Equation S1.1 can be expressed as follows: 

 
(Eq. S1.2) 

where all constants have been condensed under k, and the numeric parameters of the KPUF–A–KOA regression 

have been simplified to a and b. 

 The theoretical error (δ) of the calculation of RS can be estimated from the propagation of the error 

of the non-constant variables in Equation S1.2, in this case C/C0 and KOA (T): 

 

 

 

(Eq. S1.3) 

where ∂RS/∂i denotes the partial derivative of RS with respect to a variable i. δRS can be expressed as percent 

over the RS value by calculating δRS / RS × 100. 

The uncertainty of PRC KOA (T) values was estimated from their standard errors, calculated from 

values reported elsewhere (Harner and Bidleman, 1996), and it averaged 10.1%. The uncertainty of C/C0 

ratios was estimated from the propagation of errors involved in their calculation (i.e., reference material, 

dilution, instrumental, and peak integration errors), and it averaged 4.7%. Thus, RS percent uncertainties 

calculated with Equation S1.3 resulted in an average theoretical uncertainty of 7.6 ± 1.8%, ranging from 

5.4 to 9.7%. Expanded uncertainties (2 × RS percent uncertainties) therefore averaged 15.2 ± 3.5%, ranging 

from 10.7 to 19.4%. 
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Table S1.1. Ion m/z ratios used in GC-MS (SIM mode) for the identification and 
quantification of target compounds and their recovery standards.  
Compound Abbreviation m/z (CE 70 eV) 
2,4,4'-Trichlorobiphenyl PCB28 256 
2,2',5,5'-Tetrachlorobiphenyl PCB52 292 
2,2',4,5,5'-Pentachlorobiphenyl PCB101 326 
2,3',4,4',5-Pentachlorobiphenyl PCB118 326 
2,2',3,4,4',5'-Hexachlorobiphenyl PCB138 360 
2,2',4,4',5,5'-Hexachlorobiphenyl PCB153 360 
2,2',3,4,4',5,5'-Heptachlorobiphenyl PCB180 394 
Hexachlorobenzene HCB 284 
Pentachlorobenzene PeCB 250 
Acenaphthene Ace 154 
Fluorene Fle 166 
Phenanthrene Phe 178 
Fluoranthene Flu 202 
Pyrene Pyr 202 
Benz[a]anthracene B[a]ant 228 
Chrysene + Triphenylene Chr + TriPh 228 
Benzo[b+j+k]fluoranthene B[b+j+k]flu 252 
Benzo[e]pyrene B[e]pyr 252 
Benzo[a]pyrene B[a]pyr 252 
Indeno[1,2,3-cd]pyrene Ind[123cd]pyr 276 
Benzo[ghi]perylene B[ghi]pery 276 
Decachlorobiphenyl PCB209 498 
1,2,4,5-Tetrabromobenzene TBB 394 
Acenaphthene-d10 Ace-d10 164 
Fluorene-d10 Fle-d10 176 
Phenanthrene-d10 Phe-d10 188 
Anthracene-d10 Ant-d10 188 
Fluoranthene-d10 Flu-d10 212 
Pyrene-d10 Pyr-d10 212 
Benz[a]anthracene-d12 B[a]ant-d12 240 
Chrysene-d12 Chr-d12 240 
Benzo[b]fluoranthene-d12 B[b]flu-d12 264 
Benzo[ghi]perylene-d12 B[ghi]pery-d12 288 
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Table S1.2. Ion m/z transitions and collision energies (CE) used in GC-MS/MS (MRM mode) for the 
identification and quantification of target compounds and their respective recovery standards. 

Compound Abbr. 
Quantifier m/z 

(CE, eV) 
Qualifier m/z 

(CE, eV) 
Tributyl phosphate TBP 99→81 20 99→63 38 
Tris(2-chloroethyl) phosphate TCEP 249→125 10 249→99 32 
Tris(1-chloro-2-propyl) phosphate TCPP 125→81 29 125→99 12 
Tris(1,3-dichloro-2-propyl) phosphate TDCP 191→155 5 191→75 11 
Triphenyl phosphate TPhP 326→215 25 326→169 32 
Tributyl phosphate-d10 TBP-d27 103→83 20 103→63 43 
Tris(2-chloroethyl) phosphate-d12 TCEP-d12 261→131 9 261→131 30 
Tris(1-chloro-2-propyl) phosphate-d18 TCPP-d18 131→83 30 131→103 11 
Tris(1,3-dichloro-2-propyl) phosphate-d15 TDCP-d15 197→160 4 197→79 12 
Triphenyl phosphate-d15 TPhP-d15 341→223 26 341→243 11 

 

 

Table S1.3. Effective air sampled volumes (m3) for all sampling campaigns at Estanh Redon 
(PAS I–PAS IV) calculated from PUF–air partition coefficients (KPUF–A) obtained using two 
different proposed relationships with octanol–air partition coefficients (KOA). 

 logKPUF–A = 0,6366 × logKOA - 3,1774 

 M. Shoeib and T. Harner, Environ. Sci. Technol. 2002, 36, 4142-4151 
 TBP TCEP TCIPP TDCIPP TPHP Mean 
logKOA 7.6 8.0 9.7 10.6 10.9  
PAS I 791 930 1117 1130 1132 1020 
PAS II 390 432 488 492 492 459 
PAS III 698 835 1029 1044 1046 930 
PAS IV 907 1186 1650 1687 1692 1424 
Mean 699 846 1071 1088 1090  

 logKPUF–A = 0,6087 × logKOA + 2.3821 
 A. Saini, J. Clarke and T. Harner, Chemosphere 2019, 234, 925-930 
 TBP TCEP TCIPP TDCIPP TPHP Mean 
logKOA 7.6 8.0 9.7 10.6 10.9  
PAS I 1092 1111 1134 1135 1135 1121 
PAS II 481 487 493 493 493 489 
PAS III 1005 1025 1048 1050 1050 1035 
PAS IV 1587 1637 1698 1702 1703 1666 
Mean 1041 1065 1093 1095 1095  
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Table S1.4. Degree of equilibrium (DEQ) reached by every compound 
during exposure in each passive sampling campaign (PAS I – IV). 
DEQs closer to 1 denote that an equilibrium has been reached between 
air and sampler material, while DEQs closer to 0 denote that the uptake 
of the compound is still in the linear phase. 

 PAS I PAS II PAS III PAS IV Mean 
Ace 1.00 1.00 1.00 1.00 1.00 
Fle 1.00 1.00 1.00 1.00 1.00 
Phe 0.97 0.89 0.98 0.96 0.95 
Flu 0.30 0.21 0.34 0.29 0.29 
Pyr 0.30 0.21 0.34 0.29 0.29 
B[a]ant 0.09 0.06 0.10 0.08 0.08 
Chr+TriPh 0.09 0.06 0.10 0.08 0.08 
PCB28 0.43 0.32 0.49 0.42 0.42 
PCB52 0.24 0.18 0.29 0.24 0.24 
PCB101 0.14 0.10 0.17 0.14 0.14 
PCB118 0.25 0.18 0.29 0.24 0.24 
PCB153 0.26 0.19 0.30 0.26 0.25 
PCB138 0.25 0.18 0.29 0.24 0.24 
PCB180 0.10 0.07 0.12 0.10 0.10 
PeCB 1.00 1.00 1.00 1.00 1.00 
HCB 0.89 0.73 0.91 0.86 0.85 
TBP 0.54 0.38 0.58 0.51 0.50 
TCEP 0.34 0.23 0.38 0.32 0.32 
TCPP 0.03 0.02 0.04 0.03 0.03 
TDCP 0.01 0.01 0.01 0.01 0.01 
TPhP 0.01 0.01 0.01 0.01 0.01 
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Figure S1.1a. NOAA Hysplit model back-trajectories (72 h backwards, 6 h intervals) of the air masses 
arriving at the sampling location during the collection of AAS sample I (July 25, 2017). 
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Figure S1.1b. NOAA Hysplit model back-trajectories (72 h backwards, 6 h intervals) of the air masses 
arriving at the sampling location during the collection of AAS sample II (July 26, 2017). 
  



Legacy and currently emitted organic pollutants in air and water from urban and high-altitude ecosystems 

109 
 

 

 

 

 
 

Figure S1.1c. NOAA Hysplit model back-trajectories (72 h backwards, 6 h intervals) of the air masses 
arriving at the sampling location during the collection of AAS sample III (September 17, 2017). 
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Figure S1.2. Correlation between the log-transformed ratio of concentrations between pollutants in particle 
(Cpart) and gas (Cgas) phases and logKOA, where TCPP and TBP were not included in the regression. Error 
bars represent standard deviations. 

 

 
 

Figure S1.3. Research cabin and meteorological station at the sampling location (Pyrenees, 42°38'18.1" N, 
0°46'44.1" E, 2240 m.a.s.l.). 
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Figure S1.4. Relative abundance (area of GC-MS/MS peak divided by area of deuterated internal standard 
added during sample extraction) of OPFRs in samples collected as a qualitative assessment of the origin of 
TPhP contamination in PAS samples: insulating material samples inside (in) and outside (out) of a scientific 
research cabin located close to the PAS sampling location (10 m), and surface soil samples (1 to 5) at 
increasing distance from the research cabin and decreasing distance from the PAS deployment location. 
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Changes in Urban Gas-Phase
Persistent Organic Pollutants During
the COVID-19 Lockdown in
Barcelona
Raimon M. Prats* , Barend L. van Drooge, Pilar Fernández, Esther Marco and
Joan O. Grimalt

Institute of Environmental Assessment and Water Research (IDAEA-CSIC), Barcelona, Spain

The composition of polycyclic aromatic hydrocarbons (PAHs), polychlorobiphenyls
(PCBs), hexachlorobenzene (HCB), pentachlorobenzene (PeCB), and organophosphate
flame retardants (OPFRs) present in the gas-phase fraction of the atmosphere of
Barcelona was analyzed during the SARS-CoV-2 coronavirus disease (COVID-19)
lockdown and prior to this period. The changes in daily concentrations of CO, NO, NO2,
O3 and particulate matter smaller than 10 µm (PM10) were considered for comparison.
Bayesian analysis considering serial dependencies and seasonality showed statistically
significant decreases of CO, NO, NO2, and PM10 (between −28 and −76%) and O3

increases (+45%) during lockdown. However, the lockdown concentration decreases
of PeCB (−90.5%, from 8.5 to 0.8 pg m−3), HCB (−79%, 25.5–5.4 pg m−3) and some
PAHs, such as benz[a]anthracene (−87%, 120–17 pg m−3) and pyrene (−81%, 3,500–
680 pg m−3), were even stronger. The PAH depletion ranged between −68 and −87%
that could be primarily associated with the strong reduction of traffic mobility during this
period (−80%). Besides traffic reduction, the observed air quality improvements could
be related to lower generation of solid urban residues (−25%) and the subsequent
decrease of urban waste incineration (between −25 and −28%). Tributyl phosphate
also showed a reduction in concentration during lockdown but the other OPFRs were
seemingly not affected by this restriction, possibly as a result of the uniform release
from the emission sources, e.g., construction material, industrial applications, and
household products.

Keywords: COVID-19, semi-volatile air pollutants, organic contaminants, passive air sampling, lockdown, air
quality

INTRODUCTION

The outbreak of a novel respiratory disease in China, caused by the SARS-CoV-2 virus and named
coronavirus disease (COVID-19) by the World Health Organization (WHO), was quickly extended
to many other countries generating a global pandemic (Sohrabi et al., 2020). On March 14, a
lockdown was set in all Spain which mandated individuals to remain home except for needs such
as purchasing food and medicines. These measures also included the temporary closure of schools,
universities, some businesses and shops.

In general, lockdown measures have led to unprecedented reductions of air pollutant
concentrations in many regions of the world, including several of the most polluted areas
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(Berman and Ebisu, 2020; Cameletti, 2020; Le Quéré et al., 2020;
Li et al., 2020; Venter et al., 2020; Zhang R. et al., 2020; Zhang Z.
et al., 2020). Most reports in urban and industrial areas have only
focused on air quality gas pollutants such as nitrogen oxides (NO
and NO2), carbon monoxide (CO), and carbon dioxide (CO2),
and particulate matter (PM10 and PM2.5). The same is the case
for satellite imaging methods that can estimate the concentrations
of these gases over large geographical areas (Kaufman et al., 1997;
Krotkov et al., 2016). However, pollution assessment also requires
the measurement of other contaminants that are deleterious for
human health, such as organochlorine compounds (OCs) and
polycyclic aromatic hydrocarbons (PAHs), among others.

Most OCs and PAHs are persistent organic pollutants (POPs),
a group of compounds that are notorious for their resistance to
degradation, potential for long-range atmospheric transport, and
toxicity. They are recognized as a threat to human and wildlife
health (De Voogt et al., 1990; Grimalt et al., 1994; Boström
et al., 2002; Lauby-Secretan et al., 2013). PAHs are of great
environmental concern, since several parent (non-methylated)
compounds of these hydrocarbons are human carcinogens and
priority pollutants (Baek et al., 1991; Armstrong et al., 2004).
Hexachlorobenzene (HCB) has been related with obesity (Smink
et al., 2008; Valvi et al., 2014), low fetal growth (Lopez-Espinosa
et al., 2016), disruption of thyroid metabolism (Sala et al., 2001;
Llop et al., 2017), and higher incidence of thyroid cancer (Grimalt
et al., 1994). Polychlorobiphenyls (PCBs) have also been related
with low fetal growth (Casas et al., 2015; Lopez-Espinosa et al.,
2016), obesity (Valvi et al., 2012) or alterations of the thyroid
function (Chevrier et al., 2008). In addition, they have been
associated with metabolic disturbances of 25-hydroxy-vitamin
D3 (Morales et al., 2013) and neurotoxicity (Grandjean and
Landrigan, 2014). The production and use of these compounds
have been restricted in many industrialized countries, resulting
in significant endeavors to gradually reduce and prevent their
release and diffusion in the environment. A culminating protocol
for the elimination and monitoring of POPs was elaborated in
2001 during the Stockholm Convention1 and has since been
amended to include more compounds.

In addition, organophosphate flame retardants (OPFRs) are
emerging pollutants that are currently used and produced in
increasing amounts to meet the demand for flame retardants
and plasticizers in construction material, industrial applications,
and household products, including electronic devices (Van der
Veen and de Boer, 2012; Du et al., 2019). OPFRs are neurotoxic,
may cause haemolysis, and some of them are carcinogenic
(Dishaw et al., 2011; Van der Veen and de Boer, 2012).
Compared to historical POPs, OPFRs tend to show relatively high
concentrations in outdoor air from urban and industrial areas
(Salamova et al., 2014; Liu et al., 2016; van Drooge et al., 2018b).

Barcelona is one of the most densely populated cities of
Europe, 16,000 inhabitants/km2. Its metropolitan area lacks
significant atmospheric emissions from industries and domestic
heating is generally powered by natural gas. The high traffic
intensity, 13,000–85,000 vehicles/day downtown in 2018, is the
main pollution source (van Drooge and Grimalt, 2015; van

1www.pops.int

Drooge et al., 2018a). Other reports (UNEP, 2010) also point at
transport, housing, and related activities as important sources of
emissions of pollutants and products of environmental concern
in Spain (e.g., around 60% of CO2 and greenhouse gasses
are emitted from transport and housing-related activities). Air
pollution is therefore closely related to the activities of its
inhabitants. Comparison of the air pollution levels during regular
days and the lockdown period may provide guidelines for the
ultimate achievable air quality standards, namely POPs, upon
ideal management of urban pollution sources. Air samples were
collected in the atmosphere of the city of Barcelona by means
of passive air sampling (PAS) during regular conditions and
lockdown. The results were used to determine possible changes
in gas-phase POP concentrations during both periods. These
pollutants were also analyzed in a remote continental background
location in the Pyrenees for PAS calibration and comparison with
the lockdown atmospheric conditions.

MATERIALS AND METHODS

Air Sampling
Two passive gas-phase air samplers for POP analysis were
deployed during two periods: B1 (15 October 2019–9 January
2020, 86 days) and B2 (9 January 2020–15 July 2020, 188 days).
B1 provided a reference time interval of typical air pollution
conditions in the city. B2 was deployed during lockdown,
although this period was larger than the specific lockdown time
(March 15–June 22, 2020, 100 days). The samples were obtained
using GAPS-style polyurethane foam passive air samplers (PUF-
PASs) as employed in other studies (e.g., Pozo et al., 2009).
The PUF disks (14 cm diameter, 1.35 cm thickness, 369.5
cm2 surface area, and 0.021 g cm−3 density) were previously
cleaned with acetone, Soxhlet-extracted with hexane for 6 h,
dried under vacuum, and stored in a sealed PET/LLDPE bag at
−20◦C. Upon deployment, they were spiked with a Performance
Reference Compound (PRC) mixture of PCBs 3, 9, 15, 32
(all 13C-labeled), 107, and 198 (unlabeled) (Cambridge Isotope
Laboratories, Tewksbury, United States). One field blank was
performed for each sample. These blanks were also doped with
the PRCs, sealed, and stored at −20◦C for the entire duration
of the sampling period. The PUFs were immediately extracted
after retrieval at the end of the sampling period. The recovery
of PRCs from each sample was used for the assessment of
the specific sampling rates as explained in the “Theory and
Calculations” section below.

Polyurethane foam passive air samplers were also deployed in
duplicate, in four 4–10-month periods, at six remote locations
in the Pyrenees (September 2017–September 2019). Because of
the minimal local contaminant sources, these sites constitute
continental background reference regions for air pollution levels.
The results obtained with the PUF-PASs were evaluated by
comparison with those from active air sampling (AAS) with a
high-volume pump (MCV, Collbató; van Drooge et al., 2004)
which was used in one of these Pyrenean sites between July
and September 2017. The PUF-AAS plugs (6 cm diameter, 5 cm
thickness, 0.028 g cm−3 density) used for this purpose were
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located behind glass fiber filters that collected the atmospheric
particle phase. One field blank was performed for every two
duplicate samplers, both for PAS and AAS. All PUFs were cleaned
and stored until extraction as described above.

Meteorological and air quality data were obtained for the
whole B1 and B2 periods, including the pre- and lockdown
intervals within them. Data corresponding to analogous periods
in the previous 2 years were also collected for reference
and description of seasonal variations. Table 1 summarizes
temperature, accumulated precipitation, and wind speed average
values recorded on-site in all locations with Tinytag Plus 2 data
loggers (Gemini Data Loggers, Chichester, United Kingdom) and
from the automatic meteorological network (XEMA stations VS,
Z2, X8, and X4) of the Catalan Meteorological Service. The
concentrations of CO, NO, NO2, PM10, and O3 in Barcelona
were obtained for the same periods from the stations of the
Air Quality Network (XVPCA 08019043 and 08019057) of the
Catalan Government.

Extraction and Clean-Up
Both the PUF-PAS disks and the PUF-AAS plugs were subjected
to Soxhlet extraction with hexane (Merck, Darmstadt,
Germany) for 6 h after being spiked with a mixture of
recovery standards containing: tetrabromobenzene, PCB209,
fluorene-d10, phenanthrene-d10, fluoranthene-d10, pyrene-d10,
benz[a]anthracene-d12, and chrysene-d12 (Dr. Ehrenstorfer)
as well as an alkyl/aryl phosphate mixture containing tributyl
phosphate-d12, tris(2-chloroethyl) phosphate-d12, tris(1-
chloro-2-propyl) phosphate-d18, tris(1,3-dichloro-2-propyl)
phosphate-d15 and triphenyl phosphate-d15 (Cambridge
Isotope Laboratories). The extracts were concentrated down
to 2 mL with a rotary evaporator (Büchi, Flawil, Switzerland),
quantitatively transferred into gas chromatography vials, and
further evaporated to 0.5 mL under a gentle stream of nitrogen.

Fifty µL of each extract were cleaned-up and fractionated
using an Agilent 1200 Series Gradient HPLC system (Agilent
Technologies, Santa Clara, United States) equipped with a
quaternary pump, a vacuum degasser, an autosampler, a
thermostated column compartment (set at 30◦C), and a
preparative fraction collector. A Tracer Excel 120 SI HPLC silica
column (25 cm × 3 µm × 0.46 cm i.d.; Teknokroma, Sant
Cugat del Vallès) was used for the chromatographic separation.
The elution program was as follows: 100% hexane at 0.5 mL
min−1 flow rate for 8 min, then a linear gradient to 100%
dichloromethane at 0.5 mL min−1 in 7 min, held until min 20. It
was additionally changed to (80:20%) dichloromethane:methanol
in order to elute more polar compounds remaining in the column
before performing the next fractionation, with a linear flow rate
increase from 0.5 to 1 mL min−1 in 10 min, and a final holding
time of 15 min. The fractions containing the target compounds
were collected between minutes 8–15 (PCBs and other OCs) and
15–20 (PAHs). These fractions were evaporated under a gentle
nitrogen gas stream, transferred into gas chromatography vials,
and further evaporated to 0.5 mL. The OPFRs were analyzed
from another extract aliquot, not requiring HPLC fractionation,
but dried by elution through 0.5 g of anhydrous sodium sulfate
previously activated overnight at 450◦C.

Instrumental Analysis
The OC and PAH HPLC fractions were run separately by
gas chromatography coupled to mass spectrometry (GC-
MS) with a Thermo Trace GC Ultra–DSQ II (Thermo
Fisher Scientific, Waltham, United States) equipped with
a 60 m × 0.25 mm i.d. × 25 µm film thickness HP-5MS
fused capillary column (Agilent Technologies). The MS was
operated in electron impact mode (70 eV). The injector,
ion source, quadrupole, and transfer line temperatures were
280, 250, 150, and 270◦C, respectively. The oven program
started at 90◦C with a hold time of 1 min, then heated to
150◦C at 10◦C min−1 and to 320◦C at 6◦C min−1, where
it was held for 20 min. Helium was used as a carrier gas at
1 mL min−1. The targeted compounds were the following:
polychlorobiphenyls (PCB28, PCB52, PCB101, PCB118,
PCB138, PCB153, and PCB180), HCB, pentachlorobenzene
(PeCB), α- and γ -hexachlorocyclohexanes (α- and γ -HCH),
fluorene (fle), phenanthrene (phe), fluoranthene (flu), pyrene
(pyr), benz[a]anthracene (b[a]ant), and chrysene+triphenylene
(chr+triph). They were identified by their m/z values and
retention times recorded in selected ion monitoring (SIM) mode
(Supplementary Table 1).

The PUF extract aliquots were run for OPFR analysis by
gas chromatography coupled to tandem mass spectrometry
(GC-MS/MS) into an Agilent 7000 Series Triple Quad GC/MS
(Agilent Technologies) equipped with a 30 m × 0.25 mm i.d.
× 0.25 µm film thickness Zebron ZB-PAH capillary column
(Phenomenex, Torrance, CA, United States). The MS/MS was
operated in electron impact ionization mode. The injector,
ion source, quadrupoles, and transfer line temperatures were
280, 230, 150, and 280◦C, respectively. The oven temperature
program started at 80◦C with a hold time of 1.5 min, then
heated to 220◦C at 10◦C min−1 and to 315◦C at 15◦C
min−1, where it was held for 5 min. Helium was used as
a carrier gas at 1.1 mL min−1. The targeted compounds
were the following: tributylphosphate (TBP), tris(2-chloroethyl)
phosphate (TCEP), tris(1-chloro-2-propyl) phosphate (TCPP),
tris(1,3-dichloro-2-propyl) phosphate (TDCP) and triphenyl
phosphate (TPhP). They were identified by their m/z transitions
and retention times recorded in multiple reaction monitoring
mode (Supplementary Table 2).

Quantification was performed with internal standard
calibration curves, accounting for extraction and analysis
recoveries. The field blank values were subtracted. LOQ values
ranged between 0.5 and 2.5 pg in column, or 125–625 pg/sampler
for PAHs, OCs, and PCBs, and 250–1,250 pg/sampler for OPFRs.
For average effective sampled air volumes, these correspond to
0.3–1.6 pg m−3 of air for PAHs, 0.4–2.1 pg m−3 for OCs, 0.2–1.2
pg m−3 for PCBs, and 0.5–2.4 pg m−3 for OPFRs.

Theory and Calculations
As shown in Equation 1 (Harner et al., 2013), the calculation
of gas-phase concentrations (CA, pg m−3) from the pollutant
amounts obtained with PAS (NA) requires the determination of
effective sampled volumes (VA, m3) that are compound- and
location-specific for each sampling period:

Frontiers in Environmental Science | www.frontiersin.org 3 April 2021 | Volume 9 | Article 650539



CHAPTER 3 

118 

fenvs-09-650539 April 7, 2021 Time: 12:44 # 4

Prats et al. POPs During COVID-19 Lockdown

TABLE 1 | Sampling locations, periods of study, and average meteorological conditions (± standard deviation).

Location Altitude (m.a.s.l.) Period Temperature
(◦C)

Precipitation
(mm)

Wind speed (m
s−1)

Barcelona (urban site) 41.388◦ N, 2.115◦ E 108 Mean 2018–2019 B1 14.3 ± 0.2 197 ±114 1.21 ±0.21

B2 16.5 ± 0.1 257 ± 155 1.23 ± 0.02

Pre-lockdown 11.8 ± 0.2 90 ± 91 1.30 ± 0.19

Lockdown 17.4 ± 0.6 166 ± 73 1.25 ± 0.03

2020 B1 14.7 ± 3.6 225 1.99 ± 1.46

B2 17.3 ± 5.0 513 2.15 ± 1.39

Pre-lockdown 13.1 ± 2.6 124 2.12 ± 1.62

Lockdown 18.0 ± 4.0 373 2.15 ± 1.26

Aigüestortes (continental
background)

42.572◦ N, 0.932◦ E 1,619–2,453 2017–2019 Range of averagesa 4.7 ± 0.2–8.3
± 0.7

484 ± 330–1,832
± 389

3.70 ± 1.00–4.27
± 0.05

aValues for temperature, accumulated precipitation, and wind speed for the sampling site of Aigüestortes are shown as a range spanning the lowest and highest average
values (± standard deviation) registered over four consecutive 4–10-month sampling periods from six studied mountain locations.

CA =
NA

VA
=

NA

VPUF K ′PUF−A

[
1− exp

(
−kA t

K′PUF−A Dfilm

)] (1)

where NA is the amount of compound accumulated in the
PUF disk during the sampling time (pg sampler−1), VPUF
is the volume of the PUF disk (0.00021 m3), K′PUF−A is
the dimensionless PUF density-corrected PUF-Air partition
coefficient KPUF−A (KPUF−A multiplied by the PUF density, δPUF
= 21,000 g m−3), kA is the air-side mass transfer coefficient (m
d−1), t is the sampling time (d), and Dfilm is the PUF’s effective
film thickness (0.00567 m).

The sample-specific kA values needed for VA estimation can be
derived from the PRC calibration of sampling rates (RS, m3 d−1):

kA =
RS

APUF
=

ln (C/C0) K ′PUF−A Dfilm

t
(2)

where APUF is the PUF’s surface area (0.0365 m2) and C/C0 is
the PCR ratio of amounts (g sampler−1) between exposed and
non-exposed (field blanks) PUFs.

Compound-specific KPUF−A values for this type of PUFs are
correlated to octanol-air partition coefficients (KOA) through the
following relationship (Shoeib and Harner, 2002):

logKPUF−A = 0.6366 logKOA − 3.1774 (3)

The logKOA values were corrected for the average temperature of
each sampling site over the sampling period using temperature-
dependent relationships reported elsewhere (Odabasi et al., 2006;
Chen et al., 2016; Harner, 2016; Wang et al., 2017).

RESULTS AND DISCUSSION

Passive Gas-Phase Air Sampling for POP
Analysis
The performance of the PUF-PAS samplers and reliability of the
pollutant concentrations obtained with this system were assessed
by comparison of the results from simultaneous deployment of
these PAS and AAS between September 2017 and September

2019 in Aigüestortes, a continental background location in
remote high mountains. The quantitative results obtained with
both methods were in good agreement (Table 2). Thus, the
AAS/PAS ratio differences were 0.7–2.1 for PCBs, 1.1 for HCB,
0.3–0.8 for PAHs and 0.3–1.5 for OPFRs. These ratios have
to be compared considering that AAS involves much more
variability than PAS, as the former is only collected over a
few hours and the latter represents average values of several
months of deployment. Therefore, variations in day-to-day
meteorological and atmospheric conditions greatly affect the
resulting AAS levels, especially for compounds like PAHs that
could be influenced by local sources from nearby rural areas
that are much more season dependent. Thus, the differences
between sampling methods were deemed to be within acceptable
ranges, especially at the low observed concentrations, for all
compounds < 50 pg m−3 except for Fle and Phe. These
results concur with other studies that established a strong
agreement or no statistical difference between AAS- and PAS-
obtained concentrations, even in urban sites with generally
higher POP concentrations (He and Balasubramanian, 2012;
Kalina et al., 2019). Furthermore, PAS duplicates showed low
average relative standard deviations (RSD), between 9.4 and
23.3% for most compounds, with values above 30% only
observed for the less volatile compounds such as PCB180,
TCPP, TCEP, and TDCP, 34.2, 30.8, 36.3, and 60.1%, respectively
(Supplementary Table 3).

Urban Concentrations of Organochlorine
Compounds, PAHs, and
Organophosphate Flame Retardants
The concentrations of HCB found in the B1 and B2 periods
in Barcelona, 25.5 and 5.4 pg m−3, respectively (Table 2),
were generally lower than those found in other urban areas
from India: average values of 120–260 pg m−3 (Chakraborty
et al., 2010), Bangladesh: 70–685 pg m−3 (Nost et al., 2015),
Bosnia Herzegovina: 34 pg m−3 (Lammel et al., 2011),
Nepal: 6.3–1,500 pg m−3 (Pokhrel et al., 2018), or China:
261 pg m−3 (Zhang et al., 2010). The concentrations of
PeCB, 8.5 and 0.8 pg m−3 in B1 and B2, respectively, were
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TABLE 2 | Average compound concentrations in air (gas phase, pg m−3
± standard deviation) in the mountain background (Aigüestortes) and in the urban (Barcelona)

locations, obtained using passive air sampling (PAS), and active air sampling (AAS) methods.

Compounds Aigüestortes (background) Barcelona PAS (urban)

PAS (n = 20) AAS (n = 3) B1 B2 Variation %

PCBs PCB28 2.9 ±1.0 2.4 ±1.5 6.8 2.8 −59

PCB52 2.1 ±0.7 1.4 ±0.3 11 3.4 −68

PCB101 2.7 ±1.0 5.7 ±1.9 15 6.1 −59

PCB118 2.5 ±0.3 4.8 ±1.6 13 3.9 −69.5

PCB138 1.6 ±0.7 3.0 ±0.9 6.7 4.4 −34

PCB153 2.3 ±0.2 3.2 ±0.9 5.8 2.6 −56

PCB180 0.5 ±0.2 0.5 ±0.1 b.d.l.a b.d.l.

6PCBs 14.6 21.0 58.3 23.2 −60

OCs HCB 45 ±8.4 49 ±4.9 25.5 5.4 −79

PeCB 25 ±3.2 b.d.l. 8.5 0.8 −90.5

α-HCH 1.6 ±0.3 b.d.l. 3.5 0.5 −86

γ-HCH 1.0 ±0.4 b.d.l. 12.9 3.9 −70

6OCs 72.6 49.0 50.4 10.6 −79

PAHs Fle 250 ±38 72 ±3.6 10,000 2,600 −75

Phe 300 ±88 230 ±170 18,000 5,800 −68

Flu 39 ±16 28 ±14 4,000 1,000 −75

Pyr 18 ±7.6 15 ±6.7 3,500 680 −81

B[a]ant 0.7 ±0.5 0.3 ±0.1 120 17 −87

Chr+TriPh 5.3 ±2.8 1.4 ±0.1 240 63.5 −74

6PAHs 613 347 35,860 10,160 −72

OPFRs TBP 1.5 ±0.3 0.8 ±0.4 260 94 −64

TCEP 6.1 ±1.9 2.1 ±1.4 230 270 19

TCPP 14 ±16 20.5 ±15 4,800 4,700 −3.3

TDCP 1.5 ±0.5 b.d.l. 129 187 45

TPhP 7.2 ±3.5 b.d.l. 284 268 −5.6

6OPFRs 30.3 23.4 5,703 5,519 −3.2

ab.d.l. Below detection limit.

similar to those described in Bosnia Herzegovina, 9.9 pg
m−3 (Lammel et al., 2011). The respective α- and γ-HCH
concentrations, 3.5 and 12.9 pg m−3 during B1 and 0.5
and 3.9 pg m−3 during B2, were lower than those reported
in other urban areas of Spain: 37 pg m−3 for their sum
(de la Torre et al., 2016).

The concentrations of total PCBs in B1 and B2, 58 and 23 pg
m−3, respectively (sum of congeners reported in Table 2), were
again generally lower than those found in other urban areas from
Italy: 117 pg m−3 (Estellano et al., 2012), Spain: 122 pg m−3

(Pozo et al., 2009), France: 3,100 pg m−3 (Pozo et al., 2009),
Turkey: 153–376 pg m−3 (Kuzu, 2016), Argentina: 146–200 pg
m−3 (Tombesi et al., 2014; Astoviza et al., 2016), Chile: 160 pg
m−3 (Pozo et al., 2012), Canada: 481 pg m−3 (Motelay-Massei
et al., 2005), Pakistan: 37–293 pg m−3 (Nasir et al., 2014), India:
278 pg m−3 (Pozo et al., 2011), China: 600–7,600 pg m−3 (Cui
et al., 2017), and Bangladesh: 7–1,800 pg m−3 (Nost et al., 2015).
They were similar to those reported in Nepal: 1.2–47 pg m−3

(Pokhrel et al., 2018).
Total PAHs in B1 and B2, approximately 36,000 and 10,000

pg m−3, respectively (sum of the compounds reported in
Table 2), were found in lower concentrations than those found
in Strasbourg: 51,000 pg m−3 (Morville et al., 2011) and

Istanbul, 21,000–290,000 pg m−3 (Kuzu, 2016) and higher
than those found in the United States: 4,100–12,000 pg m−3

(Pratt et al., 2018).
The concentrations of TBP in B1 and B2, 260 and 94 pg

m−3, were lower than those found in urban areas of Germany,
1,550 pg m−3 (Zhou et al., 2017) and those of TCPP, 4,800
and 4,700 pg m−3, respectively, were higher than those found
in these urban areas, 2,700 pg m−3 (Zhou et al., 2017). The
concentrations of TDCP, 129 pg m−3 in B1 and 187 pg
m−3 in B2, and of TPhP, 284 pg m−3 in B1 and 268 pg
m−3 in B2, were higher than those reported in urban air in
Sweden, 7.6 and 47 pg m−3, respectively (Wong et al., 2018).

The concentrations of PCBs in Barcelona in the B1 period, 58
pg m−3, were about four times higher than in the continental
background station 14.6 pg m−3 (Table 2), whereas those of
PAHs, 36,000 pg m−3, were about 60 times higher than in
Aigüestortes, 613 pg m−3, and those of the OPFRs were between
38 and 340 times higher (Table 2). The concentrations of HCHs
were two to twelve times higher in Barcelona during the B1 period
compared to the background location (Table 2). In contrast, HCB
and PeCB in the continental background station were nearly two
and three times higher than in the B1 period in Barcelona. The
differences in PCB, HCB and PeCB air concentrations between
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urban and remote sites compared to PAHs and OPFRs could
be explained by fundamental differences in emission sources.
The production and use of PCBs and most OCs have been
restricted for several decades, but they are present in urban waste
at low amounts (Wegiel et al., 2011; Neuwahl et al., 2019) which
constitute a potential source in cities such as Barcelona. However,
these legacy POPs may still be released to the atmosphere
from diffusive secondary sources, including other environmental
compartments (Grimalt et al., 2009), especially so in cold and
remote areas that now might act as repositories for persistent
contaminants such as HCB (Meijer et al., 2003). Contrarily, PAHs
are still emitted from many primary combustion sources, such
as traffic and domestic emissions in urban areas, while OPFRs
are widely applied as flame retardants in construction material,
household products and electronic equipment.

Assessment of the Lockdown Changes
on Airborne POPs and OPFRs
One of the main features of Table 2 is the strong decrease
of HCB and PeCB between B1 and B2 periods, −79 and
−90.5%, respectively (Table 2). At present, the occurrence of
these compounds in the atmosphere of urban areas without
industrial activity is mainly related to waste treatment, including
incineration (EPA, 1986; Martens et al., 1998; Bailey, 2001; Wegiel
et al., 2011). The lockdown period in Barcelona involved a
−24.6% reduction of urban waste generation (a reduction of
almost 20,000 tons of solid waste) which, in turn, represented
incineration decreases between −25 and −28% when quantified
as CO2 emission (Montlleo et al., 2020; State of the City, 2020).
These reductions may have contributed to the decrease in the
concentrations of these compounds. Other processes, e.g., less
transport of materials, may also have been relevant for the
observed decrease.

Polycyclic aromatic hydrocarbons also showed high reduction
of atmospheric concentrations, between −68 and −87%
(Table 2). Atmospheric PAHs in urban areas are primarily
generated as by-products of motorized transport. Therefore, the

observed differences are in agreement with the strong reduction
of traffic in Barcelona, −80%, during the lockdown period
(Montlleo et al., 2020; State of the City, 2020).

The atmospheric concentrations of PCBs and other OCs like
the HCHs were also strongly depleted, between−34 and−69.5%,
and between −70 and −86%, respectively. These decreases were
probably related with the −24.6% reduction in waste generation
during lockdown (Montlleo et al., 2020; State of the City, 2020)
as incineration of urban waste is one main PCB source in the
air of urban areas (Neuwahl et al., 2019; Arp et al., 2020) due to
the presence of such compounds in urban waste and their high
resistance to combustion (Neuwahl et al., 2019).

The OPFRs showed different trends (Table 2). TBP was
the only compound following the concentration differences of
OCs and PAHs, which were reflected in a large reduction in
concentration,−64%, between the B1 and B2 periods. In contrast,
the other OPFRs showed small decreases or even increases in
atmospheric concentrations. This is probably related with the
fundamentally different sources of OPFRs, e.g., being related
with construction material, household products and electronic
equipment over time, thus being less susceptible to variations in
urban and industrial activities.

Changes in Atmospheric Gases and
Particles
The average concentrations of CO, PM10, NO, and NO2 in
Barcelona in the B2 period of 2020 show lower values than
those of the 2018–2019 average, whereas these differences are
not observed for B1 (Supplementary Figure 1). Similarly, the
concentrations of these gases and PM10 in the lockdown period
of 2020 are much lower than those in the equivalent time
interval of the 2018–2019 average. This difference is the opposite
in the case of O3, which is consistent with the lack of NO
during lockdown and higher insolation during spring months.
An initial study encompassing the first lockdown weeks (March
14–March 30) showed consistent changes (Tobias et al., 2020).
In the present study, comparison of the data encompassing

TABLE 3 | Results of the Bayesian model for the air pollutant concentrations in the pre-lockdown/lockdown and B1/B2 periods.

Compound Period Average concentration Effect of lockdown Causality

Measured Predicted ± SD 95% CI Effect ± SD 95% CI p-value Probability (%)

CO (mg m−3) Pre/lock 0.22 0.30 ±0.02 [0.26, 0.34] −28% ± 6.4% [−40%, −16%] 0.0011 99.89

B1/B2 0.25 0.37 ± 0.02 [0.33, 0.41] −32% ± 5.4% [−43%, −22%] 0.0011 99.89

PM10 (µg m−3) Pre/lock 19 31 ± 2.2 [26, 35] −37% ± 7% [−50%, −23%] 0.0011 99.89

B1/B2 24 30 ± 1.8 [27, 34] −20% ± 5.9% [−32%, −8.8%] 0.0010 99.90

NO (µg m−3) Pre/lock 7.4 31 ± 4.3 [23, 40] −76% ± 14% [−103%, −51%] 0.0011 99.89

B1/B2 18 31 ± 4.1 [23, 39] −41% ± 13% [−66%, −14%] 0.0033 99.67

NO2 (µg m−3) Pre/lock 22 47 ± 2.0 [43, 51] −52% ± 4.2% [−61%, −44%] 0.0011 99.89

B1/B2 33 52 ± 1.8 [49, 56] −38% ± 3.4% [−44%, −31%] 0.0012 99.88

O3 (µg m−3) Pre/lock 56 38 ± 2.9 [33, 44] 45% ± 7.4% [31%, 59%] 0.0010 99.90

B1/B2 45 45 ± 3.0 [39, 51] −0.12% ±6.7% [−13%, 12%] 0.4985 50.00

The average concentrations measured during the periods after lockdown restrictions (i.e., lockdown and B2) are compared to the concentrations (± standard deviation,
SD) predicted by the model from data including the two previous years. Confidence intervals (95%), p-values, and probability of the observed concentration changes
caused by lockdown measures are provided.
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the whole lockdown period using a Bayesian structured time-
series model (CausalImpact 1.2.4 R package, Brodersen et al.,
2015) also allowed to account for the influence of seasonal
effects on the concentration changes. Accordingly, the pollutant
concentrations of 2020 were used as the response series and the
average pollutant data of 2018–2019 as the control series, which
was assumed not affected by the lockdown measures, consistently
with the absence of restrictions in 2018–2019. The applicability
of this model to these data was supported by comparison of
the time series and dummy causal impact analyses performed
with imaginary intervention periods which provided reasonable
predictions and low causality probabilities.

The Bayesian analysis of the whole lockdown period showed
noticeable concentration reductions of CO, NO, and NO2
coinciding with the lockdown measures of March 2020, which
picked up slightly after lockdown easing at the end of May 2020
and finally returned to ordinary levels at the end of lockdown
(Figure 1). The same representations showing the predictions
calculated for the B1/B2 sampling periods can be found in
Supplementary Figure 2. The causal impact analysis of CO,
NO, and NO2 concentrations for the pre-lockdown/lockdown
periods yielded statistically significant average variations of −28,
−76, and −52%, respectively (p = 0.0011; Table 3). Despite
the B2 sampling period included some weeks before and after
lockdown, similar (−32% CO) or slightly lower (−41% NO,
−38% NO2) but still significant reductions were observed for the
same compounds, p = 0.0011, 0.0033, and 0.0012, respectively
(Table 3). These differences indicated a direct influence of
lockdown restrictions as consequence of the steep decline in
motor vehicle traffic, the main contributing source of CO and NO
through direct emissions (EEA, 2019) as well as NO2 formation
by reaction of NO with atmospheric O3.

The decrease between the usual polluting conditions and the
lockdown period is more intense in areas with a lot of traffic
such as downtown Barcelona, although it is also noticeable in
the north and west forested areas, as shown in Figure 2 where
the atmospheric NO2 concentrations are displayed for the B1,
B2, and specific lockdown periods. Comparison of the average
NO2 concentrations in the B2 and specific lockdown periods
from this figure shows very similar distributions which support
the representativeness of the sampled B2 interval concerning
lockdown conditions.

Reductions in NO concentrations usually lead to increasing
O3 concentrations (Leighton, 1961), which are also observed in
Figure 1. However, O3 levels usually increase in the months
leading up to the summer (with higher temperatures and
increased solar radiation), which can lead to misidentification of
an effect of lockdown on O3 concentrations. The Bayesian time-
series prediction model used here corrects for seasonal effects by
taking into account data from the previous 2 years and shows
a statistically significant increase of O3 concentrations in the
lockdown period (+45%; p = 0.001) which overcomes these
effects. The increases in O3 during the B2 and lockdown periods
are also documented in Figure 2. In this case, the increases in O3
are greater in the forested areas because downtown the NO from
traffic still decreases the concentrations of this oxidant. Again, the
differences between the B2 and lockdown periods are small.

FIGURE 1 | Representation of the concentrations of atmospheric pollutants in
Barcelona during the lockdown of 2020 and the corresponding Bayesian
model predictions. The pre-lockdown/lockdown and the PAS-sampled B1/B2
periods are delimited by dashed, vertical, red and green lines, respectively. For
each compound, the top graphs show daily average concentrations recorded
in 2020 (black continuous line) against a counterfactual prediction based on
2018–2019 average values (blue dashed line). The bottom graphs show the
difference between the observed data and the counterfactual predictions if
lockdown had not occurred. From data of the air monitoring stations of the
Catalan Government.

Concerning PM10, the concentration decrease was
noticed both for the lockdown (−37%; p = 0.0011) and
the B2 periods (−20%; p = 0.001). This change is small
in comparison with those observed for the gases except
in the case of CO, which suggest that besides traffic other
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FIGURE 2 | Spatial distributions of airborne NO2 (A–C) and O3 (D–F) Barcelona, averaging in the B1 [15 October 2019–9 January 2020; (A,D)], B2 [9 January
2020–15 July 2020; (B,E)] and specific lockdown [15 March 2020–22 June 2020; (C,F)] periods. The plotted values (µg m-3) are the averages of the daily
measurements between 7 and 20 h. Note that the north and west zones are forested. From data of the air monitoring stations of the Catalan Government.

sources contributed to the atmospheric concentrations of
PM10 in the city.

These results are in the range of those reported in other
studies from several European and Mediterranean urban areas
that also experienced lockdown conditions during the first half
of 2020. Other studies in the city of Barcelona reported NO2
reductions in concentration of −50% (Baldasano, 2020), −47
to −61% (Petetin et al., 2020), and −51% (Tobias et al., 2020).
These values are similar to those reported in Madrid, −39 to
−59% (Petetin et al., 2020), −62% (Baldasano, 2020), and −35
to −50% (Shi et al., 2021), and also to the average meteorology-
normalized Spanish average of−50% (Petetin et al., 2020). Other
European cities also presented comparable NO2 reductions like
−61% in Milan (Collivignarelli et al., 2020), −39% in Lucca
and −39% in Florence (Donzelli et al., 2020), −32% in Athens
(Grivas et al., 2020), and somewhat larger than −16, −27, −8,
−26, and −11% in Milan, Rome, London, Paris, and Berlin,
respectively (Shi et al., 2021). Our results for other pollutants
are also similar to those reported for PM10: −31% in Barcelona
(Tobias et al., 2020), −48% in Milan (Collivignarelli et al., 2020),
and −31% in Florence (Donzelli et al., 2020); for CO: −58% in
Milan (Collivignarelli et al., 2020) and −35% in Athens (Grivas
et al., 2020); and for NO: −42% in Pisa (Donzelli et al., 2020).
Finally, compared to our results, other reports show similar O3
variations in Barcelona:+33% increase during the first lockdown
weeks (Tobias et al., 2020); slightly lower variations of −2% to

+30% in several European cities (Shi et al., 2021); and much
higher variations of+252% in Milan (Collivignarelli et al., 2020).

Moreover, air pollutant concentration reductions over the
first weeks of lockdown have also been reported in a broader
scale through satellite imaging techniques. The European Space
Agency reported central and southern European reductions of
NO2 concentrations in Madrid (−48%), Rome (−49%), Milan
(−47%), and Paris (−54%) (ESA, 2020a,b). These values are well
in agreement with the values summarized in the paragraph above,
as well as in the range of those reported here for the city of
Barcelona (Table 3).

Finally, daily precipitation episodes are also represented in
Figure 1. Comparison with the daily concentrations of all
gases (i.e., CO, NO, NO2, and O3) and PM10 evidences that
rain events generally do not coincide with noticeable drops
in their atmospheric concentrations. This is consistent with
results presented by other studies assessing changes in air
pollution during lockdown in several cities in Spain, which found
no correlation between precipitation values and air pollutant
concentrations (Briz-Redón et al., 2021). Contrarily, the overall
trend in concentration differences was consistent with the
lockdown period, leaving wet precipitation as a minor driving
factor in reducing air pollutant concentrations. This observation
can be extrapolated to the atmospheric POP distributions.
Rainfall rates averaged by sampled time can be derived from
Table 1 and are sufficiently similar for both PAS-sampled periods
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(2.6 and 2.7 mm day−1 for B1 and B2, respectively) as to not
expect considerable differences in washout, leaving the lockdown
as the main cause for pollutant reductions.

CONCLUSION

All examined airborne pollutants showed lower concentrations
during lockdown than in the regular period. PeCB was the
compound displaying the highest lockdown decrease, −90.5%,
followed by HCB and some PAHs such as b[a]ant and pyr,
−79, −87, and −81%, respectively. In general, PAHs were
the pollutants with higher reduction, −68 to −87%. Other
compounds such as PCBs decreased by−37 to−69.5%.

The drops in atmospheric PAH concentrations can be
associated with the strong traffic decrease during lockdown,
−80% on average, and the significant reduction of harbor
activities in this time interval, in the order of −65%. The
present results regarding atmospheric PAHs indicate that the
observed improvement of urban atmospheric quality related
with lockdown restrictions was even better than recorded in
the changes of nitrogen oxides and CO, providing a more
holistic approach.

The study of other pollutants such as HCB, PeCB, and PCBs
also evidences other atmospheric improvements related with the
lockdown period such as the beneficial effects of reduction in
the generation of solid residues and the subsequent reduction
of urban waste incineration. The concentrations of PCBs during
the B2 period in Barcelona were very close to those of remote
sites such as the Pyrenees, with HCB and PeCB showing lower
levels than those in these remote areas even during the pre-
lockdown period.

Concerning the OPFRs, TBP also showed a decrease during
lockdown but the other compounds of this group were seemingly
not affected by the restrictions, possibly as a result of distinct and
uniform release from their emission sources, e.g., construction
material, industrial applications, household products, and others.

All in all, a significant decrease on the gas phase
concentrations of atmospheric pollutants with current sources
linked with anthropogenic urban activity was observed as
consequence of the lockdown restrictions. O3 is an exception
related to processes other than traffic. The present work evidences
the effectiveness of reducing overall anthropogenic emissions on
a relatively short time span, not only in air quality indicator
pollutants but also in many POPs. This highlights the potential of
much needed policies that tackle air quality in a more stringent
and broader way, which should stem from reports like the one

we present. A sustained improvement on air quality, especially
in densely populated areas, would contribute to reduce the over
four million deaths attributed every year to ambient air pollution
(WHO, 2018), as well as improve the health of many more.
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Table S2.1. Ion m/z ratios used for the identification and quantification in selective 
ion monitoring GC-MS of polychlorinated biphenyls, polycyclic aromatic 
hydrocarbons, other organohalogen compounds, and their recovery standards.  
Compound Abbreviation m/z (CE 70 eV) 
2,4,4'-Trichlorobiphenyl PCB28 256 
2,2',5,5'-Tetrachlorobiphenyl PCB52 292 
2,2',4,5,5'-Pentachlorobiphenyl PCB101 326 
2,3',4,4',5-Pentachlorobiphenyl PCB118 326 
2,2',3,4,4',5'-Hexachlorobiphenyl PCB138 360 
2,2',4,4',5,5'-Hexachlorobiphenyl PCB153 360 
2,2',3,4,4',5,5'-Heptachlorobiphenyl PCB180 394 
Decachlorobiphenyl PCB209 498 
Tetrabromobenzene TBB 394 
Hexachlorobenzene HCB 284 
Pentachlorobenzene PeCB 250 
α-Hexachlorocyclohexane α-HCH 181 
γ-Hexachlorocyclohexane γ-HCH 181 
Fluorene Fle 166 
Phenanthrene Phe 178 
Fluoranthene Flu 202 
Pyrene Pyr 202 
Benz[a]anthracene B[a]ant 228 
Chrysene + Triphenylene Chr + TriPh 228 
Fluorene-d10 Fle-d10 176 
Phenanthrene-d10 Phe-d10 188 
Fluoranthene-d10 Flu-d10 212 
Pyrene-d10 Pyr-d10 212 
Benz[a]anthracene-d12 B[a]ant-d12 240 
Chrysene-d12 Chr-d12 240 
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Table S2.2. Ion m/z transitions and collision energies (CE) used for the identification and quantification 
in GC-MS/MS MRM of organophosphate flame retardants (OPFRs) and their respective recovery 
standards. 

Compound Abbr. 
Quantifier Qualifier 

Transition 
(m/z) 

CE 
(eV) 

Transition 
(m/z) 

CE 
(eV) 

Tributyl phosphate TBP 99→81 20 99→63 38 
Tris(2-chloroethyl) phosphate TCEP 249→125 10 249→99 32 
Tris(1-chloro-2-propyl) phosphate TCPP 125→81 29 125→99 12 
Tris(1,3-dichloro-2-propyl) phosphate TDCP 191→155 5 191→75 11 
Triphenyl phosphate TPhP 326→215 25 326→169 32 
Tributyl phosphate-d10 TBP-d27 103→83 20 103→63 43 
Tris(2-chloroethyl) phosphate-d12 TCEP-d12 261→131 9 261→131 30 
Tris(1-chloro-2-propyl) phosphate-d18 TCPP-d18 131→83 30 131→103 11 
Tris(1,3-dichloro-2-propyl) phosphate-d15 TDCP-d15 197→160 4 197→79 12 
Triphenyl phosphate-d15 TPhP-d15 341→223 26 341→243 11 

 

 

Table S2.3. Average relative standard deviations (RSD%) of passive air sampling 
(PAS) replicates for each target compound. These values were calculated from 
the concentrations analyzed in samplers deployed in duplicate at six different 
sites over four consecutive sampling periods between 2017 and 2019 in 
Aigüestortes, a high-mountain continental background location. 
Compound Abbreviation RSD % 
2,4,4'-Trichlorobiphenyl PCB28 18.1 
2,2',5,5'-Tetrachlorobiphenyl PCB52 14.6 
2,2',4,5,5'-Pentachlorobiphenyl PCB101 11.5 
2,3',4,4',5-Pentachlorobiphenyl PCB118 23.3 
2,2',3,4,4',5'-Hexachlorobiphenyl PCB138 16.2 
2,2',4,4',5,5'-Hexachlorobiphenyl PCB153 15.7 
2,2',3,4,4',5,5'-Heptachlorobiphenyl PCB180 34.2 
Hexachlorobenzene HCB 12.8 
Pentachlorobenzene PeCB 9.4 
Fluorene Fle 13.5 
Phenanthrene Phe 11.2 
Fluoranthene Flu 16.5 
Pyrene Pyr 18.7 
Benz[a]anthracene B[a]ant 17.8 
Chrysene + Triphenylene Chr + TriPh 20.4 
Tributyl phosphate TBP 22.6 
Tris(2-chloroethyl) phosphate TCEP 36.3 
Tris(1-chloro-2-propyl) phosphate TCPP 30.8 
Tris(1,3-dichloro-2-propyl) phosphate TDCP 60.1 
Triphenyl phosphate TPhP 22.3 
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Figure S2.1. Distribution of the concentrations of gas pollutants measured in the city of Barcelona during 
the following periods: B1: 15/10/2019–9/1/2020; B2: 9/1/2020–15/7/2020; pre-lockdown: 1/1/2020–
14/3/2020; lockdown: 15/3/2020–22/6/2020. The median value is represented by the horizontal line inside 
the box and the mean value by an x. They are compared to the concentrations in the same periods of the 
previous two years (2018 and 2019, averaged). 
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Figure S2.2. Causal impact analysis representations of concentrations of air quality indicators measured in 
Barcelona during lockdown of 2020. The passive air sampled (PAS) B1/B2 periods are delimited by 
vertical, green, dashed lines. For each compound, the top charts show daily average concentrations recorded 
in 2020 (black continuous line) against a counterfactual prediction based on 2018–2019 average values 
(blue dashed line, based on B1/B2 sampling dates). The bottom charts show the difference between the 
observed data and the counterfactual predictions. 
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Occurrence and temperature dependence of atmospheric gas-phase 
organophosphate esters in high-mountain areas (Pyrenees) 
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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• Organophosphate esters (OPEs) in air of 
continental regions are lowest in 
mountains. 

• Air tris(1-chloro-2-propyl) phosphate, 
the most used, predominates at low 
altitudes. 

• Tris(2-chloroethyl) phosphate in air 
predominates at altitudes above 2300 m 

• The air levels of abundant OPEs are 
correlated with the reciprocal of 
temperature. 

• OPEs are adsorbed on mountain snow 
and released into the atmosphere during 
snowmelt.  

A R T I C L E  I N F O   

Handling Editor: R Ebinghaus  

Keywords: 
Organophosphate flame retardants 
Passive air sampling 
Remote sites 
Secondary emission 
Temperature trends 

A B S T R A C T   

The air concentrations of organophosphate esters (OPEs) were studied in a network of six remote high-mountain 
areas of the Pyrenees located along an altitudinal profile between 1619 m and 2453 m above sea level on a 
restricted planar surface to assess their vertical distribution based on long-range atmospheric transport and 
temperature gradients. Polyurethane foam passive samplers were used in five periods spanning over three years 
(September 2017–October 2020). The sum of concentrations of five OPEs were between 5.3 and 100 pg m− 3, 
averaging 16–53 pg m− 3 across campaigns at the different locations. These concentrations were much lower than 
those observed in areas under anthropogenic influence but also than those found in low altitude remote conti-
nental sites. A significant progressive change in predominant compounds was observed along the altitudinal 
gradient, with prevalence of tris(1-chloro-2-propyl) phosphate (TCIPP) or tris(2-chloroethyl) phosphate (TCEP) 
below or above 2300 m above sea level, respectively. This trend was consistent with the higher volatility of 
TCEP, which was retained at greater extent at lower environmental temperatures (higher altitude). 

A significant temperature dependence of the gas phase concentrations was observed for TCEP, TCIPP and 
triphenyl phosphate (TPHP), which could be explained by retention in the cold periods, predominantly adsorbed 
in snow, and their release to the atmosphere during snowmelt. This mechanism was consistent with the good 
agreement found between the vaporization enthalpies measured under laboratory conditions and the experi-
mental values obtained from the slopes of the significant linear regressions when representing the vertical 
gradients.   
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1. Introduction 

Organophosphate esters (OPEs) are synthetic compounds used as 
flame retardants, plasticizers, and antifoaming agents in a myriad of 
industrial processes and consumer products (e.g., foams, paints, lubri-
cants, hydraulic fluids, furniture, building materials, vehicles, and 
electronics) (van der Veen and de Boer, 2012). Exposure to various OPEs 
has been documented in adults and children (Hou et al., 2016; Wei et al., 
2015). Endocrine disruption effects and developmental toxicity upon 
exposure to OPEs has been observed in animal experiments (Yang et al., 
2019). These compounds are suspected neurotoxicants because of their 
structural similarities with the organophosphorus pesticides (Wei et al., 
2015; Yang et al., 2019) and the chlorinated OPEs are suspected car-
cinogens (World Health Organization, 1998). Human incidence of sick 
house syndrome (Kanazawa et al., 2010), contact dermatitis (Camarasa 
and Serra-Baldrich, 1992), and disrupted hormone levels, such as 
reduced thyroid hormone, and decreased semen quality among human 
males have been associated with OPE exposure (Meeker and Stapleton, 
2010). Despite these unwanted properties, their production has steadily 
increased because they are used to replace other restricted compounds 
(Blum et al., 2019), e.g., in 2005 the estimated world production was 
186,000 tons and in 2018 it exceeded one million, which represents 
more than 30% of flame retardants worldwide (Chokwe et al., 2020; Du 
et al., 2019). 

OPEs are not chemically bound to the materials where they are 
added, which facilitates their release into the environment by volatili-
zation and leaching (Chokwe et al., 2020). They have been found in 
urban and industrial sites close to their potential sources (Kurt-Karakus 
et al., 2018; Saini et al., 2020; Shoeib et al., 2014; van Drooge et al., 
2018). However, OPEs have also been identified in environmental 
matrices from remote areas like the Arctic (Gustavsson et al., 2019; 
Salamova et al., 2014a; Sühring et al., 2021; Sun et al., 2020), Antarctica 
(Fu et al., 2020; Cheng et al., 2017; Xie et al., 2020), and the global 
oceanic atmosphere (Castro-Jiménez et al., 2016). Although the 
modeled atmospheric lifespan of OPEs is low, they exhibit high resis-
tance to degradation while attached to particles, which may explain 
their observed capacity for long-range atmospheric transport (Liu et al., 
2014). These properties and the massive use of these compounds require 
an understanding of the impact of global pollution associated with their 
occurrence, with a focus on remote sites. 

The high mountains are the most remote regions of the continents. 
These environments can be used as sentinel ecosystems for assessment of 
the overall background pollution resulting from the anthropogenic ac-
tivities on land. This assessment also requires understanding the pro-
cesses that determine the fate of long-range atmospheric transported 
compounds in these areas and the influence of the vertical transport 
processes between lower and higher elevation. Unfortunately, these sites 
present great difficulties for sampling given their reduced accessibility, 
especially during winter, and limited access to energy supply. Poly-
urethane foam passive air samplers (PUF-PASs) have the ability to 
overcome these obstacles that could otherwise preclude studies in such 
remote locations, especially when long periods of time are considered. 
These samplers have been used successfully to determine gas-phase 
concentrations of OPEs in urban areas (Abdollahi et al., 2017; Khairy 
and Lohmann, 2019). 

Here, we present a study of the gas-phase concentrations of five of 
the most widely used and ubiquitous OPEs: tributyl phosphate (TBP), 
tris(2-chloroethyl) phosphate (TCEP), tris(1-chloro-2-propyl) phosphate 
(TCIPP), tris(1,3-dichloro-2-propyl) phosphate (TDCIPP), and triphenyl 
phosphate (TPHP), in several high-mountain background sites in the 
Catalan Pyrenees. The dependences between gas-phase concentrations 
and temperature were also assessed to determine the influence of this 
parameter on the occurrence and release of OPEs from possible envi-
ronmental reservoirs (e.g., snow, soils, particles, vegetation). The at-
mospheric concentrations of these ubiquitous pollutants in mountain 
areas have scarcely and sparsely been considered to date. 

The present study provides a novel approach in which OPE data were 
measured over three years (September 2017–October 2020; Table 1) in a 
network of six high-mountain sites distributed along an altitudinal 
profile, between 1619 m and 2453 m above sea level (asl; Table 1; 
Fig. 1). These sites are far from human-populated areas and located over 
a restricted space in which the maximal planar projection distance be-
tween the component sites is 17.5 km (Redon and Collada) Therefore, 
the sites are subject to the same type of air-transported diffuse pollution, 
thus providing a description of the distribution of the OPEs at various 
altitudes as a consequence of long-range atmospheric transport and 
temperature gradients. 

2. Materials and methods 

2.1. Air sampling, extraction, and analysis 

A total of 43 atmospheric gas-phase samples were collected in five 
sampling campaigns between September 2017 and October 2020 at six 
high-mountain sites in the Catalan Pyrenees encompassing an altitudinal 
gradient between 1619 and 2453 m asl. The sampling sites were located 
near alpine lakes (Fig. 1), which are distributed between Vall d’Aran and 
the National Park of Aigüestortes i Estany de Sant Maurici. This 
restricted natural reserve is included in the European Union’s Natura 
2000 protected natural network and is considerably distant from 
populated areas. Sampling durations and meteorological conditions are 
summarized in Table 1. The latter were obtained using in-situ Tinytag 
Plus 2 data loggers (Gemini Data Loggers, Chichester, United Kingdom) 
and from the XEMA network automatic weather stations of the Catalan 
Meteorological Service. 

The sampling and analytical procedures were described in detail 
elsewhere (Prats et al., 2021a, 2021b). Briefly, the samples were ob-
tained using PUF-PASs deployed in duplicate at each location inside 
stainless steel dome housings suspended at 1.8 m above ground by a 
steel pole supported by three metal wire ropes anchored to the ground 
(Figure S1). The PUF disks (Techno Spec, Barcelona, Catalonia, Spain: 
14 cm diameter, 1.35 cm thickness, 369.5 cm2 surface area, 0.021 g 
cm− 3 density, and 0.00567 m effective film thickness) were pre-cleaned 
in distilled water and acetone baths and extracted by Soxhlet with 
acetone and hexane for 24 h each (all solvents from Merck, Darmstadt, 
Germany). Prior to deployment, they were further extracted during 8 h 
with hexane, dried under vacuum, wrapped in rinsed aluminum foil, and 
stored and transported at − 20 ◦C inside air-tight PET/LLDPE bags 
(Kapak Corporation, St Louis Park, MI, USA). At the sampling site, a 
mixture of Performance Reference Compounds (PRCs) consisting of 
polychlorobiphenyl congeners (PCBs) 3, 9, 15, 32 (all isotopically 
labeled), 107, and 198 (Cambridge Isotope Laboratories, Tewksbury, 
MA, USA) was spiked into the exposed and blank PUF-PASs to calculate 
the sampler-specific sampling rates. After exposure, the samplers were 
sealed, transported, and stored in the aforementioned conditions until 
extraction, usually less than 48 h after retrieval. 

The compounds adsorbed by the PUF disks were Soxhlet-extracted 
for 8 h with hexane (Merck) immediately after spiking the material by 
injecting 25 μL of a mixture of recovery standards consisting of TBP-d12, 
TCEP-d12, TCIPP-d18, TDCIPP-d15, and TPHP-d15 (ES-5529 standard 
mixture from Cambridge Isotope Laboratories). The resulting extracts 
were concentrated to 2 mL by vacuum rotary evaporation (Büchi, Flawil, 
Switzerland), dried by elution through 0.5 g of pre-cleaned anhydrous 
sodium sulphate (Merck) activated at 450 ◦C overnight, and further 
concentrated to 50 μL under a gentle stream of nitrogen. 

The extracts were analyzed by gas chromatography coupled to tan-
dem mass spectrometry (GC-MS/MS) using an Agilent 7000 Series Triple 
Quad GC/MS (Agilent Technologies, Santa Clara, CA, United States) in 
electron impact mode with a Zebron ZB-PAH capillary column (30 m, 
0.25 mm i.d., 0.25 μm from Phenomenex, Torrance, CA, USA). The 
injector, ion source, quadrupoles, and transfer line temperatures were 
280, 230, 150, and 280 ◦C, respectively. Helium was used as a carrier gas 
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at 1.1 mL min− 1. The oven temperatures were programmed from 80 ◦C 
(held for 1.5 min) to 220 ◦C at 10 ◦C min− 1 and then to 315 ◦C at 15 ◦C 
min− 1 (held for 5 min). The target compounds were identified in MRM 
mode by their retention times and by the m/z transitions summarized in 
Table S1. Matrix effect was only observed for the TDCIPP qualifier 
transition, but not for the quantifier one. Nevertheless, qualifier chro-
matographic peaks were still generally easily identifiable above back-
ground noise and did not suffer any coelutions. Data treatment, 
visualization, and statistical analyses were performed in R 4.1.0 (R Core 
Team, 2021) and Microsoft Excel (Microsoft, Redmond, WA, USA). 

2.2. Recoveries 

An internal standard calibration method was used for the quantifi-
cation of the targeted compounds, accounting for surrogate standard 
recovery correction and instrumental variability. Recoveries of the 
surrogate standards in three spiked matrix recovery extractions were 86 
± 19% for TBP-d12, 53 ± 14% for TCEP-d12, 86 ± 23% for TCIPP-d18, 53 
± 9% for TDCIPP-d15, and 89 ± 15% for TPHP-d15. The chromato-
graphic peaks could be identified and quantified with ease. The recovery 
standard mixture also contained tripropyl phosphate-d21 and triethyl 

Table 1 
Sampling times (d), average air temperatures (◦C), and meteorological conditions at the mountain sites in the sampled periods (I–V; September 2017–October 2020).   

I II III IV V 

09/17–01/18 01/18–07/18 07/18–12/18 12/18–09/19 09/19–10/20 

Llebreta Time 132 162 154 287 376 
(1619 m) Temperature 7.1 7.6 12.3 10.6 10.0 
Llong Time 135 161 154 – – 
(2000 m) Temperature 2.5 3.5 9.0 – – 
Sarradé Time 133 162 155 286 376 
(2123 m) Temperature 4.8 4.3 9.9 7.2 7.4 
Redon Time – 297 a 154 289 376 
(2240 m) Temperature 0.7 0.7 6.8 4.1 4.2 
Dellui Time 130 163 154 – – 
(2349 m) Temperature 1.4 − 0.7 7.2 – – 
Collada Time 129 163 154 – –
(2453 m) Temperature 1.6 − 0.7 7.1 – – 
Meteo stations b Temperature (◦C) c 0.3 (-16–15) 0.1 (-17–18) 6.1 (-11–20) 3.6 (-16–25) 3.4 (-13–23) 

Precipitation (mm) 250–717 976–1038 573–659 581–1058 1176–1605 
Wind speed (m s− 1) d 4.3 4.1 3.7 4.2 4.1 
Snow height (mm) d 303 1616 99 422 604   

a Samples collected during sampling period II at Redon encompass sampling periods I and II. 
b Data from XEMA meteorological stations in the studied region: Redon VS (2247 m), Boí Z2 (2535 m). 
c Average value, range in parentheses. 
d Average value during each sampling period. 

Fig. 1. Sampling sites, located next to six high-mountain lakes between 1619 and 2453 m above sea level in the Pyrenees.  
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phosphate-d15, but the corresponding OPEs were not included in the 
analyses because the former was never detected in environmental 
samples nor blanks, and the latter was too volatile (logKOA around 5) for 
an accurate determination of passive sampling rates. Instrumental LOQs 
(10 times the signal-to-noise ratio, s/n) were between 0.12 and 0.25 pg 
in-column, or 6.25–12.5 pg sampler− 1, which correspond to 0.01–0.03 
pg m− 3 for mean PAS effective sampled volumes. 

2.3. Blanks 

Field and laboratory blanks were analyzed with the samples of each 
campaign for controlling background, transport, and processing 
contamination as well as for estimating sampling rates. The PUF blanks 
were cleaned, stored, and transported in the same conditions as the 
samples, both before and after exposure. In order to avoid any 
contamination of the PUF-PASs, pre-cleaned handling equipment, tools, 
and wrapping material were used as well as air-tight sealing bags for 
transport and storage. The blanks were spiked with PRCs and exposed to 
the ambient air during deployment and retrieval operations, and then re- 
sealed and stored at − 20 ◦C for the duration of the sampling campaign 
and until extraction. Blank levels were on average 36% of the sample 
amounts for TBP, 42% for TCEP, 25% for TCIPP, 19% for TDCIPP, and 
27% for TPHP, and were subtracted from the sample concentrations. The 
TPHP atmospheric concentrations at the Redon sampling site showed a
local contamination. 

2.4. Sampling rates (RS) 

Effective sampled air volumes (VA, m3) for the conversion from OPE 
amounts per sampler to air concentrations were calculated using 
Equation (1) (Harner et al., 2013): 

VA =VPUF K ′
PUF− A

[

1 − exp
(

− kA t
K′

PUF− A Dfilm

)]

(1)  

where K’PUF-A (unitless) is the density-corrected sampler-air partition 
coefficient (KPUF-A × PUF density) of the pollutant, kA (m d− 1) is the air- 
side mass transfer coefficient, t (d) is the duration of the sampling 
campaign, and VPUF (m3) and Dfilm (m) are the volume and effective film 
thickness of the PUF disk, respectively. This is a degree-of-equilibrium 
model that accounts for all stages of the uptake of compounds (i.e., 
linear, curvilinear, and equilibrium). 

The KPUF-A values were determined for each compound using the 
relationship proposed by Shoeib and Harner (2002) (logKPUF-A = 0.6366 
× logKOA (T) – 3.1774) from octanol-air partition coefficients (KOA) 
calculated at the average temperature of each sampling campaign 
(Wang et al., 2017). The kA values were determined from the in-situ 
calibration of each sampler by PRC depletion using Equation (2): 

kA =
RS

APUF
=

ln(C/C0) K′
PUF− A Dfilm

t
(2)  

where C/C0 is the ratio between PRC amounts found in exposed sam-
plers after their retrieval and in non-exposed blanks, APUF (m2) is the 
total surface area of the sampler disk, and K’PUF-A references the parti-
tion coefficient of the PRCs calculated from their temperature-corrected 
KOA (Harner, 2021). 

2.5. RS uncertainties 

Uncertainties in PAS sampling rates are a matter of concern and need 
to be monitored. Potential sources of uncertainty for the sampler 
configuration used in the context of the present study area have been 
discussed elsewhere (Prats et al., 2021b). The Rs experimental errors 
were determined as relative standard deviation of the replicates (RSD, 
%), and estimated theoretical expanded uncertainties (EU, %). The EUs 
were measured as propagated uncertainties of the sampling rates (δRS) 

calculated with the PRCs by propagation of the errors of the variables 
involved in the calculations. 

Substituting KPUF-A for its temperature-corrected octanol-air parti-
tion coefficient (KOA(T)) dependence relationship (Shoeib and Harner, 
2002) in a rearranged Equation (2), we obtain: 

RS =

− ln

(

C/C0

)

Dfilm ρPUF 10(0.6366 logKOA (T) − 3.1774)APUF

t

= k ln
(

C/C0

)

10(b logKOA (T) − a)
(3)  

where ρPUF is the density of the PUF, and where simplifications can be 
made by grouping all constants (k) and renaming the coefficients in the 
exponential term (a and b). Thus, the δRS can be calculated as the square 
root of the sum of squares of the partial derivatives of RS with respect to 
the non-constant variables, C/C0 and KOA, multiplied by their respective 
squared uncertainties: 

δRS =

̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅⎛
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√
√
√
√
√
√

δ2
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+

(
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∂KOA (T)

)2
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=

=
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2 +

(
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(

C/C0

))2

δ2
KOA (T)

(4) 

The uncertainties of the variables can be estimated from further 
propagation of C/C0 calculation error (from instrumental and peak 
integration and quantification standard errors) and from PRC KOA(T) 
standard errors reported elsewhere (Harner and Bidleman, 1996). 
Finally, the EUs are calculated as twice the resulting propagated un-
certainty to account for other undefined sources of error such as in 
temperature correction relationships. 

3. Results and discussion 

3.1. Average Rs 

The overall average RS calculated by PRC calibration of all cam-
paigns at each site was 3.2 ± 0.7 m3 d− 1 (n = 43), ranging from 1.6 to 
4.5 m3 d− 1 for individual samples (Table S2). These rates were in the 
range of previous reports in remote mountain regions (Estellano et al., 
2008; Meire et al., 2012; Ren et al., 2014), and close to the general es-
timate of 4 m3 d− 1 in most PUF-PAS studies (Herkert et al., 2018). 

The RSD of the Rs replicates were between 1.5 and 33% (Table S2) 
and averaged 14%, generally staying within an acceptable RSD of 25% 
with only two higher exceptions in the longest running campaigns. Most 
RSDs for each site across campaigns were between 6 and 15% with one 
exception at 25% (corresponding to the highest and coldest site), while 
campaign means across sites were between 12 and 23% with the 
exception of the longest campaign (40%). 

The overall average EU was 19%, ranging between 11 and 34% 
(Table S2). Therefore, the experimental RSDs and the theoretical EUs 
were close to each other, indicating limited overall experimental errors 
and good performance of PUF-PASs for monitoring semi-volatile organic 
compounds in remote high-mountains despite the meteorological con-
ditions of these areas being outside the typical range of application of 
these samplers. 

3.2. Effective sampled air volumes 

The average effective sampled air volumes calculated from the Rs 
ranged from 475 to 662 m3 depending on the compound (Table S3), with 
values increasing with KOA. Individual replicate volumes were as low as 
284 m3 and as high as 1692 m3 depending on the sampling site and 
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period. However, it has been argued that the widely-used KPUF-A–KOA 
relationship from Shoeib and Harner (2002) may not hold true for all 
compound classes such as OPEs, proposing a new OPE-specific regres-
sion similar in slope but with a higher intercept (logKPUF-A = 0.6087 ×
logKOA (T) + 2.3821) (Saini et al., 2019a). This difference was attributed 
to the higher polarity and hydrophilicity of OPEs generating additional 
interactions with the PUF material that enhance their partitioning be-
tween air and sampler. Enhanced partitioning towards the particle phase 
relative to their KOA has also been observed for some OPEs (Salamova 
et al., 2014a; Sühring et al., 2016b), possibly driven by molecular in-
teractions that could also explain the increased partitioning towards 
PUFs (Saini et al., 2019a). Still, PUF-PASs have been shown to perform 
well for OPEs and other compounds with high KOA and particle associ-
ation tendency (Harner et al., 2013; Markovic et al., 2015; Rauert et al., 
2016). Moreover, smaller partition ratios towards the particle phase 
have been suggested for some OPEs based on KOA models (Sühring et al., 
2016b), so a similar argument could be made for their PUF-air parti-
tioning capabilities. 

We used both proposed KPUF-A–KOA relationships to calculate effec-
tive sampled volumes for comparison. The newer one yielded KPUF-A 
values one-log units higher than the original equation, which resulted in 
PUF-air partitioning conditions farther from equilibrium and closer to 
strictly linear exchange than the original one. This change was moder-
ately noticeable for OPEs with lower KOA like TBP and TCEP, resulting in 
increased sampled volumes (34 and 26% higher on average, respec-
tively) (Table S3). However, OPEs with logKOA well above 9 like TCIPP, 
TDCIPP, and TPHP already presented partitioning conditions distant 
from equilibrium. Therefore, their sampled volumes were not dependent 
on KOA, being instead only proportional to the length of the sampling 
period and the measured sampling rate. Thus, the application of the 
newer KPUF-A–KOA relationship yielded only 0–10% higher volumes 
(Table S3). Although these differences were somewhat relevant for TBP 

and TCEP and worth discussing since they add to the overall uncertainty 
of PAS-derived OPE concentrations in air, they were of an acceptable 
magnitude, so the original relationship proposed by Shoeib and Harner 
was chosen for consistency and comparability with previous studies, as 
recommended in the most recent calculation template available at the 
time of this analysis (Harner, 2021). Furthermore, the equation pro-
posed by Saini et al. (2019a) only relies on modeled KOA values of three 
aliphatic OPEs, so future work in passive OPE monitoring should focus 
on further studying PUF-air partitioning and equilibrium including 
chlorinated compounds regardless of the assumed linearity of their 
uptake. 

3.3. OPEs in the atmospheric gas phase 

Most OPEs are prominently bound to the atmospheric particle phase. 
PUF-PAS samplers have occasionally been shown to collect particle- 
bound pollutants at rates similar to gas-phase compounds, with parti-
cle infiltration efficiencies of the sampler housing configurations up to 
100% compared to air outside the sampler (Markovic et al., 2015). Thus, 
OPE concentrations measured by PUF-PAS are often reported as total 
atmospheric OPEs instead of gas-phase concentrations. However, we 
have previously shown that the sampler configuration used in this study 
and in this location performed mainly as a gas phase sampler through 
the estimation of low (16–23%) experimental particle infiltration effi-
ciencies (Prats et al., 2021b). Moreover, PAS OPE concentrations agreed 
with high-volume gas-phase measurements, while particle-phase OPE 
concentrations were up to two orders of magnitude higher (Prats et al., 
2021b). Therefore, concentrations in this work will be presented as 
gas-phase OPE levels, although a limited contribution of particle-bound 
OPEs could still be expected. 

The mean OPE gas-phase concentrations for each sampling period at 
each studied site are summarized in Table 2. The sums of OPE 

Table 2 
Mean organophosphate ester (OPE) concentrations (pg m− 3) for each sampling period at each site (±standard deviation of the replicates).  

Site Perioda Temperature TBP TCEP TCIPP TDCIPP TPHP 
∑

OPE 

Llebreta I 7.1 3.3 ± 2.6 1.2 ± 0.1 16 ± 6 2.7 ± 0.9 4.8 ± 1.7 28 ± 12 
(1619 m) II 7.6 1.2 ± 0.2 1.5 ± 0.7 23 ± 1 0.3 6.1 ± 0.1 32 ± 0.5  

III 12.3 2.4 ± 0.2 13 ± 1 69 ± 19 1.5 ± 0.9 15 ± 3.0 101 ± 23  
IV 10.6 0.8 ± 0.4 2.9 ± 0.8 56 ± 7 0.3 ± 0.2 11 ± 3.0 71 ± 11  
V 10.0 0.2 3.4 ± 0.7 28 ± 0.2 0.3 ± 0.1 3.6 ± 1.9 35 ± 1.4  
Mean  1.6 ± 1.2 4.4 ± 4.9 38 ± 23 1.0 ± 1.1 8.1 ± 4.9 53 ± 32 

Llong I 2.5 1.8 ± 0.3 0.4 3.9 ± 0.4 BDLb 2.3 ± 1.0 8.2 ± 1.4 
(2000 m) II 3.5 1.0 ± 0.3 1.4 ± 0.7 8.9 ± 1.9 0.6 ± 0.6 5.1 ± 0.7 17 ± 2.8  

III 9.0 2.1 ± 0.3 14 ± 0.1 11 ± 0.4 2.2 ± 0.5 23 ± 0.1 53 ± 1.1  
Mean  1.6 ± 0.6 5.4 ± 7.8 8.0 ± 3.7 1.4 ± 1.1 10 ± 11 26 ± 24 

Sarradé I 4.8 2.9 ± 1.5 BDL 4.9 ± 5.7 4.3 ± 4.1 8.3 ± 1.1 20 ± 4.3 
(2123 m) II 4.3 1.0 ± 0.3 2.8 ± 0.2 5.3 ± 3.6 0.4 ± 0.4 7.6 ± 2.3 17 ± 6.8  

IIIc 9.9 1.4 8.7 3.2 0.9 12 26  
IVc 7.2 1.2 5.1 10 1.0 6.5 24  
V 7.4 0.2 ± 0.01 4.0 ± 1.0 11 ± 2 0.3 ± 0.2 3.2 ± 0.02 19 ± 1.6  
Mean  1.3 ± 1.0 5.2 ± 2.5 6.9 ± 3.5 1.4 ± 1.6 7.5 ± 3.1 20 ± 3.6 

Redon II 0.7 1.2 ± 0.2 3.4 ± 1.5 6.0 ± 3.1 2.0 ± 0.9 1094d 13 ± 4e 

(2240 m) III 6.8 2.7 ± 0.02 23 ± 5 21 ± 1 3.2 ± 0.9 376 ± 71d 50 ± 6.7e

IV 4.1 0.9 ± 0.1 3.0 ± 0.2 20 ± 10 2.3 ± 1.0 1460 ± 78d 26 ± 11e  

Vc 4.2 0.2 1.7 18 0.9 180d 20e

Mean  1.2 ± 1.0 7.8 ± 10 16 ± 7 2.1 ± 0.9 777 ± 601d 28 ± 16e 

Dellui I 1.4 2.4 ± 0.7 6.3 ± 6.1 11 ± 8 0.9 ± 1.0 2.3 ± 0.2 23 ± 16 
(2349 m) II − 0.7 0.3 ± 0.1 1.4 ± 0.4 1.3 ± 0.3 0.7 ± 0.4 1.6 ± 0.1 5.3 ± 0.5  

III 7.2 0.8 ± 0.03 11 ± 2 2.0 ± 1.2 1.3 ± 1.3 4.1 ± 1.7 19 ± 6.1  
Mean  1.2 ± 1.1 6.1 ± 4.6 4.9 ± 5.6 0.9 ± 0.3 2.7 ± 1.3 16 ± 9.4 

Collada I 1.6 2.6 ± 0.6 0.3 ± 0.1 8.4 ± 4.0 1.4 ± 0.5 8.6 ± 4.4 21 ± 0.7 
(2453 m) II − 0.7 0.4 ± 0.1 4.7 ± 2.4 3.7 ± 1.4 2.3 ± 1.9 0.7 ± 0.3 12 ± 2.3  

III 7.1 1.1 ± 0.3 16 ± 3 1.9 ± 0.3 2.5 ± 0.1 3.8 ± 1.4 26 ± 1.9  
Mean  1.4 ± 1.1 7.1 ± 8.4 4.7 ± 3.3 2.1 ± 0.6 4.4 ± 4.0 20 ± 7.2  

a Sampling periods: I, 09/17–01/18; II, 01/18–07/18; III, 07/18–12/18; IV, 12/18–09/19; V, 09/19–10/20. 
b Below detection limit. 
c Replicates lost due to extreme weather conditions. 
d Sampling site affected by local contamination. 
e Not including TPHP. 
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concentrations were between 5.3 and 100 pg m− 3, averaging 16–53 pg 
m− 3 across campaigns at the different locations. The concentrations of 
individual OPEs ranged between below detection limits (BDL, 3 × s/n) 
and 69 pg m− 3, except for samples from Redon site that was found to 
have a local source of TPHP. The average concentrations and ranges 
were 15 ± 17 (1.3–69) pg m− 3 (TCIPP), 6.8 ± 5.5 (0.7–23) pg m− 3 

(TPHP, not including Redon sampling site), 5.9 ± 6.1 (BDL–23) pg m− 3 

(TCEP), 1.5 ± 1.1 (BDL–4.3) pg m− 3 (TDCIPP), and 1.4 ± 0.9 (0.2–3.3) 
pg m− 3 (TBP) (Table 2). 

The TPHP atmospheric concentrations at the Redon site were un-
usually high in all samples, 777 ± 601 pg m− 3, compared to those from 
the other studied sites, 2.7–10 pg m− 3 (Table 2). These high concen-
trations were comparable to those found in urban sites in Canada (Saini 
et al., 2019b), China (Liang et al., 2020), and other megacities (Saini 
et al., 2020) (Table 3). These unusual results suggested a local source of 
TPHP contamination. Lake Redon has a small cabin built in the 1990s for 
storage purposes, basic research operations, and shelter whose wall 
panels are filled with insulating foam. Samples from this foam were 
extracted with acetonitrile and analyzed. TPHP contributed to 99.7% of 
the total OPEs in the insulation material, followed by TCIPP at 0.3% 
(Figure S2). On the other hand, TPHP averaged 94% of total OPEs in air 
samples at the Redon sampling site, while in the other locations it 
ranged between 15 and 35% (Figure S2). The concentrations of TPHP in 
Redon were therefore not considered. 

All OPE results from the Pyrenean mountains were much lower than 
those reported in land areas under anthropogenic influence (Table 3). 
Comparison of the results from the present study with those available 
from continental remote sites (Rauert et al., 2018b; Wang et al., 2019; 
Wang et al., 2020, Table 3) showed that the results from the mountain 
areas were also lower than or in the range of those in these remote re-
gions. The Pyrenean mountain values of TBP, TCEP, TCIPP, TDCIPP and 
TPHP showed ranges of 0.2–3.3, BDL–23, 1.3–69, BDL–4.3, and 0.7–23 
pg m− 3, respectively, whereas those reported in continental remote re-
gions were in ranges of BDL–107, 1.4–580, BDL–1400, BDL–30, and 
BDL–250 pg m− 3, respectively (Table 3). 

In general, the concentrations of these compounds did not exhibit 
significant correlations. Such correlations are often reported in atmo-
spheric studies in urban sites or at an intermediate distance from 

primary OPE sources (Saini et al., 2019; Wu et al., 2020). In contrast, 
non-significant correlations have been reported between atmospheric
OPE concentrations in some highly industrialized sites (Kurt-Karakus
et al., 2018), which could be due to the use of individual compounds 
instead of mixtures in applications and products (van der Veen and de
Boer, 2012). Additionally, no correlations between gaseous OPEs were 
reported in remote sites such as Antarctica and the Arctic (Wang et al., 
2020; Han et al., 2020). More than source emission strength, this could 
reflect different fates of OPEs due to long-range transportation, depo-
sition, and degradation potential. Thus, the lack of significant correla-
tions we report may be a result of the remoteness of the studied area. 

TCIPP dominated the concentration profiles (46 ± 23%), followed by 
TPHP (25 ± 13%), TCEP (21 ± 18%), TDCIPP (7 ± 9%), and TBP (6 ±
5%). This is consistent with TCIPP often being reported as the dominant 
OPE in most studies, both in particle phase (Clark et al., 2017; Salamova 
et al., 2014b; van Drooge et al., 2018; Wu et al., 2020) including samples 
from oceanic transects (Castro-Jiménez et al., 2016), and in gas-phase 
samples from global passive sampling monitoring programs (Rauert 
et al., 2016, 2018b) and outdoor air samples from Germany (Zhou et al., 
2017), China (Cao et al., 2019; Wang et al., 2018, 2020b), Egypt (Khairy 
and Lohmann, 2019), and Canada (Saini et al., 2019b). TCIPP was also 
dominant in all OPE distributions from sites under anthropogenic in-
fluence in Table 3 except for one case (Costa Rica, Wang et al., 2019), 
and in some remote areas (e.g., polar Arctic, Rauert et al., 2018b). In 
other remote areas, TBP (Uganda, Wang et al., 2019) or TCEP (western 
Antarctic Peninsula; Wang et al., 2020) dominated the concentration 
profiles (Table 3). TCIPP is widely used as a foam and polymer additive 
since the phase-out of previously available flame retardant commercial 
mixtures (Dodson et al., 2012), constituting one of the OPEs of highest 
production (van der Veen and de Boer, 2012). TCIPP has also progres-
sively replaced other OPEs like TCEP in many applications (Quednow 
and Püttmann, 2009), mainly for toxicity considerations (Sühring et al., 
2016a; Wang et al., 2020). Moreover, TCIPP, as a chlorinated OPE, has a 
stronger persistence potential than alkyl and aryl OPEs (Reemtsma et al., 
2008) and has been characterized as a persistent and mobile organic
compound (Li et al., 2017; Rodgers et al., 2018). 

TCIPP was also the first or second OPE in highest absolute and 
relative concentration in all Pyrenean mountain sites (Table 2; 

Table 3 
Continental atmospheric gas-phase OPE concentration ranges (pg m− 3) reported in the recent years, sampled using polyurethane foam passive air sampling (PUF) and 
high-volume active air sampling (HiVol).  

Site Sampling TBP TCEP TCIPP TDCIPP TPHP Reference 

Remote and protected regions 
Pyrenees PUF 0.2–3.3 BDLa-23 1.3–69 BDL-4.3 0.7–23 b This study 
Polar Arctic c PUF BDL-8.8 6–580 BDL-1400 BDL-30 BDL-250 Rauert et al. (2018b) 
Uganda (protected area) PUF 44–107 36–150 30–69 – – Wang et al. (2019) 
W Antarctic Peninsula HiVol 1.7–92 1.4–272 1.2–174 BDL-4.8 0.6–25 Wang et al. (2020) 
Urban and other sites, including global monitoring networks 
Latin America and Caribbean d PUF BDL-2100 BDL-1924 BDL-2800 BDL-252 BDL-1475 Rauert et al. (2016), 2018a, 2018b 
Asia Pacific PUF – BDL-350 BDL-1570 – BDL-115 Rauert et al. (2018a) 
Europe PUF – BDL-390 BDL-1170 – BDL-65  
North America PUF – BDL-430 BDL-1140 – BDL-210  
South Africa PUF – BDL-120 BDL-180 – BDL-23  
Turkey (industrial) PUF – BDL-136 214–4918 – 130–302 Kurt-Karakus et al. (2018) 
Turkey (background) PUF – 45–112 100–385 – 66–147  
Canada (urban) PUF 53–1030 BDL-732 98–2180 5.3–773 BDL-1120 Saini et al. (2019) 
Costa Rica (rural and protected land) PUF 162–5667 55–1392 55–396 – – Wang et al. (2019) 
China (Tianjin) PUF BDL-146 BDL-53 BDL-3053 0.8–53 BDL-1278 Liang et al. (2020) 
GAPS Megacities e PUF 16–165 74–2660 88–10500 4.3–978 24–2100 Saini et al. (2020) 
China (Dalian) PUF 12–337 55–794 157–3045 17–1070 10–164 Wang et al. (2020) 
Great Lakes HiVol BDL-218 BDL-423 BDL-572 BDL-42 BDL-228 Wu et al. (2020)  

a Below detection level. 
b Not including samples from Redon (see the main article). 
c Samples from Alert (NU, Canada), Barrow (AK, USA), St. Lawrence Island (AK, USA), and Ny-Ålesund (Norway). 
d Samples from Mexico, Costa Rica, Colombia, Brazil, Bolivia, Chile, and Argentina. 
e Samples from Toronto, New York, Sydney, Istanbul, London, Madrid, São Paulo, Bogotá, Ciudad de México, Santiago de Chile, Buenos Aires, Warsaw, Kolkata, 

Beijing, Bangkok, Tokyo, New Delhi, Lagos, and Cairo. 
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Figure S2), presenting the highest concentration in Llebreta (1619 m). 
However, the sites located at higher altitudes (>2300 m) showed an OPE 
distribution dominated by TCEP. This compound has a lower volatili-
zation enthalpy, 81.5 kJ mol− 1, than TCIPP, 84.7 kJ mol− 1 (Table 4), 
entailing lower octanol–air and air–water partition coefficients (logKOA 
and logKAW), 8.39 and − 2.69, respectively, than TCIPP, 9.75 and − 1.53. 
TCIPP therefore has a weaker tendency to remain in the gas phase than 
TCEP. Consequently, TCEP would be less affected by retention and 
accumulation on surfaces at lower temperatures and thus remain in the 
gas phase in greater proportion compared to TCIPP. Accordingly, a 
regression of TCEP/TCIPP ratios in each mountain site, excluding the 
locally contaminated Redon, against the reciprocal of the average tem-
perature for the sampling periods (Fig. 2) shows a significant correla-
tion, R2 = 0.9153, p < 0.02, indicating that the colder sites contained a 
higher proportion of TCEP than TCIPP. 

3.4. Temperature dependence 

Fig. 3 shows the temperature trends of OPE concentrations in the 
atmospheric gas phase. All compounds except TDCIPP showed negative 
slopes when regressed against the reciprocal of the absolute tempera-
ture, indicating increased gas-phase concentrations at higher tempera-
tures. TCEP, TCIPP, and TPHP presented statistically significant 
regressions (p < 0.05, Table 4). Contrarily, TBP and TDCIPP did not. The 
squared Spearman’s correlation coefficients (R2) for the significant re-
gressions were moderate, between 0.17 and 0.38 (Table 4). Note that 
samples below detection limits were not included in the regressions, and 
neither were the OPE levels from the Redon site. It must also be noted 
that these correlations are set in a somewhat narrow mean temperature 
range (− 0.7 to 12.3 ◦C), which may be a source of uncertainty. Finally, a 
higher uncertainty in the low concentrations of TBP and TDCIPP 
compared to the other OPEs should not be excluded as a contributing 
factor to the lack of temperature correlations observed for these two 
compounds. 

Similar statistically significant associations that imply higher atmo-
spheric gas-phase OPE concentrations at higher temperatures have also 
been observed in some studies in sites under anthropogenic influence 
(Kerric et al., 2021; Saini et al., 2019b; Wong et al., 2018) which were 
mostly attributed to changes in primary emissions. They were also 
consistent with other studies showing increased OPE concentrations in 
the warmer seasons of the year (Ohura et al., 2006; Salamova et al., 
2014b, 2016; Wang et al., 2018; Wu et al., 2020). However, no corre-
lations with temperature were found for many OPEs in urban air in 
Canada (Shoeib et al., 2014) or areas receiving human inputs in the 
Great Lakes (Ma et al., 2021). Temperature dependences of opposite sign 
were observed for TBP in Canadian urban areas (Saini et al., 2019b). 
Concerning remote sites, a correlation between TBP concentrations and 
temperature was observed in the western Antarctica Peninsula but not 
for the other OPEs (Wang et al., 2020). The observed correlation was 
attributed to the inputs of an airport located at 3 km from the sampling 
site. 

In remote high-mountain areas, located away both in distance and in 
altitude from primary pollutant sources, direct temperature 

dependences may be explained by secondary emissions (i.e., re- 
evaporation from surfaces at higher temperatures). However, increases 
in atmospheric concentrations near emission sources and advection of 
air masses towards the remote sampling sites cannot a priori be dis-
carded. The slopes of the observed correlations can provide information 
to discriminate between these two possible options. They afford the 
calculation of the experimental enthalpies of vaporization, ΔvapH, which 
has been proposed to elucidate between long-range atmospheric trans-
port and secondary volatilization in the vicinity of the sampling location 
because ΔvapH values close to laboratory measurements are character-
istic of the second option (Wania et al., 1998; Rauert et al., 2014). 

Internal energies of phase change (ΔvapU, J mol− 1) were estimated 
from the linear regression of lnCa (expressed on a mass per volume basis 
instead of partial pressure) against 1/T (K− 1) since slope = –ΔvapU/R 
(where R is the ideal gas constant, J K− 1 mol− 1), and were transformed 
into enthalpies following ΔH = ΔU – RT (Atkinson and Curthoys, 1978). 
The calculated enthalpy values were 93, 117, and 94 kJ mol− 1 for TCEP, 
TCIPP, and TPHP respectively (Table 4). The enthalpies of TCEP and
TPHP were very close to those obtained in laboratory conditions, and 
that of TCIPP slightly higher, but still within the confidence interval. 
This agreement is consistent with a dominance of secondary sources in 
the control of gas-phase concentration trends with temperature. 

3.5. Secondary sources 

Snow, soil, vegetation, water, and deposited atmospheric particles 
are some of the possible secondary sources in remote areas when 

Table 4 
Linear regression of the natural logarithm-transformed gas-phase OPE concentrations against the reciprocal of the absolute temperature, and experimental enthalpies 
of phase change (ΔvapH) calculated from the regression slopes.   

lnCa vs. 1/T (K− 1) Experimental enthalpies Reference enthalpies of volatilization 

Slope (K) R2 (Spearman) p a ΔvapH (KJ mol− 1) 95% CI ΔvapH (KJ mol− 1) Standard error Reference 

TBP − 2510 0.002 0.823 – – 80.6 ±1.6 Panneerselvam et al. (2007) 
TCEP − 11467 0.222 0.004 93 ±58 81.5 ±10 Okeme et al. (2020) 
TCIPP − 14326 0.388 5E-5 117 ±54 84.7 ±11 Okeme et al. (2020) 
TDCIPP 1625 0.021 0.407 – – 91.2 ±3.2 Okeme et al. (2020) 
TPHP − 11603 0.380 1E-4 94 ±36 92.8 ±3.2 Okeme et al. (2020)  

a Statistically significant correlations (p < 0.05) marked in bold. 

Fig. 2. Correlation of the average TCEP/TCIPP ratios in each site with average 
temperatures of the sampling periods. 
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significant correlations involving higher atmospheric concentrations at 
higher temperature are observed. Temperature trends similar to those 
reported in this study were attributed to volatilization of chlorinated 
OPEs from water bodies in the Canadian Arctic (Sühring et al., 2016a), 
by secondary emissions and gas-particle partitioning of TCEP, TCIPP, 
and TDCIPP in China (Wang et al., 2020a), and secondary TBP emissions 
from soil and water bodies in the Great Lakes (Ma et al., 2021). How-
ever, the high-mountain areas in the Pyrenees are covered with snow 
most of the year and, therefore, snow is a preliminary source to consider. 
In addition, the sampling sites above 2000 m (Sarradé, Redon, Dellui, 

and Collada) were located above the tree line, so the vegetation was very 
scarce. 

The snow thawing or freezing conditions of the measured concen-
trations are represented in Fig. 3. This information was obtained from 
the snow heights recorded at the Redon site throughout the studied 
period (Fig. 4). Samplings I and II (“frozen snow” periods) had different 
conditions than samplings III, IV, and V (“snow thawing” periods). 
Period III had practically no snow, and in IV and V the samplers were 
deployed after a long period of thaw. In contrast, sampling II was 
characterized by a large accumulation of snow, and sampling I started at 

Fig. 3. Representation of the atmospheric gas-phase OPE concentrations of all air sample replicates (lnCa) against average temperature of the sampled period (1/T). 
The TPHP concentrations from Redon are not included. 

Fig. 4. Snow heights measured in Redon station during the whole sampling period.  
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the end of summer after a long period of potential OPE evaporation from 
snow and soils and ended in a period of frozen snow, hence why it was 
also considered a “frozen snow” period. As seen in Fig. 3, almost all 
measurements showing high atmospheric OPE concentrations were 
recorded under snowmelt conditions. The difference between mea-
surements obtained in thawing or freezing conditions is especially clear 
for OPEs that showed a significant correlation with temperature. This 
difference suggests that the snow may have played a role as a reservoir 
for long-range atmospheric transported OPEs, including the fraction 
associated with particles, which may have been subsequently released 
into the atmospheric gas phase when the snow thawed and the soils were 
uncovered at higher temperatures. 

Accumulation of OPEs in snow has been reported both in low and high 
elevation urban areas (Regnery and Püttmann, 2009; You et al., 2022) 
and in remote sites (Li et al., 2017; Xie et al., 2020). Furthermore, snow 
melting has been shown to be a main driver of OPE transport between 
environmental compartments in the Arctic (Gustavsson et al., 2019), and 
several studies have documented that snow can accumulate long-range 
atmospheric transported organic pollutants in high-mountain areas that 
can be released upon seasonal thawing in spring or even summer (Are-
llano et al., 2011, 2015, 2018; Grimalt et al., 2009). 

This implies that OPEs can reach these remote mountain areas after 
long-range atmospheric transport, partly bound to atmospheric parti-
cles, and settle onto surfaces by means of dry and wet deposition. Most 
available surfaces in the studied area during low-temperature seasons 
are covered by snow, which may accumulate a significant portion of 
pollutants and subsequently release them into the gaseous phase as the 
temperature increases and the snow thaws. Moreover, as snow melts and 
uncovers soil surfaces, an important fraction of pollutants becomes 
trapped in soils and may also evaporate directly towards the atmo-
spheric gas phase. Therefore, future studies should consider a broader 
approach by including the analysis of snow, soil, and atmospheric 
deposition samples that complement atmospheric measurements in 
remote areas. 

4. Conclusions 

The gas-phase concentrations of OPEs (ΣOPEs 2.2–120 pg m− 3) in 
high mountain sites (>1600 m asl) were much lower than those 
observed in areas under anthropogenic influence, but also than those 
found in some low altitude remote continental sites (ΣOPEs 4.9–2300 
pg m− 3). The altitudinal gradient formed by the sampling locations 
showed a significant and progressive change in the predominant OPE 
distribution that implies the prevalence of TCIPP or TCEP below or 
above 2300 m asl, respectively. This trend is consistent with the vola-
tilization enthalpies, logKOA, and logKAW of these compounds, entailing 
a lower volatility for TCIPP, which is retained by surfaces to a greater 
extent at lower temperatures and thus decreasing in proportion in the 
gas phase relative to TCEP. 

The concentrations of the OPEs, i.e., TCEP, TCIPP, and TPHP showed 
statistically significant dependences with temperature, being higher at 
warm values. These trends can be explained by the retention of these 
compounds in the colder periods, predominantly in snow, and release 
into air during snowmelt. In this respect, a good agreement was found 
between their vaporization enthalpies measured under laboratory con-
ditions and the experimental values obtained from the slopes of the 
significant linear regressions with temperature. 
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Table S3.1. Ion transitions (m/z) and collision energies (CE) used in GC-MS/MS (MRM mode) for the 
identification and quantification of target compounds and their respective recovery standards. 
 Abbreviation Quantifier m/z (CE, eV) Qualifier m/z (CE, eV) 
Tributyl phosphate TBP 99→81 20 99→63 38 
Tris(2-chloroethyl) phosphate TCEP 249→125 10 249→99 32 
Tris(1-chloro-2-propyl) phosphate TCIPP 125→81 29 125→99 12 
Tris(1,3-dichloro-2-propyl) phosphate TDCIPP 191→155 5 191→75 11 
Triphenyl phosphate TPHP 326→215 25 326→169 32 
Tributyl phosphate-d10 TBP-d27 103→83 20 103→63 43 
Tris(2-chloroethyl) phosphate-d12 TCEP-d12 261→131 9 261→131 30 
Tris(1-chloro-2-propyl) phosphate-d18 TCIPP-d18 131→83 30 131→103 11 
Tris(1,3-dichloro-2-propyl) phosphate-d15 TDCIPP-d15 197→160 4 197→79 12 
Triphenyl phosphate-d15 TPHP-d15 341→223 26 341→243 11 

 

 

Table S3.2. Mean sampling rates (RS, m3 d-1) ± standard deviations of the replicates (SD), experimental 
errors calculated as relative standard deviation of the replicates (RSD, %), and estimated theoretical 
expanded uncertainties (EU, %). 
 Sampling period I II III IV V Mean 
Llebreta RS ± SD 2.7 ± 0.3 2.7 ± 0.1 2.4 ± 0.04 2.2 ± 0.7 2.0 ± 0.7 2.4 ± 0.3 
 RSD 10 4.8 1.5 30 33 12 
 EU 22 19 18 15 12 17 
Llong RS ± SD 3.4 ± 0.7 3.8 ± 0.7 3.7 ± 0.1 - - 3.6 ± 0.2 
 RSD 21 17 2.1 - - 5.9 
 EU 23 18 16 - - 19 
Sarradé RS ± SD 3.5 ± 0.7 3.2 ± 0.3 3.5 a 3.1 a 2.8 ± 0.5 3.2 ± 0.3 
 RSD 18 7.9 - - 18 9.3 
 EU 20 20 16 15 11 16 
Redon RS ± SD - a 3.8 ± 0.1 3.2 ± 0.7 3.6 ± 0.4 4.5 a 3.7 ± 0.5 
 RSD - 1.8 23 12 - 15 
 EU - 16 19 15 11 15 
Dellui RS ± SD 3.7 ± 0.4 3.3 ± 0.2 3.6 ± 0.3 - - 3.5 ± 0.2 
 RSD 10 6.0 8.6 - - 6.3 
 EU 23 24 17 - - 21 
Collada RS ± SD 3.5 ± 0.8 2.1 ± 0.1 3.0 ± 0.7 - - 2.9 ± 0.7 
 RSD 22 4.7 24 - - 25 
 EU 24 34 19 - - 26 
Mean RS ± SD 3.4 ± 0.4 3.1 ± 0.7 3.2 ± 0.5 3.0 ± 0.7 3.1 ± 1.2 - 
 RSD 12 21 15 23 40 - 
 EU 22 22 18 15 11 - 
a Replicate lost or sample not collected due to extreme weather conditions. 
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Table S3.3. Effective sampled air volumes (m3, average of the replicates) calculated from sampling rates 
using two different KPUF–A–KOA relationships in the literature. 
 Shoeib and Harner, 2002 a Saini et al., 2019 b 

 logKPUF–A = 0.6366 × logKOA (T) – 3.1774 logKPUF–A = 0.6087 × logKOA (T) + 2.3821 
 TBP TCEP TCIPP TDCIPP TPHP Mean TBP TCEP TCIPP TDCIPP TPHP Mean 
logKOA

c 7.55 7.98 9.68 10.6 10.9  7.55 7.98 9.68 10.6 10.9  

Sampling period I 
Llebreta 302 326 357 359 359 341 353 356 359 360 360 358 
Llong 391 423 462 464 464 441 457 460 465 465 465 462 
Sarradé 389 426 472 475 476 448 467 471 476 477 477 474 
Dellui 410 443 482 484 485 461 477 481 485 485 485 483 
Collada 390 420 455 458 458 436 451 454 458 459 459 456 
 376 408 446 448 448  441 445 449 449 449  

Sampling period II 
Llebreta 359 395 442 446 446 418 437 442 447 447 447 444 
Llong 487 543 614 618 619 576 605 612 620 620 621 616 
Sarradé 423 466 519 523 523 491 513 518 524 524 524 521 
Redon 791 930 1117 1130 1132 1020 1092 1111 1134 1135 1135 1121 
Dellui 460 496 538 541 541 515 533 537 542 542 542 539 
Collada 309 324 341 342 343 332 339 341 343 343 343 342 
 472 526 595 600 601  586 593 601 602 602  

Sampling period III 
Llebreta 297 330 374 377 378 351 370 374 379 379 379 376 
Llong 429 490 574 580 581 531 565 573 582 583 583 577 
Sarradé 404 460 537 544 545 498 529 537 546 546 546 541 
Redon 390 432 488 492 492 459 481 487 493 493 493 489 
Dellui 434 489 562 567 568 524 554 561 569 570 570 565 
Collada 374 414 466 469 470 439 460 465 471 471 471 467 
 388 436 500 505 506  493 499 507 507 507  

Sampling period IV 
Llebreta 478 569 705 716 718 637 691 704 720 721 722 712 
Sarradé 615 744 936 951 953 840 913 932 956 957 958 943 
Redon 698 835 1029 1044 1046 930 1005 1025 1048 1050 1050 1035 
 597 716 890 904 906  869 887 908 910 910  

Sampling period V 
Llebreta 537 654 837 853 855 747 817 836 858 860 860 846 
Sarradé 655 810 1050 1069 1072 931 1021 1046 1076 1078 1078 1060 
Redon 907 1186 1650 1687 1692 1424 1587 1637 1698 1703 1703 1666 
 700 883 1179 1203 1207  1142 1173 1211 1214 1214  

Mean 475 548 652 660 662  640 650 663 664 664  
a Shoeib, M. and Harner, T. 2002. Environ. Sci. Technol. 36, 4142–4151. 
b Saini, A. et al. 2019. Chemosphere 234, 925–930. 
c logKOA (25 ºC) from Wang, Q. et al. 2017. Ecotoxicol. Environ. Saf. 145, 283–288. 
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Figure S3.1. Polyurethane foam passive air samplers (PUF-PAS) were deployed in duplicate inside of steel 
dome housings held 1.8 m above ground. In the picture, samplers deployed during winter 2017-2018 near 
lake Collada in the Catalan Pyrenees (2,453 m.a.s.l.). 
 

 

 
Figure S3.2. Mean relative OPE composition (%) of atmospheric samples compared to insulation material 
samples taken at the Redon (RED) sampling site. 
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H I G H L I G H T S

• Atmospheric gas-phase concentrations of
PAHs were lower than two decades ago.

• PCB and HCB concentrations were the
same due to persistence and continued
emissions.

• Most SVOCs showed significantly higher
concentrations with increasing tempera-
tures.

• Phase-change enthalpies suggest air ad-
vection as amain driver of concentrations.

• Less volatile SVOCs presented higher re-
volatilization from secondary sources.
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The atmospheric gas-phase concentrations of several polychlorinated biphenyls (PCBs), polycyclic aromatic hydrocar-
bons (PAHs), hexachlorobenzene (HCB), and pentachlorobenzene (PeCB) weremeasured in six high-mountain sites in
the Pyrenees (1619–2453 m). Polyurethane foam passive air samplers were used for this purpose, providing continu-
ous records spanning over three years (2017–2020). The mean concentrations of ∑PCBs, HCB, and PeCB, 13 ± 4 pg
m−3, 44 ± 18 pg m−3, and 23 ± 20 pg m−3, respectively, were of the order of those reported in other mountain
sites and similar to those measured 20 years ago in the same area, evidencing the persistence of these compounds de-
spite the international regulatory actions. Themean concentration of ∑PAHswas 631± 238 pgm−3, representing be-
tween two- and three-times lower values than 20 years ago in the same area, but still in the range of other mountain
regions. Statistically significant increases in gas-phase concentrations at higher temperatures were observed for most
compounds. The experimental phase-change pseudo-enthalpies calculated from the slopes of the regressions between
the natural logarithm of the concentrations and the reciprocal of temperature were lower than the reference values for
nearly all compounds. This difference suggested a main contribution of long-range atmospheric transport of the gas-
phase PAH and organochlorine concentrations in this mountain area. However, the less volatile compounds such as
benz[a]anthracene, PCB138, and PCB180 showed a closer similarity between experimental and laboratory enthalpies,
indicating that a significant portion of the variations in concentration of these compounds originated from
temperature-dependent diffusive exchange by re-volatilization from local surfaces. The concentrations found in
these sentinel ecosystems demonstrate that long-range transport of organic pollutants remains a risk in remote conti-
nental environments.
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1. Introduction

Semi-volatile organic compounds (SVOCs) have been of concern in the
last decades. They include pollutants such as polychlorobiphenyls (PCBs),
hexachlorobenzene (HCB), pentachlorobenzene (PeCB), and other organo-
chlorine compounds. Many of these were banned or severely restricted in
the past because of toxic effects on humans and wildlife. PCBs have been
linked to altered thyroid function (Sala et al., 2001; Chevrier et al., 2008),
neurotoxicity (Ribas-Fito et al., 2003; Álvarez-Pedrerol et al., 2008;
Grandjean and Landrigan, 2014), and reproductive and developmental tox-
icity (Ulbrich and Stahlmann, 2004 and references therein). HCB has also
been associated with thyroid metabolism disruption (Llop et al., 2017;
Sala et al., 2001) and thyroid cancer (Grimalt et al., 1994), as well as de-
creased fetal development (Lopez-Espinosa et al., 2015). Despite decades
of prohibition, many organochlorines continue to be released into the envi-
ronment from waste disposal and incineration, as byproducts in industrial
processes, and from energy production and distribution operations,
among others (EEA, 2021). Re-emission from local surfaces
(e.g., particulate matter, soils, snow, vegetation) is also a relevant source
of these compounds to the atmosphere (Cabrerizo et al., 2011), even in re-
mote locations (Grimalt et al., 2009; Becker et al., 2012; Arellano et al.,
2011, 2015, 2018).

Polycyclic aromatic hydrocarbons (PAHs) are SVOCs generated during
the incomplete combustion of organic matter. They are currently emitted
to the atmosphere from many sources, such as wood combustion, con-
trolledfield burnings, wildfires, and fossil fuel combustion in industrial pro-
cesses or in residential or commercial activities (EEA, 2021). PAHs have
characteristic carcinogenic and mutagenic properties (Armstrong et al.,
2004; Boström et al., 2002; Wenger et al., 2009). Chronic exposure to
these compounds may lead to decreased immune function, abnormalities
in lung function, and damage to other organs (Abdel-Shafy and Mansour,
2016 and references therein).

SVOCs exhibit intermediate volatility and, in many cases, remarkable
environmental persistence, withmany of them being classified as persistent
organic pollutants (POPs) by the StockholmConvention (UNEP, 2022). Due
to these characteristics, SVOCs have a unique potential for long-range at-
mospheric transport through condensation and re-volatilization cycles,
while accumulating in remote environments due to their limited degrada-
tion or continuous input in the case of PAHs. Many of the physical-
chemical properties that determine the environmental fate of SVOCs are
temperature-dependent, leading to a selective buildup of pollutant concen-
trations in cold regions (i.e., high latitudes and mountains). In addition,
these physical-chemical properties lead to selective transport processes, as
described by the Global Distillation Effect (Wania and Mackay, 1993;
Fernández and Grimalt, 2003; Grimalt et al., 2001).

High mountains are reference sites for understanding the global effects
of these parameters and the influence of environmental variables on SVOC
distributions, especially temperature along altitudinal transects. Despite
previous studies in different high-mountain environments (Abdul Hussain
et al., 2019; Ali et al., 2018; Choi et al., 2009; Fernández et al., 2002), the
transport and distribution of these pollutants still has many aspects to be
elucidated, such as the influence of local re-emission vs. transport from dis-
tant sources, association to snow, particles, and others. One important as-
pect for the understanding of the significance of these processes is the
comparison of atmospheric concentrations over long time periods
(i.e., decades). In the present study, we report concentrations of several
SVOCs in the Pyrenees between 2017 and 2020. This area was previously
sampled and analyzed in 1996–1998 and 2000–2002. Thus, the present
study provides a comparison of data in periods 21 and 17 years apart, re-
spectively. To the best of our knowledge, there is no other remote high-
mountain site where atmospheric pollutant concentrations have been stud-
ied over such long time periods.

The assessment of atmospheric pollution in remote locations involves
great difficulties, such as limited accessibility, reduced capacity for trans-
portation and installation of sampling equipment, harsh weather condi-
tions, lack of access to power supply, and thus costly sampling campaigns.

Polyurethane foam passive air samplers (PUF-PASs) offer a way to over-
comemany of these challenges. They have been used over the past two de-
cades to monitor PAHs, organochlorine compounds, and pesticides in
remote locations and mountainous regions (e.g., Abdul Hussain et al.,
2019; Daly et al., 2007; Li et al., 2012; Ren et al., 2014). Accordingly, we
present a study of atmospheric gas-phase concentrations of several of the
aforementioned SVOCs over a three-year period (September 2017–
October 2020) in a remote high-mountain area in the Pyrenees mountain
range. The PAS-PUFs were deployed during five sampling periods at six
sites spanning an altitudinal gradient between 1619 and 2453 m above
sea level (asl) and a maximum planar projection distance from each other
of 17.5 km.

Therefore, the temperature-dependent concentration trends have been
studied with limited interference from other variables, as all sites are prob-
ably under the same input sources, long-range atmospheric transport, and
meteorological conditions. The dominance of primary emission or second-
ary sources (re-emission from surfaces) of pollutants in the atmospheric gas
phase, including possible differences between compound groups, has been
related to the physical-chemical properties of the compounds. Finally, the
comparison of concentrations in the present study with those measured
some two decades ago provides a benchmark test for the effects of ban reg-
ulations in remote regions, which in turn provides guidelines for the overall
decrease of exposure to these compounds in the environment. In this sense,
the use of PAS-PUF devices allows continuous sampling over long periods,
offering a more complete evaluation of SVOC concentrations in the
mountain atmosphere than active sampling techniques at limited time
intervals.

2. Materials and methods

2.1. Sampling

The studied area comprises six remote high-mountain sites between
1619 and 2453 m asl in a European Union's Natura 2000 protected area
in the Central Pyrenees. They were located next to alpine lakes from Val
d'Aran and the National Park of Aigüestortes i Estany de Sant Maurici
(Fig. 1). A total of 43 atmospheric gas-phase samples were obtained using
polyurethane foam passive air samplers (PUF-PAS) in five sampling periods
between September 2017 and October 2020: I (09/17–01/18), II (02/
18–07/18), III (07/18–12/18), IV (12/18–09/19), and V (09/19–10/20).
Further site information, specific deployment and retrieval dates, and sam-
pling durations are included in Table S1 along with mean air temperatures
registered in situ using Tinytag Plus 2 data loggers (Gemini Data Loggers,
Chichester, United Kingdom). Complementary meteorological data ob-
tained from the Catalan Meteorological Service network of automatic
weather stations has been summarized in Table S2.

The PUF-PAS configuration used, assessment of its performance in high
mountains, and sampling and procedure details have been described else-
where (Prats et al., 2022a). Briefly, PUF disks (14 cm diameter, 1.35 cm
thickness, 369.5 cm2 surface area, 0.021 g cm−3 density, 0.00567 m effec-
tive film thickness) (Techno Spec, Barcelona, Catalonia, Spain) were de-
ployed in duplicate at 1.8 m above ground inside dome-shaped, stainless
steel housings (Fig. S1). Theywere pre-conditioned by rinsingwith distilled
water and acetone and extracted by Soxhlet with acetone and hexane for
24 h each (all solvents from Merck, Darmstadt, Germany). They were fur-
ther extracted with hexane for 8 h, dried under vacuum, wrapped in pre-
cleaned aluminum foil, sealed airtight inside PET/LLDPE bags (Kapak Cor-
poration, St Louis Park, MI, USA), and stored and transported at −20 °C.
Upon deployment, both samplers and blanks were spiked with a mixture
of Performance Reference Compounds (PRCs, sometimes called
Depuration Compounds) containing polychlorinated biphenyl (PCB)
congeners 3, 9, 15, 32 (all 13C labeled), 107, and 198 (Cambridge Iso-
tope Laboratories, Tewksbury, MA, USA). The blanks were stored at
−20 °C for the duration of the respective sampling periods, and then
transported and stored along with the exposed PUF-PASs after their
retrieval until extraction.
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2.2. Extraction and clean-up

The PUF-PASs and blanks were extracted for 8 h with hexane (Merck)
after being spiked with a mixture of recovery standards containing
1,2,4,5-tetrabromobenzene (TBB), PCB209 (Dr. Ehrenstorfer, Augsburg,
Germany), fluorene-d10, phenanthrene-d10, fluoranthene-d10, pyrene-d10,
benz[a]anthracene-d12, and chrysene-d12 (National Institute of Standards
and Technology, Gaithersburg, MD, USA). The extracts were concentrated
to 2 mL by vacuum rotary evaporation and then to 0.5 mL under a gentle
nitrogen gas stream. An aliquot of 10 μL of extract was cleaned-up and
fractionated by HPLC using an Agilent 1200 Series system (Agilent
Technologies, Santa Clara, CA, USA) with a preparative fraction collec-
tor and a Tracer Excel 120 SI HPLC silica column (25 cm × 3 μm ×
0.46 cm i.d.) (Teknokroma, Sant Cugat del Vallès, Catalonia, Spain).
The elution was performed at a flow rate of 0.5 mL min−1 with a solvent
composition of 100% hexane between 0 and 8 min, then linearly
changed to 20% dichloromethane at 15 min, and maintained at this
last composition for 5 more min. A first fraction containing the organo-
chlorine compounds (PCBs, PeCB, and HCB) was collected between 8
and 15 min, and a second one containing the PAHs was collected
between 15 and 20 min. These fractions were concentrated to 50 μL
under a nitrogen gas stream.

2.3. Instrumental analysis

PAHs and organochlorine compoundswere analyzed by gas chromatog-
raphy coupled to a single quadrupolemass spectrometer (GC–MS) (Thermo
Trace GC Ultra–DSQ II, Thermo Fisher Scientific, Waltham, MA, USA). The
extracts were injected into a 60 m× 0.25 mm i.d. × 25 μmHP-5MS fused
capillary column (Agilent Technologies) in electron impact mode (70 eV).
The injector, ion source, quadrupole, and transfer line temperatures were
280, 250, 150, and 270 °C, respectively. Helium was used as carrier gas
(1 mL min−1). The oven program started at 90 °C and was held for 1 min,
then increased to 150 °C at 10 °C min−1 and to 320 °C at 6 °C min−1,
finishing with a holding time of 20 min. The following compounds were
targeted and identified in SIM mode by retention time and m/z ratio
(Table S3): PAHs fluorene (Fle), phenanthrene (Phe), fluoranthene (Flu),
pyrene (Pyr), benz[a]anthracene (B[a]ant), and chrysene+triphenylene
(Chr + Triph); PCB congeners 28, 52, 101, 118, 138, 153, and 180; and
HCB and PeCB.

2.4. Quality control and assurance

The performance of the PUF-PAS configuration used in high mountains
has been described elsewhere (Prats et al., 2022a). Multiplefield and proce-
dural blanks were obtained for each sampling period. Blank PUFs were pre-
cleaned, stored, transported, extracted, and analyzed with the rest of the
samples. Average blank levels were less than 11.2% of the average amounts
of compound per sampler and were subtracted from the amounts detected
in the samples. They were also spiked with PRCs during the deployment
of each campaign and then used for the calculation of sampling rates. An in-
ternal standard calibration method was used for the quantification, ac-
counting for procedural recoveries and instrumental variability. The
recoveries were between 73 ± 24% and 103 ± 18% for deuterated
PAHs, 66 ± 9% for TBB, and 90 ± 28% for PCB209. Limits of quantifica-
tion (10 × s/n) were between 0.5 and 2.5 pg in column, or 25 to 125 pg
sampler−1. For average PAS effective sampled volumes, they were
0.1–0.4 pg m−3.

2.5. Effective sampled air volumes

The calculation of effective sampled air volumes (VA, m3) was per-
formed using a degree-of-equilibrium model based on the sampler-
specific calibration with PRCs that accounts for all phases of pollutant up-
take (i.e., linear, curvilinear, and equilibrium) (Harner et al., 2013):

VA ¼ VPUF K0PUF−A 1− exp
−kA t

K0PUF−A Dfilm

� �� �
(1)

where K′PUF-A (unitless) is the sampler-air partition coefficient of each stud-
ied compound (KPUF-A, m3 g−1) multiplied by the PUF density, kA (m d−1)
is the air-side mass transfer coefficient, t (d) is the duration of the sampling
campaign, VPUF (m3) is the volume of the PUF disk, and Dfilm (m) is its effec-
tive film thickness. KPUF-A were calculated as logKPUF-A=0.6366× logKOA

(T) – 3.1774 (Shoeib and Harner, 2002) using octanol-air partition coeffi-
cients at the average temperature of each sampling campaign (Table S1)
(Chen et al., 2016; Harner, 2021; Odabasi et al., 2006). The calculation of
the expression between brackets in Eq. (1) results in a value between 0
and 1 known as degree of equilibrium (DEQ), which measures the degree
of attainment of equilibrium conditions determined for each compound
and each individual sampler. Compounds with DEQ = 1 after exposure

Fig. 1. Area of study and location of the six sampling sites, next to alpine lakes encompassing altitudes between 1619 and 2453 m asl.
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are in equilibrium conditions between the atmospheric gas phase and the
PUF-PAS, while compounds with DEQ < 1 are still in the net uptake
phase at the moment of retrieval. Thus, by not assuming the uptake stage
of each compound at each location, the VA calculation yields air volumes
from which period average concentrations can be obtained. The accuracy
of thesemeasurements was tested in the studied area against active air sam-
pling methods (Prats et al., 2022a).

The PRC calibration of each sampler was used to determine the average
kA at each site and for each period as follows:

kA ¼ RS

APUF
¼ ln C=C0ð Þ K0PUF−A Dfilm

t
(2)

where RS is the sampling rate (m3 d−1), APUF (m2) is the total surface area of
the PUF disk, and C/C0 is the ratio between the recovery-corrected amounts
of PRC in exposed samplers and non-exposed blanks. Here, K′PUF-A is the
partition coefficient of the PRCs calculated from their temperature-
corrected KOA (Harner, 2021).

The theoretical uncertainties of the sampling rates were estimated from
the propagation of the error in the variables involved in Eq. (2) as explained
elsewhere (Prats et al., 2022b), which has been summarized in Text S1 of
the Supplementary Material.

2.6. Statistical analysis

A Multivariate Curve Resolution-Alternating Least Squares (MCR-ALS)
under non-negativity constraint method was applied for the analysis of pol-
lutant source contributions in MATLAB R2021a (MathWorks, Natick, MA,
USA). Briefly, themodel is based on a bilinear decomposition of the original
matrix (Jaumot et al., 2005; Tauler, 1995; Tauler et al., 1995): D(I × J)=
U(I × N) VT(N× J)+ E(I × J), where D is the original data array (I rows
or samples, J columns or compounds), U is the matrix of scores of dimen-
sions I×N (N reduced number of components), VT is thematrix of loadings
(dimension N × J), and E is the matrix of residuals (not modeled by the N
components). A data matrix containing scaled (normalized by standard de-
viation) compound concentrations for the different samples (n = 33, in-
cluding replicates from the first three complete sampling campaigns) was
fed into the model, which resolved different components described by
their loadings (compound profiles) and their contribution to each sample
(scores).

3. Results and discussion

3.1. Sampling rates and effective sampled volumes

The average sampling rates calculated for every sampling period at each
site are summarized in Table S4. The rates varied between 2.1 and 4.5 m3

d−1, with mean ± standard deviation (sd) values for each site across sam-
pling periods between 2.5 ± 0.2 and 3.7 ± 0.5 m3 d−1. These rates are in
the range of the 3 to 4 m3 d−1 rates typically reported for the PUF-PAS con-
figuration used in this study (Herkert et al., 2018; Pozo et al., 2009), con-
firming that harsh environmental conditions such as high wind speeds
(Table S2) had limited effect on the sampling rates with the sampler config-
uration used here (Prats et al., 2022a). The relative standard deviations
(RSD) of the sampling rate from the duplicate samplers at each site and pe-
riod ranged between 1.5 and 24.6% (Table S4). Average RSDs at each site
were below 15%, with only one site up to 25%. To contrast these values,
theoretical expanded uncertainties (EU) were estimated for each pair of
replicates. They depend on the errors involved in quantifying PRC amounts,
KOA values, and temperature correction relationships, among other sources
of uncertainty (Text S1). EUs ranged from 5.4 to 17.1% (Table S4), which is
in very good agreement with the experimental RSDs. This indicates that the
experimental errors outside of those inherent to the calibration method
were well constrained and did not significantly affect the resulting sam-
pling rates.

The different compounds reached varying degrees of equilibrium (DEQ)
(Table S5), depending on the exposure time and meteorological conditions
at each site. Fle and PeCB, the most volatile among the analyzed pollutants,
reached almost complete uptake equilibrium, followed by Phe at 89% and
HCB at 76%, on average. The rest of PAHs and PCBs remained much closer
to the linear uptake phase, with lower DEQs between 7 and 36%, due to
their lower volatilities. Samples from periods IV and V presented higher
DEQs due to their longer durations, but only by up to a difference of
20–30% with respect to the shorter ones. Mean effective sampled volumes
calculated using Eq. 1 ranged between 51 and 1123 m3, with averages per
compound between 60 and 634 m3 (Table S5).

It must be noted that two of the sampling campaigns (IV and V)were ex-
ceptionally long (Table S1) due to logistics and accessibility conditions.
However, this had limited effect on the DEQs reached by the studied com-
pounds. The more volatile SVOCs that reached equilibrium conditions be-
tween sampler and air in the shortest periods (e.g., Fle, Phe, PeCB) did so
again in these longer periods, while less volatile compounds either re-
mained in the linear uptake stage (e.g., B[a]ant, Chr + TriPh, PCB180) or
started to transition towards curvilinear uptake (e.g., PCB28, Flu, Pyr)
(Table S5). But regardless of the uptake phase reached, the compound-
and site- specific DEQ estimation allowed for an accurate determination
of period average concentrations.

3.2. Gas-phase concentrations

The mean gas-phase concentrations of the studied compounds by sam-
pling site and period are shown in Table 1. The average concentrations of
each pair of replicate samples can be found in Table S6.

3.2.1. PAHs
The mean ± sd of the sum of gas-phase PAH concentrations (ƩPAH)

was 631 ± 238 pg m−3, ranging between 409 ± 208 and 764 ± 201 pg
m−3 in different sites and between 495 ± 233 and 884 ± 203 pg m−3 in
different periods (Table 1). Phe (49 ± 7%, with concentrations between
81 and 588 pg m−3) and Fle (41 ± 9%, between 75 and 571 pg m−3)
were the dominant compounds, followed by Flu (6 ± 2%) and Pyr (3 ±
2%). B[a]ant, Chr and TriPh weighedmuch less in the relative PAH compo-
sition as expected from their lower volatility and greater tendency to par-
tially adhere to the atmospheric particle phase. Hence, the less volatile
PAHs (i.e., more than five ring PAHs) were not detected in the PUF-PAS.
The gas-phase concentrations of PAHs reported during the last two decades
in other high-mountain areas all over the world are shown in Table S7. Di-
rect comparisons can be misleading since PAH concentrations are not al-
ways reported for individual compounds and total PAH amounts are
calculated as the sum of a varying number of compounds. Still, the ƩPAH
concentrations of the current study was generally in the range of those re-
ported in the Rocky Mountains (Choi et al., 2009), in mountainous areas
of national parks in Brazil (Meire et al., 2019), and in several mountains
in Canada (Abdul Hussain et al., 2019). Conversely, they were slightly
lower than those found in Mauna Loa (Zhang et al., 2017) and in the
Nyainqêntanglha mountains, in the Tibetan Plateau (Ren et al., 2017),
and up to one or two orders ofmagnitude lower than those from the Tibetan
Plateau (Jin et al., 2020) and the Western Hubei Mountain in China (Hu
et al., 2021). For reference, both lower (58 pg m−3) and higher
(2.4–31 ng m−3) Ʃ9-15PAH concentrations were observed in the atmo-
spheric gas phase of the Arctic and Antarctica (Cao et al., 2018; Ding
et al., 2007; Na et al., 2020; Wang et al., 2013).

Comparison of the present PAH concentrations, 631 pg m−3 (Table 1),
with those measured in the same area two decades ago, 1690 pg m−3 in
1996–1997 (Fernández et al., 2002) and 1441 pg m−3 in 2000–2002
(Van Drooge et al., 2010), show a decrease of two to three times
(Table S7). However, comparing only the ƩPAH observed at the Estanh
Redon (764 pg m−3, Table 1), which is the same location studied in the
aforementioned reports, ƩPAH was half of the values reported twenty
years ago. Itmust be noted that in the present study the observed concentra-
tions correspond to the average values over long deployment periods
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(129–376 days; Table S1) whereas the previous results were obtained with
active sampling over short periods. This difference generates some uncer-
taintywhen comparing the data from these current and past samplings. Fur-
thermore, the seasonal behavior and partially natural origin of PAHs
(i.e., increased emissions in colder seasons, wildfires, etc.) are factors that
may influence the observed levels at any given time, which also compli-
cates the assessment of the evolution of concentrations in the absence of
continuousmonitoring in the past. Still, the PAH concentrations that we ob-
servedwere precisely half of those in the mid-to-late 1990s, which matches
the overall decrease of 53% in total PAH emissions recorded in Europe be-
tween 1990 and 2019 (EEA, 2021). Furthermore, these results are also in
line with the decrease observed in average PAH deposition fluxes at Estanh
Redon between 1997 and 2006 (0.05 μg m−2 d−1 to 0.02 μg m−2 −1, re-
spectively) (Arellano et al., 2018).

3.2.2. PCBs
PCB concentrations were only determined for the first three sampling

periods. The mean ± sd sum of PCB concentrations (ƩPCB) was 13 ±
4 pg m−3, ranging between 10 ± 3 and 18 ± 3 pg m−3 in different sites,
and between 9.5 ± 1.8 and 16 ± 4 pg m−3 in different periods (Table 1,
Table S6). The relative PCB composition was much more homogenous
than that of PAHs, with all congeners accounting for 12 to 20% of the
sum of all PCBs, except for the least volatile PCB180 at 3 ± 2%. Individual
congener concentrations were between 0.7 and 5.6 pg m−3, with only
PCB180 showing lower values between 0.3 and 0.7 pg m−3. Like PAHs,
total PCB concentrations in the literature encompass different numbers of
congeners, so comparisons should be made with care (Table S7). Still, the
average ƩPCB concentrations of the present study are similar to those
from other high-mountain sites in Canada (Abdul Hussain et al., 2019),
slightly higher than in the Bolivian Andes (Estellano et al., 2008), Mt.
Everest (Wang et al., 2010), and the Tibetan Plateau (Gong et al., 2019;
Ren et al., 2017, 2014), and lower than in the Slovakian High Tatras (Van
Drooge et al., 2004), Brazilian mountains (Meire et al., 2012), and Lower
Himalaya (Riaz et al., 2021). For reference, the sum of the seven PCB con-
geners considered in this study was reported in the atmospheric gas phases
of the Arctic and Antarctica at both lower and somewhat higher levels
(0.5–26 pg m−3) (Cabrerizo et al., 2018; Hao et al., 2019; Wong et al.,
2021; Wu et al., 2020).

The mean ƩPCB of all lakes (13 pg m−3, Table 1) was lower than those
measured in the same area in the past (averaging approximately 21 pgm−3,
ranging from 10 to 43 pgm−3) (Van Drooge et al., 2005; Van Drooge et al.,
2004). However, the mean ƩPCB at Estanh Redon, the same site sampled in
these previous studies, was 18 pg m−3 (Table 1), pointing at a minimal or
nonexistent decrease in atmospheric PCB concentrations over the past

two decades. This result contrasts with the 73% decrease in PCB emissions
in Europe in recent decades (EEA, 2021). Although this reduction was
somewhat gradual (from over 4500 kg of overall emissions in Europe in
1990 to over 2500 kg in 2002, to remain generally stable at around
1500 kg between 2013 and 2019), the lack of noticeable reductions in at-
mospheric concentrations of PCBs in a remote area away from any local
sources such as urban areas, agricultural fields, and anthropogenic influ-
ence highlights the persistence of these organochlorine compounds in the
environment. Other studies performed at the same site even noted an in-
crease in PCB deposition fluxes over a decade of measurements (Arellano
et al., 2015).

3.2.3. Hexachlorobenzene and pentachlorobenzene
The mean± sd HCB concentration was 44± 18 pgm−3, ranging from

17 to 90 pg m−3 (Tables 1 and S6). Average HCB concentrations remained
fairly stable across sites (38–60 pg m−3) and periods (31–65 pg m−3). The
mean ± sd PeCB concentration was 23 ± 20 pg m−3, ranging from 5.3 to
69 pg m−3. The site averages showed limited variation (19–29 pg m−3),
but greater differences were observed across periods (8–51 pg m−3). The
HCB concentrations of the present studywere in the range of those reported
in other high-mountain areas (Table S7), e.g., the Rocky Mountains (Daly
et al., 2007), the Shergyla Mountain in the Tibetan Plateau (Zhu et al.,
2014), and Serra do Mar in Brazil (Guida et al., 2018), but they were two
to three times lower than in the Western Hubei Mountain in China (Qu
et al., 2015), the Alps (Kirchner et al., 2016), and Mauna Loa in Hawaii
(Zhang et al., 2017), and between fivefold and up to two orders of magni-
tude higher than in other mountain sites in the Himalayas and the Tibetan
Plateau (Ali et al., 2018; Riaz et al., 2021; Sheng et al., 2013; Ullah et al.,
2019). For reference, HCB was found at similar concentrations in the Arctic
(6–78 pg m−3) and Antarctic (BDL–61 pg m−3) atmospheric gas phases
(Bidleman et al., 1993; Cabrerizo et al., 2018; Dickhut et al., 2004;
Galbán-Malagón et al., 2013a and Galbán-Malagón et al., 2013b; Su et al.,
2006; Wong et al., 2021), but also at higher (129–222 pg m−3) and lower
(2.6 pg m−3) concentrations (Hao et al., 2019; Wu et al., 2020).

PeCB atmospheric concentrations have been scarcely reported in high-
mountain areas. The present results are very similar to those found in the
Tibetan Plateau (mean of 23 pg m−3, ranging from 14 to 62 pg m−3)
(Zhu et al., 2014), but somewhat lower than in multiple sites across
North America including the Rocky Mountains (mean of 45 pg m−3, from
17 to 138 pg m−3) (Shen et al., 2005) and in the Alps (means from 75.9
to 96.0 pg m−3, ranging from 14.3 to 126 pg m−3) (Kirchner et al.,
2016), although the latter also included PeCB in the particle phase.

The HCB gas-phase concentrations (44± 18 pg m−3 all samples, 38 ±
17 pg m−3 only in Estanh Redon, Table 1) were very similar to those

Table 1
Means and standard deviations of gas-phase atmospheric concentrations of PAHs, PCBs, PeCB, and HCB from the six high-mountain sites studied in the Pyrenees.

Overall mean
(pg m−3)

Mean concentration by site (pg m−3) Mean concentration by period (pg m−3)

Llebreta Llong Sarradé Redon Dellui Collada I II III IV V

Fle 261 ± 118 221 ± 66 299 ± 164 288 ± 158 266 ± 60 296 ± 141 211 ± 117 421 ± 100 171 ± 72 229 ± 60 190± 38 296± 27
Phe 306 ± 120 309 ± 43 317 ± 126 367 ± 107 400 ± 130 238 ± 110 167 ± 81 389 ± 93 274 ± 150 277 ± 136 298± 31 288± 14
Flu 41 ± 21 46 ± 6 34 ± 14 48 ± 21 61 ± 29 28 ± 13 17 ± 8 49 ± 17 31 ± 19 41 ± 31 46 ± 8 41 ± 10
Pyr 18 ± 12 25 ± 16 14 ± 5 16 ± 8 25 ± 14 12 ± 6 12 ± 8 18 ± 6 12 ± 7 28 ± 18 20 ± 4 10 ± 7
B[a]ant 0.70 ± 0.58 1.7 ± 0.5 0.52 ± 0.18 0.57 ± 0.15 0.83 ± 0.36 0.31± 0.08 0.29 ± 0.18 0.60 ± 0.41 0.70± 0.56 0.81 ± 0.75 n.d.a n.d.
Chr + TriPh 5.3 ± 4.4 5.0 ± 3.0 4.4 ± 2.2 5.1 ± 4.2 10 ± 7 3.9 ± 2.8 2.6 ± 0.9 5.7 ± 1.6 6.2 ± 3.0 6.1 ± 7.3 4.4 ± 3.4 1.6 ± 1.9
∑PAH 631 ± 238 607 ± 101 669 ± 297 724 ± 272 764 ± 201 578 ± 261 409 ± 208 884 ± 203 495 ± 233 582 ± 214 558± 69 636± 54
PCB28 2.4 ± 1.2 2.1 ± 1.0 3.0 ± 1.5 2.8 ± 0.5 3.2 ± 2.2 1.6 ± 0.6 2.2 ± 0.9 1.7 ± 0.6 2.7 ± 1.3 2.7 ± 1.3 –b –
PCB52 1.8 ± 0.8 1.4 ± 0.3 1.5 ± 0.6 2.7 ± 1.1 2.4 ± 0.5 1.3 ± 0.2 1.6 ± 0.7 1.3 ± 0.4 2.2 ± 0.9 1.7 ± 0.7 – –
PCB101 2.7 ± 1.1 2.9 ± 0.8 2.5 ± 0.6 3.4 ± 1.5 4.3 ± 0.5 1.8 ± 0.5 2.0 ± 0.6 1.8 ± 0.5 3.2 ± 1.2 3.0 ± 1.0 – –
PCB118 2.2 ± 0.9 2.3 ± 1.3 2.0 ± 0.8 2.1 ± 0.9 2.3 ± 0.3 2.1 ± 0.9 2.1 ± 0.9 1.7 ± 0.5 1.8 ± 0.7 2.9 ± 0.9 – –
PCB153 1.6 ± 0.6 1.8 ± 0.5 1.4 ± 0.3 2.2 ± 1.1 2.0 ± 0.4 1.3 ± 0.3 1.2 ± 0.4 1.4 ± 0.2 1.8 ± 0.9 1.7 ± 0.4 – –
PCB138 2.2 ± 1.2 2.5 ± 1.4 1.9 ± 0.8 2.4 ± 1.2 2.9 ± 0.4 1.9 ± 1.2 1.7 ± 1.6 1.2 ± 0.3 1.9 ± 0.9 3.4 ± 0.9 – –
PCB180 0.47 ± 0.36 0.52 ± 0.44 0.47 ± 0.46 0.41 ± 0.17 0.74 ± 0.41 0.31± 0.13 0.43 ± 0.48 0.29 ± 0.10 0.28± 0.16 0.82 ± 0.41 – –
∑PCB 13 ± 4 14 ± 4 13 ± 3 16 ± 5 18 ± 3 10 ± 3 11 ± 4 9.5 ± 1.8 14 ± 4 16 ± 4 – –
PeCB 23 ± 20 19 ± 10 25 ± 20 20 ± 16 23 ± 19 29 ± 28 27 ± 30 16 ± 4 8.0 ± 1.5 51 ± 15 16 ± 7 16 ± 3
HCB 44 ± 18 40 ± 15 45 ± 16 40 ± 10 38 ± 17 60 ± 20 43 ± 31 42 ± 16 35 ± 7 65 ± 19 31 ± 5 31 ± 7

a Not detected above detection limits or blank levels.
b PCB concentrations were only measured in sampling periods I–III.
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reported 20 years ago in the same site (49 pgm−3, ranging from36 to 98 pg
m−3) (Van Drooge et al., 2004). This result is in constrast with the reported
97% emission decrease in Europe between 1990 and 2019, especially con-
sidering that the sharpest decreasewas produced after themeasurements of
2000–2001 from Van Drooge et al. (2004), from around 4000 kg emited
overall in 2001 to just 500 kg in 2002 (EEA, 2021). As in the case of
PCBs, in the absence of local primary sources of pollution, this result reflects
the persistence and resistance to degradation of HCB in the atmosphere,
particularly in colder areas like high mountains.

3.3. Multivariate analysis

A multivariate analysis by MCR-ALS was applied to the complete
dataset from sampling periods I, II, and III in order to observe similarities
and differences in behavior among the compound concentrations in the dif-
ferent periods and sites. If compound concentrations are scaled by normal-
izing by their standard deviations, results obtained with this method are
equivalent to principal component analysis (PCA) and positive matrix fac-
torization (PMF) (Tauler et al., 2009). ALS bilinearly decomposes the data
into different components described by compound profiles and their contri-
butions to each sample, but the calculations are performed under a non-
negativity constraint. Models with two, three and four components were
tested. The variance explained by the addition of successive components
and the meaning behind such components did not increase in a relevant
way after two (56% of the variance explained). A relatively low percent
of explained variance is nonetheless not unexpected since the remoteness
of the studied area homogenizes the possible sources and transport
modes of pollutants. This is different than other studies in urban areas
with primary sources, where the MCR-ALS method successfully resolved
distinct components that explained over 95% of the variance (Jaén et al.,
2021).

For the high-mountain sites, the first component (C1) accounted for
main contributions of PAHs and the lower molecular weight PCBs
(Fig. 2a). This responds to the significant correlations observed between
concentrations of most PAHs (p < 0.05) with R2 values ranging between
0.19 and 0.74 (Table S8). The compound pairs Phe–Flu, Flu–Chr +
TriPh, and Pyr–B[a]Ant show the strongest associations (R2 > 0.51). Fur-
thermore, PCB28, PCB52 and PCB101 are significantly correlated with
Chr+TriPhwithR2> 0.20. The second component (C2)was characterized
by prominent loadings of the higher molecular weight PCBs, PeCB, and
HCB (Fig. 2a). This is again consistent with the significant (p < 0.05) corre-
lations of PeCB and HCB with PCB118, PCB138, and PCB180 (R2 > 0.20
and 0.30 for PeCB and HCB, respectively), and the strong significant corre-
lation between PeCB and HCB (R2 = 0.63) (Table S8). Note that the asso-
ciation of the more volatile PeCB and HCB with the heavier PCBs, while
not expected a priori, may be related to their higher degree of chlorination,
involving lower susceptibility to photodegradation compared to PAHs and
lighter PCBs, and more similar to heavier PCBs. Therefore, an environ-
mental fate more comparable to the one shown by the less volatile
compounds could be explained by a combination of re-volatilization
from surfaces and higher concentrations during warmer seasons (with
higher solar irradiance and atmospheric oxidizing agents) due to their
resistance to degradation.

As shown in Fig. 2b, C1 contributed more to the samples collected dur-
ing the colder periods (periods I and II, 61 and 57% on average, respec-
tively), while C2 was clearly dominant in the warmest one (period III,
74% on average), especially in samples from the two highest sites (Dellui
and Collada). Moreover, C2 scores showed a statistically significant (p <
0.05) increase in relevancewith temperature (Fig. 2c). This possibly reflects
differences in sources and volatility of the studied compounds that result in
contrasting behaviors and environmental fates. However, the remoteness of
the sampling sites limits the differences that can be observed in a source ap-
portionment analysis that treats the dataset as a whole. Therefore, since the
variations in gas-phase concentrations seemed to be affected by air temper-
ature, they were studied in further detail by plotting concentrations against
ambient temperatures individually for each compound.

3.4. Temperature dependence

The correlations between the natural logarithm of gas-phase air concen-
trations (lnCa) and the mean air temperatures during the sampling period
(1/T, K−1) are shown in Fig. 3. The plots indicate a general trend towards
higher concentrations at higher temperature (12 of 15 compounds), and
in 8 of them the correlations were statistically significant (p < 0.05). This
is the case of Flu, Pyr, B[a]ant, PCB101, PCB118, PCB138, PCB180, and
PeCB. Most of these compounds are grouped into the second component
of the multivariate analysis, which is consistent with the statistically signif-
icant dependence of this component with temperature (Fig. 2c). The
steepest slopes in the regressions of Fig. 3 were observed for B[a]ant,
PCB138, PCB180, and PeCB, indicating a stronger temperature dependence
that points at a pollution source distinctly different from that of other
SVOCs with no temperature association such as Fle, Phe, or PCB52. In the
absence of primary sources of pollutants, as is the case for the remotemoun-
tain region studied here, the different trends that result in these slopes can

Fig. 2. Loadings (a), scores (b), and temperature correlations (c) of the component
C1 and C2 scores obtained byMCR-ALS analysis for the samples obtained in periods
I (09/17–01/18), II (01/18–07/18), and III (07/18–12/18) at sites LLE (Llebreta),
LLO (Llong), SAR (Sarradé), RED (Redon), DEL (Dellui), and COL (Collada).
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offer additional information on the immediate sources of pollution as these
trends depend on the physical-chemical properties of each compound. This
analysis is performed in Section 3.5.

Previous studies in the Pyrenees also showed significant correlations be-
tween gas-phase atmospheric concentrations of SVOCs and temperature.
An increase in organochlorine compounds concentrations was observed at
higher temperatures in Estanh Redon in the Pyrenees (Van Drooge et al.,
2004), which was proposed to partially reflect re-emission from soils and
melting ice and snow (Arellano et al., 2015). In addition, lower gas-phase
PCB concentrations were observed at higher (colder) altitudes along an al-
titudinal transect in the valley of Estanh Redon (1600–2600m; Van Drooge
et al., 2005).

Other studies that reported similar temperature or elevation trends in
mountain regions for PCBs were performed in Teide, Spain (Van Drooge
et al., 2002), the Italian Alps (Jaward et al., 2005), northern Italy (Castro-
Jiménez et al., 2009), South-Eastern Brazil (Meire et al., 2012), British
Columbia, Canada (Abdul Hussain et al., 2019), the Tibetan Plateau (Zhu
et al., 2014; Wang et al., 2017), and Central Himalayas (Gong et al.,
2019). Contrarily, no significant dependences were observed for PCBs,
HCB, and PeCB in the Bolivian Andes (Estellano et al., 2008), the Tibetan
Plateau (Zhu et al., 2014; Ren et al., 2014), two National Parks in Brazil
(Meire et al., 2016), and the Lesser Himalaya (Ali et al., 2018). Finally,
trends of opposite sign were observed for HCB in the Italian Alps (Jaward
et al., 2005) and in central China (Qu et al., 2015).

Volatile PAHs increased at lower temperatures in Brazilian National
Parks reflecting long-range atmospheric transport (Meire et al., 2019).
However, in the case of PAH temperature trends in remote areas, the influ-
ence of primary emissions and transport from regional and seasonal sources
is often more prevalent than transport from long-distance sources. PAHs in
remote European mountain sites showed strong gas-particle partitioning
that led to higher concentrations and deposition fluxes in colder periods de-
pendent on the proximity of active regional emission sources such as bio-
mass combustion (Fernández et al., 2003; Van Drooge et al., 2010). PAHs
in high elevation sites showed higher concentrations at lower altitudes
(higher temperatures) linked to primary sources like coal and wood com-
bustion in the Taurus Mountains, Turkey (Turgut et al., 2017), and other
anthropogenic sources in Mauna Loa, Hawaii (Zhang et al., 2017) and
Canada (Choi et al., 2009). On the other hand, no clear trends were ob-
served in British Columbia, Canada (Abdul Hussain et al., 2019).

3.5. Long-range atmospheric transport and diffusive surface exchange

Pseudo-enthalpies of phase change between the atmosphere and sur-
faces (ΔHAS) were calculated for the statistically significant correlations.
The slopes of the linear regressions between lnCa and 1/T equal –ΔUAS/R
when the concentrations are expressed on a mass per volume basis instead
of partial pressure, where ΔUAS (J mol−1) is the internal energy of phase
change and R is the ideal gas constant (J K−1 mol−1) (Wania et al.,
1998). ΔUAS were then converted into ΔHAS at 298 K as ΔH = ΔU–RT
(Atkinson and Curthoys, 1978). The resulting values ranged between 22
and 79 KJ mol−1, and their confidence intervals between 21 and 38 KJ
mol−1 (Table 2). Steep slopes in lnCa against 1/T regressions that yield
greater ΔHAS reflect increased diffusive exchange between surfaces and
air at higher temperatures, while less pronounced temperature depen-
dences indicate a higher influence of long-range atmospheric transport
(Wania et al., 1998). This is a result of the loss of seasonal variation after
long distance transport of pollutants on one hand, and the temperature de-
pendence of diffusive exchange mechanics between surfaces and air on the
other. A clear example of the dependence of the relative contribution of
long-range atmospheric transport to local re-volatilization can be observed
for the studied PCBs in Fig. S2 as a function of their tendency for
partitioning to the gas phase, which is related to the volatility of the com-
pounds: the PCBs with higher degree of chlorination, and therefore less vol-
atile, present lower regression slopes, and therefore ΔHAS.

Volatility can be represented by the subcooled liquid vapor pressures
(logPL0; Allen et al., 1999; Falconer and Bidleman, 1994). The

representation of ΔHAS against logPL0 results in linear correlations showing
lower enthalpies for compounds with higher vapor pressures (Goss and
Schwarzenbach, 1999; Macleod et al., 2007), as shown in Fig. 4 for labora-
torymeasurements (Nakajoh et al., 2006; Roux et al., 2008; Spieksma et al.,
1994). This trendwas also observed for the experimental pseudo-enthalpies
measured on site. However, the experimental enthalpies obtained from the
temperature regressions showed significant differences compared to their
respective laboratory counterparts. Such differences between measured
and reference values can be regarded as a semi-quantitative assessment of
the relative contribution of long-range atmospheric transport to the behav-
ior and fate observed for each compound. Experimental enthalpies

Table 2
Experimental phase change enthalpies (ΔHAS, KJmol−1) and their confidence inter-
vals (CI) estimated from the slopes of the statistically significant associations be-
tween compound concentrations and the reciprocal of the absolute temperature.
Laboratory-determined reference enthalpies and relative magnitudes of experimen-
tal enthalpies compared to reference values are provided.

lnCa vs. 1/T (K−1) Experimental
enthalpy

Reference enthalpy

Slope R2 pa ΔHAS 95% CI ΔHAS Error Exp/Ref

Fle 160 2.6E-4 0.918 – – 72.1c 1.9 –
Phe −1512 0.026 0.302 – – 78.3c 1.8 –
Flu −4022 0.105 0.034 * 31b 28 87.1c 3.6 36%
Pyr −6370 0.209 0.002 * 50b 30 89.4c 3.1 57%
B[a]ant −9320 0.355 2.5E-4 * 75 36 105.8c 3.8 71%
Chr + TriPh 4422 0.049 0.153 – – 106.2c 8.6 –
PCB28 −2590 0.061 0.165 – – 79.4d 0.9 –
PCB52 593 0.005 0.697 – – 81.3d 0.5 –
PCB101 −2950 0.128 0.041 * 22b 21 87.1d 4.6 25%
PCB118 −3176 0.139 0.032 * 24b 22 87.0d 3.9 28%
PCB153 −2452 0.116 0.053 – – 99.4d 4.2 –
PCB138 −8082 0.465 1.2E-5* 65b 24 94.5d 0.9 69%
PCB180 −9780 0.356 3.1E-4* 79 38 99.4d 2.5 79%
PeCB −9336 0.361 4.2E-5* 75 31 67.7e – 111%
HCB −2407 0.081 0.064 – – 76.8e – –

a Values with an asterisk indicate statistically significant (p < 0.05) correlations.
b Significantly different (95% confidence) from the theoretical enthalpy.
c Roux et al., 2008.
d Nakajoh et al., 2006.
e Spieksma et al., 1994.

Fig. 4.Mountain (white) and laboratory-measured (black) phase change enthalpies
of the PAH and PCB compounds that showed statistically significant correlations
with temperature, regressed against subcooled liquid vapor pressures.
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amounted to between 25 and 79%of their reference values, with the excep-
tion of PeCB at 111% (Table 2). Moreover, five out of the eight compounds
with significant temperature correlations presented enthalpies confidently
lower (95% confidence interval) than their reference ones. As values
close to 100% would indicate a completely evaporative origin as in labora-
tory conditions, the overall smaller experimental pseudo-enthalpies suggest
that the gas-phase concentrations of most compounds were generally dom-
inated by long-range atmospheric transport and less by local surface ex-
change dynamics. This distant origin includes the rest of compounds with
no significant temperature dependences, which in most cases comprise
the more volatile compounds.

Furthermore, as shown in Fig. 4, the larger disagreements between en-
thalpy values were observed for the more volatile compounds (i.e., Flu,
Pyr, PCB101, and PCB118), while the differences were smaller for the
less volatile ones (i.e., B[a]ant, PCB138, and PCB180). This difference sug-
gests that the former group was less dependent on temperature-driven
partitioning than the latter. That is, the occurrence of the more volatile
compounds was more influenced by contributions from distant sources,
like rural sources (Van Drooge and Ballesta, 2009; Van Drooge and
Grimalt, 2015), either in gas phase or adsorbed to particles. In fact, a
greater decrease of enthalpies for the more volatile PCBs can be observed
in Fig. 4 compared to the more volatile PAHs, which may reflect the greater
adsorption by particulate matter of PAHs compared to PCBs, which tend to
exist predominantly in the atmospheric gas phase (Yeo et al., 2003). Con-
versely, the higher agreement between theoretical and experimental en-
thalpies is consistent with a higher influence of local secondary sources
(e.g., compounds adsorbed to soils, snow, vegetation) and re-
volatilization at higher temperatures, which was also observed in the
same area for other compounds with high tendency to become adsorbed
onto surfaces, like organophosphate esters (Prats et al., 2022b).

4. Conclusions

The mean gas-phase concentrations of ∑PAH were in the range of those
found in othermountain regions but two to three times lower than those re-
ported in the same area two decades ago, which is consistent with the de-
creasing trend in PAH emissions over Europe. ∑PCB, HCB, and PeCB also
showed similar mean concentrations to those reported in other remote
high-mountain sites, but PCBs and HCB remained at essentially the same
levels as those found twenty years ago, evidencing the persistence of
these compounds in the environment despite the international regulatory
actions. Increases in gas-phase concentrations at higher temperatures
were observed for most studied compounds, with statistically significant
correlations for eight of them. Experimental phase-change enthalpies de-
rived from regressions against the reciprocal of the absolute temperature
suggested a predominant long-range atmospheric transport over a
temperature-dependent re-emission from local surfaces. However, the
close similarity between field-calculated and laboratory-measured en-
thalpies of the least volatile compounds (B[a]ant, PCB 138, PCB 180)
pointed to a higher influence of re- emission from local surfaces
(e.g., particulate matter, soils, snow, vegetation) for these compounds.
This behavior was also consistent with the degree of chlorination of PCBs,
involving higher phase-change enthalpies at higher number of chlorine sub-
stituents. Finally, PAHs showed experimental enthalpies somewhat closer
to the reference values compared to PCBs, probably as a result of a greater
affinity for bonding with particulate matter and continuous active primary
emission sources.
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Text S4.1. Theoretical uncertainty of the sampling rates 

 The theoretical expanded uncertainties (EU, %) of the sampling rates (RS) were estimated as 

propagated uncertainties (δRS) from the variables involved in Performance Reference Compound (PRC) 

calculations. A rearranged Equation 2 with KPUF–A substituted for its temperature-corrected octanol-air 

partition coefficient (KOA(T)) dependence relationship (Shoeib and Harner, 2002) yields: 

 
(Eq. S4.1) 

where ρPUF is the density of the PUF, k is a value grouping all constants, and a and b are the renamed 

coefficients in the exponential term. The square root of the sum of squares of the partial derivatives of RS 

with respect to the non-constant variables (C/C0 and KOA) multiplied by their respective squared 

uncertainties is equal to δRS: 

 

 

 

(Eq. S4.2) 

The uncertainties of the variables C/C0 and KOA(T) were estimated from further propagation of the 

error made in the calculation of C/C0 (peak integration and quantification standard errors) and from PRC 

KOA(T) standard errors (Harner and Bidleman, 1996). EUs were finally calculated as twice the propagated 

uncertainty, which accounts for other undefined sources of error (e.g., uncertainty in temperature correction 

relationships). 
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Table S4.1. Sampling sites, duration of the sampler exposures, and mean temperatures recorded 
on-site during each period. 

Sampling site 
Latitude, 
Longitude 

Period Deployed Retrieved 
Duration 

(d) 
Mean T 

(°C) 
Llebreta 42.55063, I 21/9/2017 31/1/2018 132 7.1 

1,619 m 0.88728 II 31/1/2018 12/7/2018 162 7.6 
  III 12/7/2018 13/12/2018 154 12.3 
  IV 13/12/2018 26/9/2019 287 10.6 
  V 26/9/2019 6/10/2020 376 10.0 

Llong 42.57308, I 19/9/2017 1/2/2018 135 2.5 

2,000 m 0.95176 II 1/2/2018 12/7/2018 161 3.5 
  III 12/7/2018 13/12/2018 154 9.0 

Sarradé 42.56232, I 20/9/2017 31/1/2018 133 4.8 

2,123 m 0.89669 II 31/1/2018 12/7/2018 162 4.3 
  III 12/7/2018 14/12/2018 155 9.9 
  IV 14/12/2018 26/9/2019 286 7.2 
  V 26/9/2019 6/10/2020 376 7.4 

Redon 42.63836, I+II 17/9/2017 11/7/2018 297 0.7 

2,240 m 0.77890 III 11/7/2018 12/12/2018 154 6.8 
  IV 12/12/2018 27/9/2019 289 4.1 
  V 27/9/2019 7/10/2020 376 4.2 

Dellui 42.54637, I 22/9/2017 30/1/2018 130 1.4 

2,349 m 0.94799 II 30/1/2018 12/7/2018 163 -0.7 
  III 12/7/2018 13/12/2018 154 7.2 

Collada 42.54437, I 23/9/2017 30/1/2018 129 1.6 

2,453 m 0.94312 II 30/1/2018 12/7/2018 163 -0.7 
  III 12/7/2018 13/12/2018 154 7.1 
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Table S4.2. Meteorological conditions registered in the studied area by two automatic weather stations from 
the XEMA network of the Catalan Meteorological Service. 

Period Start date End date 
Mean T 

(°C) 
Max. T 

(°C) 
Min. T 

(°C) 
Rel.Humidity 

(%) 

Accumulated 
precipitation 

(mm) 

Mean snow 
height 
(mm) 

Mean wind 
speed 
(m/s) 

Max. wind 
speed 
(m/s) 

Mean solar 
irradiance 

(W/m2) 

Redon VS (2,247 m asl) 

I 17/9/2017 31/1/2018 0.7 ± 6.0 15.0 -14.2 70 ± 26 717 431 ± 544 4.3 ± 2.6 30.7 109 ± 192 

II 31/1/2018 11/7/2018 0.7 ± 6.9 18.2 -16.6 85 ± 17 1038 
1438 ± 
1041 

5.0 ± 3.6 36.2 194 ± 286 

III 11/7/2018 12/12/2018 6.8 ± 6.1 20.3 -9.2 78 ± 23 573 49 ± 99 4.4 ± 3 33.9 172 ± 273 

IV 12/12/2018 27/9/2019 4.1 ± 7.5 25.1 -14.1 70 ± 28 1058 436 ± 528 4.8 ± 3.2 36.0 203 ± 302 

V 27/9/2019 7/10/2020 4.2 ± 6.3 23.3 -12.6 77 ± 26 1605 494 ± 632 4.6 ± 3.3 35.6 169 ± 270 

Boí Z2 (2,535 m asl) 

I 17/9/2017 31/1/2018 -0.1 ± 6.0 14.2 -16.1 61 ± 27 250 175 ± 227 4.2 ± 3.6 33.9 126 ± 202 

II 31/1/2018 12/7/2018 -0.6 ± 6.9 16.1 -16.5 82 ± 18 976 1794 ± 941 3.2 ± 3 32.1 204 ± 284 

III 12/7/2018 13/12/2018 5.4 ± 5.9 19.7 -11.2 75 ± 24 659 149 ± 232 3.0 ± 2.5 29.5 165 ± 249 

IV 13/12/2018 26/9/2019 3.1 ± 7.2 22.3 -15.9 63 ± 28 581 409 ± 383 3.5 ± 3.2 39.2 213 ± 297 

V 26/9/2019 6/10/2020 2.7 ± 6.2 20.7 -12.6 72 ± 29 1176 714 ± 746 3.6 ± 3.1 35.7 173 ± 258 

 

 

Table S4.3. Mass-to-charge (m/z) ratios used for the identification and 
quantification of target compounds and recovery standards in GC-MS (SIM 
mode). 
Compound Abbreviation m/z (CE 70 eV) 
2,4,4'-Trichlorobiphenyl PCB28 256 
2,2',5,5'-Tetrachlorobiphenyl PCB52 292 
2,2',4,5,5'-Pentachlorobiphenyl PCB101 326 
2,3',4,4',5-Pentachlorobiphenyl PCB118 326 
2,2',3,4,4',5'-Hexachlorobiphenyl PCB138 360 
2,2',4,4',5,5'-Hexachlorobiphenyl PCB153 360 
2,2',3,4,4',5,5'-Heptachlorobiphenyl PCB180 394 
Hexachlorobenzene HCB 284 
Pentachlorobenzene PeCB 250 
Fluorene Fle 166 
Phenanthrene Phe 178 
Fluoranthene Flu 202 
Pyrene Pyr 202 
Benz[a]anthracene B[a]ant 228 
Chrysene + Triphenylene Chr + TriPh 228 
Decachlorobiphenyl PCB209 498 
1,2,4,5-Tetrabromobenzene TBB 394 
Fluorene-d10 Fle-d10 176 
Phenanthrene-d10 Phe-d10 188 
Fluoranthene-d10 Flu-d10 212 
Pyrene-d10 Pyr-d10 212 
Benz[a]anthracene-d12 B[a]ant-d12 240 
Chrysene-d12 Chr-d12 240 
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Table S4.4. Mean sampling rates (RS ± SD, m3 d-1) at each site for each sampling 
period, experimental error (RSD, %), and theoretical expanded uncertainties (EU, 
%). 

Sampling period I II III IV V Mean 

Llebreta RS 2.7 ± 0.3 2.7 ± 0.1 2.4 ± 0.04 2.5 ± 0.5 2.3 ± 0.6 2.5 ± 0.2 

1,619 m RSD 10.1 4.8 1.5 18.5 24.6 7.7 
 EU 11.0 9.4 8.9 6.6 5.4 - 

Llong RS 3.4 ± 0.7 3.8 ± 0.7 3.7 ± 0.1 - - 3.6 ± 0.2 

2,000 m RSD 20.7 17.2 2.1 - - 5.9 
 EU 11.3 9.2 8.1 - - - 

Sarradé RS 3.5 ± 0.7 3.2 ± 0.3 3.5 a 3.3 a 2.8 ± 0.4 3.3 ± 0.3 

2,123 m RSD 18.5 7.9 - - 13.9 8.6 
 EU 10.1 9.8 8.1 6.9 5.6 - 

Redon RS - a 3.8 ± 0.1 3.2 ± 0.7 3.6 ± 0.4 4.5 a 3.7 ± 0.5 

2,240 m RSD - 1.8 23.0 11.5 - 14.6 
 EU - 7.8 9.7 7.5 5.4 - 

Dellui RS 3.7 ± 0.4 3.3 ± 0.2 3.6 ± 0.3 - - 3.5 ± 0.2 

2,349 m RSD 10.5 6.0 8.6 - - 6.3 
 EU 11.6 11.9 8.5 - - - 

Collada RS 3.5 ± 0.8 2.1 ± 0.1 3.0 ± 0.7 - - 2.9 ± 0.7 

2,453 m RSD 22.1 4.7 23.7 - - 25.4 
 EU 12.0 17.1 9.3 - - - 
a Sample not collected or replicate lost due to extreme meteorological conditions. 
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Table S4.5. Mean effective sampled air volumes (VA) and degrees of equilibrium 
(DEQ) for each compound during each sampling period (Green = full or nearby 
equilibrium; Yellow to Red = linear uptake phase). 
 VA (m3) a  DEQ b 

Period I II III IV V Mean  I II III IV V Mean 

Fle 65 69 51 55 55 60  1.00 1.00 1.00 1.00 1.00 1.00 

Phe 216 238 183 213 217 213  0.81 0.85 0.92 0.98 0.98 0.89 

Flu 412 535 442 733 912 559  0.16 0.19 0.24 0.36 0.37 0.24 

Pyr 412 535 442 733 912 559  0.16 0.19 0.24 0.36 0.37 0.24 

B[a]ant 439 584 489 858 1123 634  0.04 0.05 0.07 0.11 0.12 0.07 

Chr+TriPh 439 584 489 858 1123 634  0.04 0.05 0.07 0.11 0.12 0.07 

PCB28 392 501 404 642 771 506  0.24 0.28 0.37 0.52 0.53 0.36 

PCB52 419 547 450 757 952 574  0.13 0.16 0.21 0.32 0.33 0.21 

PCB101 433 572 476 824 1064 614  0.07 0.09 0.12 0.18 0.19 0.12 

PCB118 419 546 453 761 958 576  0.13 0.16 0.20 0.31 0.32 0.20 

PCB153 417 543 450 754 946 571  0.14 0.17 0.21 0.32 0.33 0.21 

PCB138 419 547 453 762 959 576  0.13 0.16 0.20 0.31 0.31 0.20 

PCB180 437 580 485 848 1105 628  0.05 0.06 0.09 0.13 0.14 0.09 

PeCB 105 113 73 82 82 93  0.98 0.98 1.00 1.00 1.00 0.99 

HCB 283 327 261 336 353 305  0.63 0.69 0.77 0.92 0.92 0.76 
a Calculated using Equation 1 in the main text. 
b Calculated from the expression between brackets in Equation 1 in the main text. 
A DEQ of 1 indicates full equilibrium conditions have been reached. 
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Table S4.8. Correlation matrix between concentrations of target pollutants (Spearman R2). Values in bold indicate 
statistical significance (p < 0.05). 

Phe Flu Pyr B[a]ant 
Chr+ 
TriPh 

PCB28 PCB52 PCB101 PCB118 PCB153 PCB138 PCB180 PeCB HCB  

0.40 0.23 0.03 0.02 0.02 0.06 0.07 0.10 0.03 0.01 0.10 0.01 0.00 0.00 Fle  
0.74 0.26 0.07 0.42 0.01 0.07 0.14 0.01 0.16 0.00 0.01 0.05 0.03 Phe   

0.46 0.19 0.58 0.09 0.09 0.19 0.00 0.11 0.00 0.05 0.00 0.00 Flu    
0.51 0.31 0.04 0.01 0.16 0.14 0.13 0.23 0.35 0.09 0.11 Pyr     

0.20 0.04 0.00 0.20 0.02 0.17 0.12 0.11 0.00 0.01 B[a]ant      
0.27 0.24 0.39 0.02 0.16 0.01 0.09 0.01 0.00 Chr+TriPh       

0.29 0.30 0.00 0.05 0.02 0.07 0.01 0.00 PCB28        
0.57 0.02 0.39 0.05 0.05 0.01 0.01 PCB52         

0.08 0.66 0.28 0.19 0.01 0.00 PCB101          
0.10 0.52 0.41 0.38 0.23 PCB118           

0.33 0.10 0.00 0.01 PCB153            
0.58 0.43 0.37 PCB138             

0.42 0.29 PCB180              
0.63 PeCB 
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Figure S4.1. Polyurethane foam passive air samplers (PAS-PUFs) inside stainless steel dome housings near 
lake Collada (2,453 m asl) during January 2018. 
 

 

 
Figure S4.2. Slope of the temperature dependence regression against the number of chlorine substituents of 
the PCBs. 
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Passive water sampling and air–water diffusive exchange of long-range 
transported semi-volatile organic pollutants in high-mountain lakes 
Raimon M. Prats*, Barend L. van Drooge, Pilar Fernández, Joan O. Grimalt 
Institute of Environmental Assessment and Water Research (IDAEA-CSIC), Jordi Girona 18, 08034 Barcelona, Catalonia, Spain

HIGHLIGHTS GRAPHICAL ABSTRACT 

• LDPE and SR passive water 
samplers were used to analyze
HOCs in high-mountain lakes.

• PCB concentrations were lower than
20 years ago, while HCB remained
the same.

• PAH concentrations were reduced 
by half, as did atmospheric 
emissions in Europe.

• OPEs were detected for the first 
time in these lakes at 
environmentally relevant levels.

• Air-water fluxes revealed 
generalized deposition or near-
equilibrium conditions.

KEYWORDS ABSTRACT 

Passive sampling 
Polycyclic aromatic hydrocarbons 
Organophosphate esters 
Polychlorinated biphenyls 
Freely dissolved

The concentrations of several legacy and currently emitted organic pollutants were 
determined in the freely dissolved phase of water from six high-mountain lakes in the 
Pyrenees (1619–2453 m) by means of passive water sampling. Low-density polyethylene 
(LDPE) and silicone rubber (SR) sheets were exposed for three consecutive periods lasting 
each one year between 2017 and 2020 for the study of polychlorinated biphenyls (PCBs), 
hexachlorobenzene (HCB), organophosphate esters (OPEs), and polycyclic aromatic 
hydrocarbons (PAHs), pentachlorobenzene (PeCB) and dichlorodiphenyldichloroethylene 
(4,4’-DDE). ƩPCB concentrations (1.2–2.2 pg L-1) were substantially lower than measured 
with pumping systems over two decades ago in the same area, while HCB (1.0–14 pg L-1) 
remained essentially the same. ƩPAHs (35–920 pg L-1) were around half of those observed 
in the past, which agrees with reports of reductions in atmospheric emissions over Europe. 
ƩOPEs (139–2849 pg L-1) were measured for the first time in this area and were found at 
high concentrations, but the resulting levels suffer from higher uncertainties in their partition 
coefficients than the other compounds, which hindered the assessment of spatial and 
temporal trends. Concentrations of most compounds obtained with LDPE and SR samplers 
agreed with each other by ratios generally lower than three or four times, except for a few 
PAHs and OPEs. Diffusive exchange flux calculations between the atmospheric gas phase 
and the freely dissolved water phase revealed net deposition of pollutants from air to water, 
except for some OPEs and PCBs presenting equilibrium conditions, and HCB with 
volatilization fluxes. Atmospheric degradation fluxes of PAHs and OPEs point at competing 
removal mechanisms that further support the air-to-water direction of their diffusive 
exchange, while PCBs and HCB were not affected by photodegradation. In their current state, 
these remote lakes seem to act on average as accumulators of many emerging and legacy 
pollutants subject to long-range atmospheric transport. 

* Corresponding author. 
E-mail address: raimon.martinez@idaea.csic.es (R.M. Prats). 
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1. Introduction 

Hydrophobic organic compounds (HOCs) are ubiquitous 
pollutants present in all environmental compartments, 
including the freely dissolved phase of water from oceans, 
rivers, and lakes. Many HOCs are semi-volatile and 
persistent. Their intermediate volatility allows them to 
disperse through the global atmosphere but also accumulate 
in water bodies and most environmental matrices, and their 
persistence provides them with a remarkable resistance to 
degradation. HOCs of major concern include currently 
emitted pollutants such as polycyclic aromatic hydrocarbons 
(PAHs) and organophosphate esters (OPEs), the latter 
included in the lists of emerging contaminants, and banned 
legacy pollutants such as polychlorinated biphenyls (PCBs), 
hexachlorobenzene (HCB), and pentachlorobenzene (PeCB). 

Exposure to these compounds has been related to 
different toxic effects both in humans and in organisms. 
PCBs have been observed to cause neurotoxicity and 
endocrine disfunction, also in human infants (Darvill et al., 
2000; Forns et al., 2012a and 2012b; Grandjean and 
Landrigan, 2014; Tan et al., 2004; Winneke et al., 2002), 
decreased fetal growth (Casas et al., 2015; Lopez-Espinosa 
et al., 2016), and disruption of the thyroid function (Alvarez-
Pedrerol et al., 2008; Chevrier et al., 2008; Sala et al., 2001). 
HCB has been linked to disruption of thyroid metabolism and 
cancer (Grimalt et al., 1994; Llop et al., 2017; Sala et al., 
2001) and low prenatal growth (Lopez-Espinosa et al., 2016). 
DDT and its metabolites were related to oxidative damage 
and increased apoptosis (Pérez-Maldonado et al., 2006, 
2005), genotoxicity (Gerić et al., 2012), deleterious effects 
on the nervous system (Van Wendel De Joode et al., 2001), 
and increased risk of cancer (Eskenazi et al., 2009 and 
references therein). Many PAHs have been associated to 
organ damage and abnormalities in immune and lung 
functions (Abdel-Shafy and Mansour, 2016 and references 
therein) as well as to carcinogenicity and mutagenicity 
(Armstrong et al., 2004; Boström et al., 2002; Wenger et al., 
2009). Finally, OPEs are endocrine disruptors (Hu et al., 
2022), suspected neurotoxicants (Wei et al., 2015; Yang et 
al., 2019) and carcinogens (WHO, 1998). 

Diffusive air-water exchange processes have been 
identified as a globally dominating deposition pathway for 
many HOCs in lakes and oceans (Bidleman and McConnell, 
1995; Wania et al., 1998). Since temperature plays a 
principal role in determining the direction of the exchange 
(Mackay and Wania, 1995), alpine lakes in cold high-
mountain areas tend to act as sinks of HOCs after long-range 
atmospheric transport (Grimalt et al., 2001; Nellier et al., 
2015a; Ren et al., 2017a; Vilanova et al., 2001b). As such, 
these sites have become reference ecosystems for the study 
of the environmental fate of anthropogenic pollutants (e.g., 
Fernández et al., 2005; Nellier et al., 2015b; Schmid et al., 
2011; Vilanova et al., 2001c) and risk for aquatic organisms 
related to their exposure and toxicity (e.g., Bartrons et al., 
2011; Gallego et al., 2007; Vives et al., 2005). Still, re-
volatilization from water to air has also been observed in 
oligotrophic and high-altitude lakes (Blais et al., 2001; 
Luarte et al., 2022), with seasonal changes being an 
important driver of variability in water concentrations and 
thus exchange fluxes between environmental compartments 
(Meijer et al., 2009, 2006). 

Alpine lakes distant from primary sources of atmospheric 
contaminants are thus valuable sentinel regions for the 
assessment of the distribution, accumulation, and impact of 
diffuse background pollution. Previously reported water 
monitoring studies consisted of discrete sampling operations 
(Vilanova et al., 2001a, 2001b, and 2001c), but the 
inaccessibility of remote mountain lakes renders them 
infeasible over extended periods of time when several sites 
are considered. Instead, passive samplers offer a cost-
effective, simple-to-use alternative as they absorb HOCs 
over extended exposure periods. This alternative approach 
has been implemented in recent decades by using low-
density polyethylene (LDPE) and silicone rubber (SR) 
polymers for the uptake of nonpolar compounds in global 
monitoring networks (Lohmann et al., 2017; Lohmann and 
Muir, 2010; Sobotka et al., 2022). The partitioning properties 
of many HOCs between the freely dissolved phase of water 
and these polymers have been assessed (Smedes et al., 2009; 
Smedes, 2018) and, together with diffusive uptake models 
and in situ sampler calibration strategies, they allow accurate 
determinations of HOC concentrations in water (Booij et al., 
2007; Booij and Smedes, 2010; Huckins et al., 2006). 
However, under changing weather conditions, uncertainties 
in polymer uptake, calibration of the samplers, and physical-
chemical properties of the studied compounds introduce 
uncertainties into the concentration calculations. These 
errors may be particularly relevant for the assessment of 
trace-level concentrations from high-mountain areas, so 
further study on the performance of this approach in such 
locations is still needed.  

Here, we present a study of the occurrence of different 
groups of organic pollutants emitted from distant sites in 
waters of high-altitude mountain lakes in the Pyrenees (Fig. 
1) by means of passive sampling. LDPE and SR passive 
water samplers (PWS) were deployed during three 
consecutive periods lasting one year each between 2017 and 
2020 at six lakes encompassing an altitudinal gradient 
between 1619 and 2453 m above sea level in a National Park 
area within a radius of less than 9 km. The concentrations 
obtained using both polymer types were compared for the 
assessment of accuracy and precision of the measurements. 
The results from the present work were also compared to 
pollutant levels determined in the area two decades ago by 
water-pumping sampling, which could provide valuable 
indications on whether regulations had noticeable 
consequences on pollutant levels in remote ecosystems. 
Moreover, the present measurements were performed 
simultaneously with the determination of the same 
compounds in the atmospheric gas phase surrounding the 
lakes, which allows the determination of diffusive air–water 
exchange fluxes and, therefore, of the role of alpine lakes as 
sentinel ecosystems of the impact of long-range transported 
pollutants into remote continental areas. Atmospheric 
degradation fluxes were also calculated in order to determine 
the gas-phase removal rates of pollutants in comparison with 
possible deposition into the lakes. 

2. Materials and methods 

2.1. Sampling site 

The waters of six remote Pyrenean alpine lakes were sam- 



Legacy and currently emitted organic pollutants in air and water from urban and high-altitude ecosystems 

183 

3 

pled and analyzed during three yearly periods (2017–2020): 
Lakes Llebreta (1619 m), Llong (2000 m), Sarradé (2123 m), 
Redon (2240 m), Dellui (2349 m), and Collada (2453 m) 
(Fig. 1). They are located in a European Union’s Natura 2000 

protected area in the Central Pyrenees encompassing the 
National Park of Aigüestortes i Estany de Sant Maurici and 
Val d’Aran (Catalonia, Spain). They are oligotrophic lakes 

of glacial origin (Catalan et al., 2006) with catchments 
generally characterized by rocky slopes. All lakes except 
Redon belong to the National Park and are located in the 
same main catchment (50.9 km2), while Lake Redon lies in a 
separate valley with its own catchment (1.4 km2). The lowest 
lakes (Llebreta, Llong, and to a lesser degree, Sarradé) are 
surrounded by subalpine meadows and forests, while the 
higher lakes (Redon, Dellui, and Collada) are cirque lakes in 
small rocky catchments above the tree line, covered by alpine 
meadows and bare rock. They are relatively small, shallow 
lakes (0.02–0.07 km2, <15 m maximum depth, while Sarradé 
has 24 m maximum depth) but Lake Redon has an extension 
of 0.25 km2 and maximum depth of 73 m. All lakes freeze 
between November and December and remain ice covered 
for up to seven months (Catalan et al., 1992). Thus, most of 
the water input into the lakes comes from snowmelt. 

2.2. Water sampling 

LDPE-PWS were deployed at all lakes for a year-long 
sampling period between 2017 and 2018, followed up by two 
additional yearly periods, 2018–2019 and 2019–2020 in 
Lakes Llebreta, Sarradé, and Redon (Table 1). SR-PWS were 
deployed in these three lakes along with LDPE-PWS during 
the last sampling period. The specifications of both sampler 
types were the same as those used in the Aquatic Global 
Passive Sampling (AQUA-GAPS/MONET, from here on 
just AQUA-GAPS) monitoring network (Lohmann et al., 
2017; Lohmann and Muir, 2010). Sampler preparations were 
performed at RECETOX facilities (Masaryk University, 

Brno, Czech Republic) as detailed elsewhere (Sobotka et al., 
2022) following standard guidelines (Smedes and Booij, 
2012). Briefly, 90 × 55 mm LDPE (0.08 mm thickness, 0.924 
g cm-3 density, Alto-Rego Corporation, Etobicoke, ON, 
Canada) and translucent SR sheets (0.25 mm thickness, 1.14 
g cm-3 density, Shielding Solution LTD) were Soxhlet-
extracted for 100 h with ethyl acetate and hexane:acetone 1:1 
(v/v), respectively. The sheets were spiked with a 
Performance Reference Compound (PRC) mixture 
consisting of PCB congeners 1, 2, 3, 10, 14, 21, 50, 55, 78, 
104, 145, and 204 by soaking in methanol with stepwise 
addition of water until 50% (v/v) content. The sampler sheets 
were packed into amber glass jars and transported at -20 °C 
until deployment. 

Twelve sampler sheets were deployed per lake and 
period. The punctured sheets were fixed to stainless steel 
grills using nylon cable ties and suspended 4 m below the 
water surface with a submerged buoy and an anchor (Fig. 2). 
The samplers were retrieved after approximately one year of 
exposure. Any biofouling was wiped off on site, and the 
samplers were stored in clean amber glass jars, sealed airtight 
inside PET/LLDPE bags (Kapak Corporation, St. Louis 
Park, MI, USA), and stored at -20 °C until extracted. Four 
unexposed sampler sheets per site were used as reference 
blanks for PRC calibration. These blanks were exposed to the 
air during sampler deployment and retrieval operations and 
stored in separate amber glass jars at -20 °C during the 
remainder of the sampling period. 

Meteorological conditions of the sampling periods such 
as air temperature, atmospheric pressure, and wind speed 
were recorded by an automatic weather station from the 
XEMA network of the Catalan Meteorological Service (see 
Table S1 for a summary). Additionally, the site-specific air 
temperatures were continuously measured using Tinytag 
Plus 2 data loggers (Gemini Data Loggers, Chichester, UK) 
(Table 1). 

 

Fig. 1.  Location of the studied lakes in the Central Pyrenees, between the National Park of Aigüestortes and Val d’Aran. 
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2.3. Extraction and clean-up 

The sampler sheets were Soxhlet-extracted in batch for 
8 h with acetonitrile (all solvents from Merck, Darmstadt, 
Germany) after spiking them with a mixture of recovery 
standards containing fluorene-d10, phenanthrene-d10, 
anthracene-d10, fluoranthene-d10, pyrene-d10, 
benz[a]anthracene-d12, chrysene-d12, benzo[b]fluoranthene-
d12, benzo[k]fluoranthene-d12, benzo[a]pyrene-d12, 
benzo[ghi]perylene-d12, indeno[1,2,3-cd]pyrene-d12 
(National Institute of Standards and Technology, 
Gaithersburg, MD, USA), tributyl phosphate-d27, tris(2-
chloroethyl) phosphate-d12, tris(1-chloro-2-propyl) 
phosphate-d18, tris(1,3-dichloro-2-propyl) phosphate-d15, 
triphenyl phosphate-d15 (Cambridge Isotope Laboratories, 
Tewksbury, MA, USA), 1,2,4,5-tetrabromobenzene, and 
decachlorobiphenyl (Dr. Ehrenstorfer, Augsburg, Germany). 
It must be noted that the samplers from the first period (PWS 
I) were extracted with acetonitrile:methanol 2:1 (v/v) as in 
Smedes and Booij (2012), but subsequent batches were 
treated as recommended in updated procedures (Sobotka et 
al., 2022). After the extraction, the sampler sheets were dried 
and weighted for the determination of the exact sampler 
masses. The extracts were concentrated down to 2 mL by 
vacuum rotary evaporation, liquid/liquid extracted with 
hexane, and both fractions were separately dried over 1 g of 
anhydrous Na2SO4 (Merck) activated overnight in an oven at 
450 °C, concentrated in the rotary evaporator down to 2 mL, 
and further concentrated to 0.5 mL under a gentle stream of 
nitrogen gas. T
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Fig. 2. Low-density polyethylene passive water samplers (LDPE-
PWS) after a year of deployment below the water surface. The 
LDPE sheets were mounted onto a stainless-steel rack held four 
meters below the surface by a buoy and a heavy weight. 
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An additional clean-up step was performed for the hexane 
phase, which was separated into two fractions, respectively 
containing PAHs and organochlorine compounds. The 
separation was performed with an Agilent 1200 Series HPLC 
system (Agilent Technologies, Santa Clara, CA, USA) 
equipped with a fraction collector module and a 25 cm × 3 
mm × 0.46 cm i.d. Tracer Excel 120 SI HPLC silica column 
(Teknokroma, Sant Cugat del Vallès). The detailed 
fractionation procedure has been described elsewhere (Prats 
et al., 2021). The eluted fractions were concentrated under 
nitrogen gas down to 0.5 mL. 

2.4. Instrumental analysis 

PAHs, PCBs, and OCs were analyzed by gas 
chromatography–single quadrupole mass spectrometry (GC-
MS) using a Thermo Trace GC Ultra–DSQ II (Thermo Fisher 
Scientific, Waltham, MA, USA) with a HP-5MS fused 
capillary column (60 m × 0.25 mm i.d. × 25 µm, Agilent 
Technologies). The extracts were injected in electron impact 
mode (EI, 70 eV) with injector, ion source, quadrupole, and 
transfer line temperatures of 280, 250, 150, and 270 °C, 
respectively. The carrier gas was helium at 1 mL min-1, and 
the oven program was as follows: 90 °C held for 1 min, then 
increased to 150 °C (10 °C min-1) and to 320 °C (6 °C min-1), 
finally held at 320 °C for 20 min. The target compounds were 
identified and quantified in SIM mode by retention time and 
m/z fragments. The target compounds, PRCs, and recovery 
standards are listed in Table S2 along with their 
abbreviations and m/z fragments. 

OPEs were analyzed in the acetonitrile fraction of the 
extracts by gas chromatography–triple quadrupole tandem 
mass spectrometry (GC-MS/MS) using an Agilent 7000 
Series Triple Quad GC/MS (Agilent Technologies) with a 
Zebron ZB-PAH capillary column (30 m × 0.25 mm i.d. × 
0.25 µm, Phenomenex, Torrance, CA, USA). The extracts 
were injected in EI mode with injector, ion source, 
quadrupoles, and transfer line temperatures of 280, 230, 150, 
and 280 °C, respectively. The carrier gas was helium at 1.1 
mL min-1, and the oven program was as follows: 80 °C held 
for 1.5 min, then increased to 220 °C (10 °C min-1) and to 
315 °C (15 °C min-1), finally held at 315 °C for 5 min. The 
analyzed compounds were identified and quantified in 
multiple reaction monitoring (MRM) mode by retention time 
and m/z qualifier and quantifier transitions. The target 
compounds and recovery standards are listed in Table S3 
along with their abbreviations, m/z transitions, and collision 
energies. 

2.5. Quality control and assurance 

Internal standard calibration was used for the 
quantification of compounds, accounting for instrumental 
variability and method recoveries. Recoveries were 66–90 % 
for PCBs and organochlorines, 73–103 % for PAHs, and 48–

106 % for OPEs. Limits of quantification in column (10 × 
s/n) were 0.5–2.5 pg for PAHs, PCBs, and organochlorines, 
and 0.12–0.25 pg for OPEs, or 25–125 and 6.25–12.5 pg per 
sample, respectively. These correspond to 0.03–5.1 pg L-1 for 
PAHs, PCBs, and organochlorine compounds, and 0.03–4.8 
pg L-1 for OPEs, where the average water sampled volumes 
were calculated for each compound (see Section 2.6). 

Field blanks were used for subtracting contamination 
absorbed by the sampler sheets during storage, transport, and 
manipulation of the sheets and extracts. However, the 
contamination in exposed samplers can be overestimated if 
full blank levels are subtracted. Part of the contaminants 
absorbed before sampler deployment are released into the 
water while staying absorbed into the unexposed blank 
sheets. This difference between sheets is relevant when 
sampling takes place in relatively clean surface waters, as is 
the case for alpine lakes. Therefore, average contaminant 
amounts per sampler were subtracted in two steps: 50% of 
the blank amounts (corresponding to contamination absorbed 
between retrieval and analysis) were entirely subtracted from 
the analyzed amounts per exposed sampler, while the other 
50% (corresponding to contamination absorbed between 
sampler pre-cleaning and deployment) was subtracted based 
on the achievement of equilibrium conditions during 
exposure (i.e., multiplying half of the blank amounts per 
sampler by 1-DEQ, the Degree of Equilibrium). The DEQ is 
a measure of the attainment of equilibrium during sampler 
exposure in the water, and its calculation is performed as 
described in Section 2.6. This step corrects sampler 
contamination proportionally to the state of partitioning 
equilibrium between sampler and water of each compound, 
therefore accounting for the partial release of contaminants 
present in the sampler sheets before exposure. Compounds 
that reached equilibrium between sampler and water during 
exposure (DEQ=1, or 1-DEQ=0) will not need subtraction of 
the pre-exposure half of the blanks since the amounts of 
target compound per sampler directly represent 
concentrations in water. Contrarily, compounds still in the 
uptake phase (DEQ<1, 1-DEQ>0) will be affected by 
possible contamination present before deployment. Blank 
levels were most relevant for OPEs in LDPE samplers 
(present in 100% of blanks, 19–55% of exposed sampler 
amounts on average), but less so for PAHs (47% of blanks, 
below detection level, BDL–29%) and not relevant for PCBs 
and organochlorines (13% of blanks, BDL–18%). 

2.6. Effective sampled water volumes 

Compound- and site-specific effective sampled water 
volumes (VW, in L), necessary for reporting concentrations 
in the freely dissolved phase of water, were calculated as 
described in Equation 1 (Booij et al., 2007; Huckins et al., 
2006): 

𝑉𝑊 = 𝐾𝑃𝑊𝑆−𝑊𝑚𝑃𝑊𝑆 [1 − 𝑒𝑥𝑝 (
−𝑅𝑆 𝑡

𝐾𝑃𝑊𝑆−𝑊𝑚𝑃𝑊𝑆

)] (1) 

where KPWS-W is the passive water sampler–water partition 
coefficient of each studied compound (L kg-1), mPWS is the 
combined sampler mass (kg), RS is the sampling rate (L d-1), 
and t is the exposure time (d). The part of the equation 
between brackets represents the degree of equilibrium 
(DEQ), a value between 0 and 1 that measures the degree of 
attainment of equilibrium conditions during exposure. KPWS-

W values for the studied compounds were obtained from the 
literature (Rusina et al., 2019; Smedes et al., 2009; Smedes, 
2018) and are listed in Table S4. Since no KPWS-W were 
available for OPEs, they were extrapolated from silicone 
values (Fig. S1). RS were obtained from the following 
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relationship with molar mass (M, g mol-1) (Rusina et al., 
2010): 

𝑅𝑆 =
𝐵

𝑀0.47
 (2) 

where B is a proportionality constant that accounts for 
hydrodynamic conditions such as turbulence, sampler 
geometry, and unit conversion. B is determined from the 
PRC calibration of the samplers as follows: 

𝐶
𝐶0

⁄ = 𝑒𝑥𝑝 (
−𝐵 𝑡

𝐾𝑃𝑊𝑆−𝑊 𝑀0.47 𝑚𝑃𝑊𝑆

) (3) 

where C/C0 is the fraction of retained PRCs, calculated as the 
ratio between the amount of each PRC present in the exposed 
sheets after sampling and the amount in the unexposed 
reference blanks. Sampling site-specific B values were 
adjusted by fitting C/C0 as a function of KPWS-WM-0.47 using 
an unweighted nonlinear least-squares (NLS) method (Booij 
and Smedes, 2010). KPWS-W values for the PRCs were 
obtained from Smedes et al. (2009) and are listed in Table 
S4. 

2.7. Air–water exchange and atmospheric degradation fluxes 

Freely dissolved pollutant concentrations in water from 
the first sampling period (PWS I) were used for the 
estimation of net air–water exchange fluxes (F, ng m-2 d-1) 
along with atmospheric gas phase concentrations measured 
simultaneously at each site during three passive air sampling 
periods (PAS I–III) presented elsewhere (Prats et al., 2022b, 
2022a). These air concentrations have been summarized in 
Table S5. The exchange fluxes were calculated as outlined in 
Schwarzenbach et al. (2016): 

𝐹 = 𝑘𝐴𝑊 (𝐶𝑊 −
𝐶𝐴

𝐾𝐴𝑊

) (4) 

where kAW is the overall air–water exchange velocity (m d-1), 
CW is the concentration of the compound in the freely 
dissolved phase of water (ng m-3), CA is the concentration of 
the compound in the atmospheric gas phase (ng m-3), and 
KAW is the equilibrium air–water partition constant 
(dimensionless). KAW is equivalent to H/RT, the non-
dimensional Henry’s Law constant, where R is the ideal gas 

constant (Pa m3 K-1 mol-1) and T is the average temperature 
of the sampling period (K) (Table 1). Henry’s law constants 

at 298 K (Williams et al., 2017) were temperature-corrected 
as proposed elsewhere (Hulscher et al., 1992). 

The calculation of kAW was performed as follows: 

1

𝑘𝐴𝑊

=
1

𝑘𝑊

+
1

𝑘𝐴𝐾𝐴𝑊

 (5) 

where kW and kA are the water-side and air-side single-phase 
exchange velocities, respectively (in cm s-1, later converted 
into m s-1 for the calculation of F). Both coefficients depend 
on meteorological conditions like wind speed and 
temperature (Table 1, Table S1), and the physical-chemical 
properties of each compound (Table S4). They were 
calculated using a boundary layer model first proposed by 
Deacon (1977) and outlined in Schwarzenbach et al. (2016). 

Full details on the complete exchange flux calculation are 
provided in Text S1. Theoretical uncertainties were 
estimated individually for each compound through 
propagation of the error from the variables involved in the 
calculation of the flux. Further description of the calculation 
of theoretical flux uncertainties is provided in Text S2. 

Additionally, atmospheric degradation fluxes due to 
oxidation by free hydroxyl radicals in the atmospheric 
mixing layer were calculated as follows: 

𝐹𝑑𝑒𝑔 = ℎ𝐴𝐵𝐿  𝑘𝑂𝐻 𝐶𝑂𝐻 𝐶𝐴 (6) 

where hABL is the average height of the atmospheric boundary 
layer (m), kOH is the compound-specific atmospheric 
hydroxylation rate (cm3 molec-1 s-1), COH is the concentration 
of hydroxyl radicals in the atmospheric layer (molec cm-3), 
and CA is the measured gas-phase concentration of the 
compound (ng m-3). Additional details on the calculation of 
these variables are provided in Text S3. 

3. Results and discussion 

3.1. Sampling rates and effective sampled volumes 

Table 1 summarizes the sampler deployment conditions 
and calibration output for all studied sites and periods. 
Effective sampled water volumes (VW) were determined 
individually for each compound and sampling site from 
sampling rates derived by means of PRC calibration. The 
PRC depletion ratios and best NLS fit curves are shown in 
Fig. S2. The sampling rates are compound-specific, so RS 
and VW are shown for a reference molecule of molecular 
weight 300 g mol-1. RS 300 for LDPE-PWS ranged between 
5.4 and 21.0 L d-1 in the first sampling period, PWS I, 
between 5.0 and 6.8 L d-1 in PWS II, and between 7.7 and 
10.0 L d-1 in PWS III, while it varied between 3.6 and 10.7 L 
d-1 for SR-PWS in PWS III (Table 1). Some differences 
between lakes and their exposure conditions become 
apparent from RS 300, such as samplers in Lake Sarradé 
consistently presenting rates lower than the other lakes. VW 

300 were 1647–7769 L and 1349–4028 L for the LDPE and 
SR samplers, respectively. Estimated relative standard errors 
of VW 300 ranged from 2.1 to 24.6% for LDPE and from 15.3 
to 32.6% for SR. The standard error associated to the NLS fit 
was noticeably lower for PWS I (2.1–7.8%) than for the two 
following periods (8.9–32.6%), as can be seen by how the 
NLS curves adjust to individual PRC fractions in Fig. S2.  

RS 300 at some sampling sites for PWS I were also larger 
than in the following periods (e.g., LDPE in Llebreta 21.0 L 
d-1 in PWS I, but 5.3 and 10.0 L d-1 in PWS II and III, 
respectively), although not for all of them (e.g., LDPE in 
Sarradé 5.4 L d-1 in PWS I, and 5.0 and 7.7 L d-1 in PWS II 
and III, respectively). These differences in RS are reflected in 
different effective sampled volumes. Thus, in Redon, the 
volumes sampled in the PWS I, II and III periods were 7769, 
2484, and 4028 L, respectively (Table 1). These differences 
paralleled the measured water precipitation in these periods, 
2030, 1348, and 1605 mm (Table S1). Calculation of the 
average and standard deviation of the semi-hourly air 
temperatures in the month prior to freezing (October), 
6.8±1.1, 3.5±0.5, and 5.6±2.6 °C for PWS I, II and III, 
respectively (Table 1), also show parallelism with sampling 
volumes, resulting in larger volumes at higher temperatures. 
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These recorded average temperatures in October were 
significantly different (p < 0.001). Similarly, in Lake 
Llebreta, the sampled volumes in PWS I, II, and III, 7769, 
1815, and 3684 L, respectively, were also parallel to their 
corresponding averaged October air temperatures, 13.1±2.7, 
9.9±4.6, and 11.2±3.0 °C, respectively. Again, these average 
temperatures were significantly different (p < 0.001). Higher 
water precipitation and temperatures in the period before 
freezing lead to freezing delays and therefore longer times in 
which the deployed passive sampler may exchange chemical 
compounds with the lake waters at temperatures above 4 °C, 
which is the water temperature under the ice once the lakes 
are frozen. Previous experimental setups under controlled 
flow conditions showed that the amounts of organochlorine 
compounds and polycyclic aromatic hydrocarbons absorbed 
by LDPE dropped significantly at water temperatures of 2 °C 
in comparison to 13 °C, which also resulted in lower 
sampling rates at lower temperatures (Booij et al., 2003). 

Table S6 contains the DEQs of the studied compounds at 
each lake, while the resulting VW are presented in Table S7. 
It takes longer for compounds with greater KPWS-W to achieve 
equilibrium, which typically are compounds with lower 
water solubility. Thus, most low molecular weight PAHs, all 
OPEs, PeCB, HCB, and the lowest molecular weight PCBs
reached near or full equilibrium conditions (DEQ > 0.95) 
during most LDPE sampler exposures, and therefore lower 
water volumes were effectively sampled. On the other hand, 
high molecular weight PAHs and PCBs were those furthest 
away from reaching equilibrium, staying in the linear or 
integrative uptake phase (DEQ < 0.20) instead. Compounds 
in the curvilinear phase of uptake were closer to equilibrium 
in PWS I than in the following periods due to the higher RS. 
In general, around half of the studied compounds reached
near-equilibrium conditions, which is often the case during 
long exposures (approximately one year long). However, 
lengthy exposure times are preferred in waters where 
expected pollutant levels are low and compound diffusivities 
are reduced, as is the case for cold, remote high-mountain 
lakes, as higher amounts of pollutant sequestered by the 
samplers are less likely to slip under the detection limits. 
Different compound affinities for the silicone rubber material 
(KPWS-W) resulted in somewhat decreased DEQs for the SR-
PWS that were co-deployed with the LDPE-PWS during
PWS III. This was mainly noticeable for compounds in the 
curvilinear uptake phase and for the non-chlorinated OPEs. 

3.2. Freely dissolved water concentrations 

The compound concentrations in the freely dissolved 
phase of water (CW) for each lake and sampling period are 
shown in Table 2. Additionally, Table S8 contains a 
compilation of pollutant concentrations measured 20 or more 
years ago using active sampling methods at Lake Redon. 
Furthermore, the results of freely dissolved PAHs, 
organochlorine compounds and OPEs obtained from other 
studies using LDPE-PWS are also included in Table S8 for 
comparison. 

3.2.1. PCBs 

PCB concentrations were only determined in the first 
sampling period, PWS I. The observed Ʃ7PCB 

concentrations in PWS I were similar across all lakes, 
ranging between 1.2 and 2.2 pg L-1 and showing no clear 
trends with altitude (Table 2). The relative abundance of 
PCBs decreased with the water solubility of each congener 
from 25% for PCB28 to 3.5% for PCB180, except for 
PCB153, which had the second highest abundance at 19%. It 
is expected that the less water soluble congeners could 
instead be more prominently bound to other compartments 
such as the suspended particulate phase. No relevant trends 
were observed between lakes regarding PCB relative 
composition, aside from a slight increase in PCB153 and 
decrease in PCB118 at higher altitudes. 

Ʃ7PCB concentrations in the freely dissolved phase of 
water at Estanh Redon were six times lower than those 
measured in 1996–1998 (removing outliers) (Vilanova et al., 
2001a, 2001b) and ten to twenty times lower than in 2000 
(Fernández et al., 2005) (Table S8). While a decrease in 
freely dissolved PCB concentrations could have happened as 
these compounds have been banned for an extended period 
of time, the observed decrease seems too steep for the 
expected persistence of PCBs. The measurements from over 
two decades ago were performed by single active sampling 
measurements instead of time-averaged passive samplers, 
which are more susceptible to seasonal changes related to 
increased input to the lakes after snowmelt periods or 
increased atmospheric deposition. This effect can be 
observed in the unlikely sharp increase of Ʃ7PCB observed 
between 1998 and 2000 (Arellano et al., 2015). In the same 
way, part of the reduction in PCB levels that is now apparent 
from our measurements could be due to the comparison of 
our yearly average measurements to active sampling values 
performed during different PCB distribution stages in the 
lake. On the other hand, part of the PCBs present in water 
may be associated to the colloidal organic matter (e.g., humic 
and fulvic acids), which may be collected to a larger extent 
by active sampling methodologies, such as those using XAD-
2 or polyurethane foam (Gómez-Belinchón et al., 1988), 
compared to LDPE-PWS, which mostly accumulates freely 
dissolved organic molecules. 

A comparison of the PCB concentrations found in the 
present study with active sampling measurements in the 
literature show that our results are lower than those observed 
in the Great Lakes (Boesen et al., 2020; Venier et al., 2014), 
Lake Maggiore in the Italian Alps (Nizzetto et al., 2012), and 
high-altitude lakes in the French Alps (Nellier et al., 2015b). 
However, the Ʃ7PCB concentrations in the present study 
were in the range of those reported in oligotrophic lakes such 
as Lake Panguipulli in Patagonia (Luarte et al., 2022) and 
Lake Nam Co in the Tibetan Plateau (Ren et al., 2017b). 

In comparison to other studies that used LDPE-PWS, the 
Ʃ7PCB concentrations were in the same range as samples 
from background areas like the North and Tropical Atlantic 
Ocean (Sun et al., 2016). They were in the lower side of 
concentration ranges reported in the Great Lakes (Khairy et 
al., 2015; Liu et al., 2016; Ruge et al., 2018; Zhang et al., 
2020) and much lower than in many other surface and ocean 
waters closer to emission sources like several bays in Puerto 
Rico (Rodríguez-Sierra et al., 2019) and contaminated 
waterways and treatment facilities in Seattle (Apell and 
Gschwend, 2017) and California (Fernandez et al., 2014, 
2012), USA (Table S8), with the exception of river waters 
from an industrialized area in Bosnia and Herzegovina 
(Harman et al., 2018). 
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3.2.2. HCB, PeCB, and 4,4’-DDE 

HCB concentrations measured using LDPE-PWS ranged 
from 1.0 to 14 pg L-1 (Table 2), while averages of the three 
lakes sampled across all periods were between 4.6 and 8.4 pg 
L-1. PeCB concentrations ranged from 0.5 to 4.5 pg L-1 (Table 
2), with averages of the three lakes for the three studied 
periods between 1.6 and 3.0 pg L-1. Finally, 4,4’-DDE 

concentrations ranged from 0.01 and 0.65 pg L-1 (Table 2), 
with averages of the three lakes ranging between 0.06 and 
0.28 pg L-1. DDT and its other degradation products were not 
detected above blank levels. HCB and PeCB concentrations 
remained generally constant with altitude, while 4,4’-DDE 
showed lower levels at the three highest lakes during PWS I. 
HCB and PeCB concentrations derived from SR samplers 
were slightly higher than those obtained from LDPE 
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samplers in PWS III, but within acceptable ratios of 1.4–2.6. 
On the other hand, 4,4’-DDE was not detected above blank 
levels in the SR samplers. 

HCB in the freely dissolved phase of water at Estanh 
Redon in the present study remained at essentially the same 
concentration as the one observed with active sampling over 
twenty years ago (Fernández et al., 2005; Vilanova et al., 
2001b) (Table S8). This lack of variability reflects the 
exceptionally high persistence of HCB in different 
environmental compartments of remote sites. Although 
expected, this contrasts with the changes over time observed 
for PCBs discussed in the previous section that could be a 
result of the integrative nature of passive samples compared 
to active measurements. Still, HCB typically shows a 
remarkable uniformity and invariability in its background
environmental concentrations, as measured in air in the same 
area over the same twenty-year period (Prats et al. 2022a). 
On the other hand, 4,4’-DDE concentrations in the present 
work are over an order of magnitude lower than previous
measurements (Fernández et al., 2005; Vilanova et al., 
2001b) (Table S8). This could be a result of the lower 
persistence in surface waters of 4,4’-DDE compared to HCB
(Howard et al., 1991) or the higher affinity of this compound 
of higher KOW for colloidal matter. 

Compared to other studies using direct or active sampling
methodologies, HCB average concentrations were somewhat 
higher than in Patagonian and Tibetan oligotrophic lakes
(Luarte et al., 2022; Ren et al., 2017b), similar or in the lower 
side of concentration ranges reported in several Canadian 
lakes including high-altitude ones (Venier et al., 2014;
Wilkinson et al., 2005), and lower than in other Great Lakes 
(Venier et al., 2014). Concentrations in water of 4,4’-DDE 
were similar to those in Nam Co Lake (Ren et al., 2017b), 
somewhat lower than in Lake Superior (Venier et al., 2014),
and much lower than in most other Great Lakes (Venier et 
al., 2014). Freely dissolved PeCB concentrations are more 
scarcely reported in the literature. They were in the lower 
range compared to measurements in multiple freshwater sites
spread across the Netherlands, Slovakia, Czech Republic, 
Norway, and Russia (Allan et al., 2021). 

Other studies that used LDPE-PWS showed HCB 
concentrations in the same range in the Atlantic Ocean (Sun 
et al., 2016) and the Great Lakes (Khairy et al., 2014; Ruge 
et al., 2018), on the lower side of levels in rivers from Bosnia 
and Herzegovina (Harman et al., 2018), and higher than in 
wetlands of Brazilian National Parks (Meire et al., 2016) 
(Table S8). PeCB concentrations were lower than in the 
Bosnian rivers (Harman et al., 2018), and 4,4-DDE 
concentrations were in the range of those in Brazil (Meire et 
al., 2016), lower than in the Atlantic (Sun et al., 2016) and 
the Great Lakes (Zhang et al., 2020; Ruge et al., 2018), and 
much lower than near a Californian wastewater facility 
(Fernandez et al., 2012) and Puerto Rican bays (Rodríguez-
Sierra et al., 2019) (Table S8). 

3.2.3. PAHs 

Ʃ17PAH concentrations ranged from 35 to 920 pg L-1 
(Table 2), with averages of the lakes sampled in all periods 
between 127 and 611 pg L-1. Phe was the most abundant PAH 
on average (33–39% across all lakes). However, retene was 
consistently much more abundant in samples from the three 

lower altitude lakes (30–84% in all sampling periods except 
for Lake Sarradé in PWS III at 13%). These three lower 
lakes, surrounded by forests, presented retene concentrations 
more than three orders of magnitude higher than the lakes 
situated above the tree line. This compound has also been 
identified in the waters of high-mountain lakes when using 
pumping sampling (Vilanova et al., 2001c). In some studies, 
it has been considered a marker of wood combustion (Aceves 
and Grimalt, 1993; Ramdahl, 1983; van Drooge et al., 2016). 
However, it is also a product of diagenetic degradation of 
abietic acid in lake sediments, a diterpene resin acid 
produced by conifers (Keeling and Bohlmann, 2006; 
Simoneit et al., 1986; Wakeham et al., 1980). To 
qualitatively confirm diagenesis as its origin, 25 samples of 
aquatic plants, algae, submerged mountain pine tree bark, 
and nearshore lake sediment were collected at the studied 
lakes, freeze-dried, extracted by sonication with 
hexane:dichloromethane 4:1 (v/v), and processed and 
analyzed like the PWS samples. Retene was detected in large 
abundance in sediment samples of the lower lakes, especially 
from Lake Sarradé, along with three common degradation 
products of abietic acid: dehydroabietic aldehyde, fichtelite, 
and 1,2,3,4-tetrahydroretene (Simoneit et al., 1986; 
Wakeham et al., 1980). These findings support the in-situ 
origin of retene in the lower lakes.  

Without considering retene, the mean relative abundance 
of Phe increased to 46–59% and was followed by Fle (5–

34%) and Flu (11–22%). The less volatile and less water 
soluble high molecular weight PAHs that are typically more 
associated to particulate matter (B[b]flu to B[ghi]pery) 
showed abundances only as high as 1.3% and were detected 
most frequently and at often higher concentrations in the 
lowest altitude lakes. Overall, SR-derived concentrations of 
PAHs were within an acceptable ratio of two to four times 
those measured with LDPE, except for a few exceptions 
mainly including Fle, Phe, and Ret (Table 2). 

Ʃ17PAH concentrations at Estanh Redon were
approximately half of those measured over two decades ago
at the same site (Vilanova et al., 2001c) or less than half than 
measured a few years later although more PAHs were 
included in the sum (Fernández et al., 2005) (Table S8), 
which is in accordance with the 53% decrease of estimated 
PAH emissions in the European continent over the last three 
decades (EEA, 2021). ƩPAH concentrations in the freely 

dissolved water phase in the mountain lakes were in the range 
of those in a Chilean oligotrophic lake (Tucca et al., 2020), 
slightly lower than in a subalpine lake in Italy (Olivella, 
2006) and high-altitude Himalayan lakes (Guzzella et al., 
2011), and much lower than in a Tibetan oligotrophic lake 
(Ren et al., 2017a) and other Chinese lakes (Qin et al., 2014, 
2013; Zhao et al., 2015). 

Compared to other LDPE-PWS measurements, ƩPAH 

concentrations in this study were in the range of those in the 
Atlantic Ocean (Sun et al., 2016) and in Brazilian mountain 
range freshwaters (Meire et al., 2019), but much lower than 
in the Great Lakes (McDonough et al., 2014), rivers in 
Oregon, USA, and Bosnia and Herzegovina (Harman et al., 
2018; Paulik et al., 2016), the Plymouth harbor area, UK 
(Aminot et al., 2017), and freshwater lakes in Antarctica 
(Yao et al., 2016) (Table S8). 
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3.2.4. OPEs 

Ʃ5OPE concentrations in the freely dissolved phase of
water ranged between 139 and 2849 pg L-1 (Table 2). TCEP 
was the most abundant OPE (78–82% on average), followed 
by TCIPP (11–14%) except in PWS III where TCIPP 
amounted to 79% and TCEP to 20%. The other three OPEs 
presented mean relative abundances below 6%. While not 
showing clear trends with altitude, some compounds
presented high variability between sampling sites and
periods. A clear example is TCIPP, with levels ranging 
between below blank levels and 2.4 ng L-1, apparently 
changing in concentration by a considerable margin between 
exposure periods in lakes like Redon (489 pg L-1 in PWS I to 
16 pg L-1 in PWS II, and back up to 2448 pg L-1 in PWS III). 

Such substantial changes in a limited time are not 
expected in a remote alpine area without primary pollutant 
sources. This variability could have two main causes: a poor 
performance of LDPE for the reproducible uptake of OPEs 
and uncertainty in the effective sampled volumes derived 
from sampling rates. OPEs, particularly the chlorinated ones, 
have relatively low KOW (Table S4) that results in a lower
affinity for LDPE than other HOCs, which implies a limited 
uptake capacity of the polymer that can become a source of
error and turn into a higher susceptibility to being negatively 
impacted by blank levels. To the best of our knowledge,
reliable measurements of the affinity of OPEs for LDPE are 
not available as experimentally measured KPWS-W values 
have not been reported in the literature. Other LDPE-PWS 
studies presenting OPE concentrations in water have 
performed KPWS-W estimations from water solubility or vapor 
pressure (Ma et al., 2021; McDonough et al., 2018), although 
they can result in much lower values than reasonable for 
some OPEs. In the present study, KPWS-W were estimated 
from known OPE partition coefficients for SR passive 
samplers linearly correlated with those for LDPE (Fig. S1, 
R2=0.991). This approach is based on the regression of 
experimental values instead of just physical-chemical 
properties, assuming that relative affinities for the polymer
phase remain relatively the same between compounds. 
Similar extrapolations have been used before for other 
polymers, matrices, and compounds (Smedes et al., 2020). 
However, its application to OPEs may suppose a larger leap 
of physical-chemical properties between predictor and 
predicted compounds that results in higher KPWS-W

uncertainties. Slight variations in the low effective sampled 
volumes resulting from the low KPWS-W values of OPEs could 
have developed into the substantial differences in 
concentration observed in Table 2. Still, we argue that while 
individual OPE levels suffering from these uncertainties may 
not be suitable for the assessment of short-range altitudinal 
and short-term temporal trends, the overall average LDPE-
derived OPE concentrations for the studied area are good 
indicators of the current magnitude of OPE pollution in such 
remote locations.

SR KPWS-W values for OPEs are available in the literature 
(Smedes, 2018), ranging between 0.02 and 0.25 log units 
higher than our LDPE predictions. OPE concentrations 
measured using the SR samplers during PWS III were on 
average about half of those measured with the LDPE 
samplers, which is an acceptable margin, although 
differences varied largely between compounds and sampling 

sites (Table 2). SR-derived concentrations of TBP, TDCIPP, 
and TPhP were generally higher than LDPE ones by ratios of 
0.8–120, while SR-derived concentrations of TCEP and 
TCIPP were lower by ratios of 0.2–0.9. Excluding obvious 
outliers, differences between SR and LDPE values were all 
within a maximum difference ratio of 8. In general, the SR 
relative amounts were relatively close to those of the LDPE 
but with a slightly higher representation of TDCIPP, TBP, 
and TPhP at the expense of the two most abundant OPEs 
(TCIPP and TCEP). In general, the SR polymers may 
provide data that are more easily comparable to those
reported in the waters of other locations, but most LDPE 
measurements were deemed to be acceptable. 

OPE concentrations ranged from slightly lower to 
considerably lower than in high Arctic lakes (Sun et al., 
2020) and were generally below those reported in Italian 
volcanic lakes (Bacaloni et al., 2008), German alpine 
reservoirs (Regnery and Püttmann, 2010), Lake Victoria in 
Uganda (Nantaba et al., 2021), and the Great Lakes (except 
for similar concentrations of TCEP at some sites) (Ma et al., 
2021; Venier et al., 2014). Ʃ5OPE concentrations in the 
present work were also similar to those reported in other 
studies using LDPE-PWS samplers in Canadian Arctic lakes, 
but higher than in the Arctic Ocean (McDonough et al., 
2018), and lower than in the Great Lakes (Ma et al., 2021) 
and the Plymouth harbor marina (Aminot et al., 2017) by up 
to two orders of magnitude (Table S8). 

3.3. Accuracy of measurements and adequacy of sampler 
material 

Some compound concentrations showed variations 
between sampling periods (e.g., OPEs and the 
organochlorines) that likely arose from higher uncertainty in 
the PRC-derived sampling rates or KPWS-W values. The 
overall concentration averages were deemed suitable for 
comparing pollutant levels with other locations and for 
establishing long-term concentration trends, but in some 
cases short-term temporal trends and small-scale spatial 
distributions could be hindered as a result of data variability. 
PWS concentrations can carry uncertainties linked to the 
modelled nature of their determination, as uptake models rely
on an array of variables that are highly dependent on 
physical-chemical properties, deployment conditions, and 
error in their measurement. Compounds with a tendency to 
quickly reach equilibrium are most affected by uncertainty in 
KPWS-W values and insensitive to sampling rate uncertainties 
(e.g., OPEs), while compounds in the integrative uptake 
stage suffer most from uncertainties in sampling rates 
through PRC KPWS-W error (e.g., high molecular weight PCBs 
and PAHs). Furthermore, the material chosen for the uptake 
of pollutants can significantly determine the magnitude to 
which these uncertainties affect the results. 

Additional LDPE and SR samplers to those analyzed in 
the present study were co-deployed at Lake Redon for all 
sampling periods as part of the Aquatic Global Passive 
Sampling network (AQUA-GAPS/MONET, www.aqua-
gaps.passivesampling.net). These samplers were 
independently extracted and analyzed at RECETOX 
(Masaryk University, Czech Republic) as described
elsewhere (Sobotka et al., 2022). Comparison of AQUA-
GAPS and the results of the present study, together with a 
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comparison between sampler materials, are shown in Fig. 3. 
LDPE-derived concentrations in our study were generally 

within a ratio of up to two to four of AQUA-GAPS ones (Fig. 
3a), which is somewhat disperse but centered around the 
equality line for all compound groups. No systematic 
deviations of the data between both independent variables 
were observed. The main observed outliers concerned 
concentrations of 4,4’-DDE in PWS I and HCB and TDCIPP 
in PWS III, which were more than four times lower in the 
present study than in AQUA-GAPS, and the concentration of 
Chr+TriPh, which was over four times higher in PWS I from 
the present study than in AQUA-GAPS. Since such 
differences in these few compounds were not observed in 
other periods, the cause of these discrepancies could be 
related to analytical differences like blank levels and higher 
uncertainties due to overall low environmental 
concentrations. 

Regarding the SR-derived concentrations in PWS III, 
PAHs and OCs showed results within the same margins of 

agreement as with the LDPE samplers. However, the 
concentrations of OPEs show deviations by ratios of 6 to 30 
between both laboratories (Fig. 3b) as well as between LDPE 
and SR (Fig. 3c and 3d). These differences were particularly
noticeable for TBP, TDCIPP, and TPhP in PWS I and III. It 
seems clear that some OPE values might have been under or 
overestimated by either or both analyses, probably due to
uncertainties related to effective sampled volume 
determination. These uncertainties originate from the
experimental determination of KPWS-W values. Because 
partitioning constants of OPEs are low, they reach 
equilibrium conditions between water and sampler with ease
(Table S6), so their effective sampled volumes are low 
(Table S7) and errors in their concentration are thus 
amplified. For SR, the relatively higher water solubility of 
OPEs was hypothesized to somewhat hamper the accurate 
determination of KPWS-W (Smedes, 2018). For LDPE, the lack 
of experimentally determined KPWS-W calls for the 
approximation of their values, thus introducing additional 

 
Fig 3.   Pollutant concentrations in the freely dissolved phase of water (pg L-1) measured using low-density polyethylene (LDPE) and silicone 
rubber (SR) passive samplers. Results are compared for: a) LDPE from this study vs AQUA-GAPS measurements performed at Masaryk 
University from lake Redon during PWS I and III; b) SR from this study vs AQUA-GAPS at lake Redon during PWS III; c) LDPE and SR from 
AQUA-GAPS at lake Redon during PSW I and III; and d) LDPE and SR from this study at lakes Llebreta, Sarradé, and Redon during PWS III.
The continuous, dashed, and dotted lines represent equality and difference ratio of 2 and 4 between measurements, respectively. 
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uncertainty. Although SR KPWS-W for OPEs are slightly 
higher than for LDPE, which would lead to larger effective 
sampled volumes, the theoretical benefit of this choice of 
material is only marginal and further assessment on the 
performance of these and other sampler materials for the 
analysis of OPEs would be needed for future studies. 

3.4. Air–water diffusive exchange 

The freely dissolved water concentrations determined 
using LDPE-PWS samplers during sampling period PWS I 
and the mean gas-phase atmospheric concentrations 
determined in parallel at each site over three passive air
sampling periods (PAS I–III, 09/2017–12/2018) (Table S5) 
(Prats et al., 2022b, 2022a) can be used to determine the 
diffussive exchange fluxes of the studied compounds at 
several mountain altitudes (Fig. 4). The calculations resulted 
in positive and negative fluxes, which indicate net 
volatilization and deposition, respectively, and include the 
theoretical uncertainty of the fluxes. The largest contributing 
factors to the uncertainty were the atmospheric gas-phase 
concentrations (49% of the overall uncertainty on average)
and the Henry’s Law constants (39%) due to the wide range 

of values available in the literature for every single 
compound (Sander, 2015). The other variables involved
amounted to smaller fractions of the average theoretical 
uncertainty (combined contribution <13%). 

In general, most compounds exhibited net deposition 
fluxes from air to water (flux < 0), or fluxes with either 
standard deviations or estimated uncertainties large enough
that do not allow their differentiation from equilibrium (Fig. 
4). PAH average net deposition fluxes were between 0.07
and 70.4 ng m-2 d-1, higher than those of most PCBs (0.07 to 
0.85 ng m-2 d-1), OPEs (0.06 to 7.8 ng m-2 d-1), and PeCB (1.9 
to 4.1 ng m-2 d-1). The air-to-water direction of both PAH and 
PCB fluxes agrees with the dominance of long-range 
atmospheric transport as their main source in this area (Prats 
et al., 2022b, 2022a), and the larger magnitude of PAH fluxes 
is consistent with the continued emission of PAHs to the 
atmosphere, especially in rural areas and over colder seasons 
(Van Drooge and Grimalt, 2015). Still, some PCBs like 
PCB28, PCB52, and PCB180 often showed net fluxes less 
differentiated from equilibrium, as is also the case for PeCB. 
While average OPE fluxes were mainly deposition ones, the 
uncertainty in the fluxes was often large enough as to not 
reject equilibrium conditions unequivocally, except for TBP 
and TPhP in several lakes. No general correlations with 
temperature or altitude were observed, as was the case in 
alpine lakes in the Rocky Mountains (Wilkinson et al., 2005). 

The main exceptions showing net volatilization fluxes 
from water to air were retene at the three lowest lakes, TCEP 
and TDCIPP at Estanh Redon, and HCB at most lakes. The 
large retene fluxes at Lakes Llebreta, Llong, and Sarradé 
(10.3 to 37.5 ng m-2 d-1) are explained by the exceptionally 
high concentrations in water resulting from diagenetic 
processes discussed in previous sections. Retene presented
the highest volatilization flux at Lake Llebreta as a result of 
both higher concentration in water (Table 2) and higher mean 
ambient temperature (Table 1), which facilitates 
volatilization. Many OPEs seemed to behave differently at 
Estanh Redon, which could be due to a difference in sources 
as it is located the furthest from all other lakes (Fig. 1).

Finally, HCB showed volatilization fluxes that became 
progressively lower at higher, colder lakes, even 
transitioning towards equilibrium conditions (Fig. 4). This 
trend is to be expected since condensation increases (or 
volatilization decreases) al lower temperatures. However,
HCB being the only compound that consistently presents 
volatilization fluxes is more puzzling in a context where most
other legacy organochlorine pollutants showed net 
deposition or equilibrium conditions. Low HCB 
concentrations in air due to atmospheric degradation by free 
hydroxyl radicals is an unlikely cause of this air–water 
imbalance because of the remarkable persistence of HCB. 
Still, volatilization fluxes of HCB while other 
organochlorines presented net deposition were also observed 
in other Russian and Canadian mountain lakes (McConnell 
et al., 1996; Wilkinson et al., 2005). 

Modelling studies at Estanh Redon using data from over 
two decades ago determined annually integrated net 
volatilization fluxes for PCBs and showed that diffusive air–
water exchange dominated PCB dynamics in the lake (Meijer 
et al., 2009, 2006). This contrasts with the present study, 
where most PCBs showed near-equilibrium conditions or 
small deposition fluxes, which probably responds to the 
decrease in freely dissolved PCB concentrations in water 
(Table S8). PCBs and other organochlorine pollutants 
presented deposition fluxes in Swiss and North American 
lakes (Bogdal et al., 2010; Dachs et al., 2000), ranged from 
deposition to volatilization in the Great Lakes (Liu et al., 
2016), and showed mostly volatilization fluxes in North 
Patagonian, Canadian, Russian, and arctic and subarctic 
lakes (Blais et al., 2001; Diamond et al., 2005; Luarte et al., 
2022; McConnell et al., 1996). PAHs showed mainly 
deposition fluxes in a Chinese urban lake (Li et al., 2009) and 
at some sites from Lake Superior (Ruge et al., 2015), but the 
direction of exchange fluxes of PAHs was much more 
dependent on molecular weight and season of the year in 
several Chinese and North Patagonian lakes (Qin et al., 2013; 
Tao et al., 2017; Tucca et al., 2020; Wu and Tao, 2021).
Estimations of OPE exchange fluxes in lakes are scarce, but 
they mostly showed deposition fluxes at the Great Lakes (Ma 
et al., 2021). 

3.5. Atmospheric photodegradation 

Air–water diffusive exchange has been identified as a 
main driver of pollutant distribution between the atmosphere 
and water bodies, especially in background areas (González-
Gaya et al., 2016; Jurado et al., 2005). However,
photooxidation due to reaction with free hydroxyl radicals in
the atmospheric gas phase can also be a relevant removal 
mechanism for many semi-volatile organic compounds 
transported at long distances (Berrojalbiz et al., 2014). Here, 
degradation fluxes were calculated for all studied compounds 
based on their concentrations in air. These fluxes are 
presented in Table 3. All PCBs, HCB, and PeCB showed 
very low estimated degradation fluxes, between 0.01 and
0.26 ng m-2 d-1, as expected from their characteristic 
environmental persistence. On the other hand, PAHs showed 
much higher fluxes, between 0.3 and 15 ng m-2 d-1 for the 
heavier compounds (Ret, B[a]ant, Chr+TriPh, outliers 
removed) and between 22 and 232 ng m-2 d-1 for the more 
labile ones (Fle, Phe, Flu, and Pyr). These higher PAH 
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degradation fluxes were similar to others found in 
background areas (Nizzetto et al., 2008). OPE degradation 
fluxes were somewhere in the middle, between 0.8 and 38 ng 
m-2 d-1 (outliers removed).  

Compared to the air–water diffusive fluxes, PCB and 
organochlorine degradation fluxes were on average 3 to 14 
times lower, meaning that diffusive exchange from the 
atmospheric gas phase into the lakes is a much more 
prominent removal process than photodegradation. On the 
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other hand, degradation fluxes of PAHs and OPEs were 2 to 
9 times higher than diffusive exchange ones. Nevertheless,
the calculated exchange fluxes for these two later groups of 
compounds were predominantly air-to-water directed or 
close to equilibrium. Considering the magnitude of PAH and 
OPE degradation fluxes, this direction of the diffusive 
exchange at the air–water interface is reinforced, meaning
that gas-phase concentrations were high enough to cause net 
deposition even when appreciable atmospheric degradation
took place. Still, other atmospheric removal mechanisms like 
dry and wet deposition and removal processes in the lakes 
like biodegradation should be accounted for in a complete 
determination of the net direction of compound fluxes, which
is nevertheless likely to remain from air towards water as 
deposition processes can be substantial in alpine settings 
(Carrera et al., 2002; Fernández et al., 2003, 2021). 

4. Conclusions 

Passive water samplers are simple and effective 
alternatives for sampling hydrophobic organic compounds in
the freely dissolved phase of water in alpine lakes. Their use 
overcomes the difficulties associated with sampling logistics 
in remote areas over long periods of time. While HCB 
concentrations were essentially the same as those from two 
decades ago, sampled with active pumping systems, the 
observed PCB and 4,4’-DDE concentrations were 
considerably lower. Despite a possible reduction over the 
years, such a steep decrease of remarkably persistent 
pollutants could in part be a result of comparing yearly
averages from this study with single measurements in the 
past affected by temporary changes in the lake (e.g., 
snowmelt and stratification), as well as differences between 
the freely soluble fraction sampled with PWS and that 
retained in XAD-2 or other polymers, which could 

incorporate colloidal organic matter. PAH concentrations 
were relatively high due to their continued release into the 
atmosphere and long-range atmospheric transport inputs into 
the lakes, with a lower presence of high molecular weight 
PAHs typically bound to the particle phase. PAH levels were 
around half of those found over 20 years ago at the same site, 
agreeing with reports on the decrease of atmospheric PAH 
emissions over Europe of around 50%. OPEs were found at 
even higher concentrations than the other compounds,
although the data presented high variability and method 
uncertainties. In general, most studied compounds showed
levels similar to or around the same order of those reported
in other oligotrophic, high-altitude, alpine and subalpine 
lakes.

There was an acceptable agreement between independent 
measurements and different sampler materials for most
compounds, albeit within moderately wide margins of
uncertainty. The main outliers were mostly OPEs, which 
often showed disagreements and variation between sites and 
periods that were linked to uncertainties of the predicted 
KPWS-W values that are otherwise unavailable for LDPE. 
Furthermore, the lower hydrophobicity of OPEs could place
them at the limit of adequacy of the sampler materials used
in this work. 

Finally, diffusive exchange fluxes between atmospheric 
gas phase and freely dissolved water concentrations revealed
net diffusive flux of pollutants from air to water, except for 
some OPEs and PCBs presenting equilibrium conditions, and 
HCB with volatilization fluxes (water to air). Diffusive 
exchange fluxes of PAHs (air to water) were the highest, as 
expected from their continuous emission and transport 
towards colder areas like high mountains. Atmospheric 
degradation by photooxidation due to free hydroxyl radicals 
was identified as a relevant mechanism of pollutant removal 
in air for PAHs and OPEs. This further supports the air-to-
water direction of the exchange fluxes for these compounds
as the higher proportion of pollutants in air with respect to 
equilibrium conditions exists despite having 
photodegradation competing for their removal from the 
atmosphere. As expected, persistent PCBs and 
organochlorines are not as affected by degradation processes. 
Thus, these lakes in their current state most probably act as 
accumulators of many emerging and legacy pollutants 
subject to long-range atmospheric transport. 
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Table 3
Mean degradation fluxes (ng m-2 d-1) in the atmospheric gas phase
by reaction with OH radicals over periods PAS I–III. 

Llebreta Llong Sarradé Redon Dellui Collada 
PCB28 0.10 0.13 0.12 0.13 0.07 0.09 
PCB52 0.05 0.05 0.08 0.07 0.04 0.05 
PCB101 0.08 0.06 0.08 0.09 0.04 0.04 
PCB118 0.07 0.05 0.06 0.06 0.05 0.05 
PCB138 0.08 0.05 0.07 0.07 0.05 0.04 
PCB153 0.05 0.04 0.06 0.05 0.03 0.03 
PCB180 0.02 0.01 0.01 0.02 0.01 0.01 
HCB 0.06 0.05 0.04 0.05 0.06 0.04 
PeCB 0.21 0.23 0.26 0.22 0.25 0.23 
Fle 126 157 167 132 144 103 
Phe 189 167 219 232 116 81
Flu 111 69 111 126 52 32 
Pyr 72 29 39 55 22 22 
Ret – a 8.7 15 13 1.9 1.6 
B[a]ant 2.2 0.59 0.64 0.88 0.32 0.31 
Chr+TriPh 9.0 5.0 8.2 14 4.1 2.7 
TBP 1.9 1.2 1.4 1.3 0.81 1.0 
TCEP 6.9 6.3 7.0 15 6.7 7.8 
TCIPP 38 7.6 4.4 12 4.3 4.1 
TDCIPP 1.6 1.4 1.8 2.3 0.83 1.8 
TPhP 8.4 8.7 8.2 – a 2.1 3.5 
a Affected by outliers.
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Text S5.1. Calculation of air–water exchange fluxes 

Air–water diffusive exchange fluxes were calculated considering the first passive water sampling 

period (PWS I) and the three passive air sampling periods coinciding in time with the water sampling (PAS 

I–III; Prats et al., 2022a, 2022b). Fluxes for each specific compound “i” were calculated at each sampling 

site using a boundary layer model first proposed by Deacon (1977) as outlined in Schwarzenbach et al. 

(2016): 

𝐹𝑖 = 𝑘𝑖 𝐴𝑊 (𝐶𝑖 𝑊 −
𝐶𝑖 𝐴
𝐾𝑖 𝐴𝑊

) (Eq. S5.1) 

where ki AW is the overall air–water exchange velocity (m d-1), Ci W and Ci A are the concentrations of the 

compound in the freely dissolved phase of water and in the atmospheric gas phase, respectively (ng m -3), 

and Ki AW is the equilibrium air–water partition constant (dimensionless). Ki AW is equivalent to the 

nondimensional Henry’s Law constant: 

𝐾𝑖 𝐴𝑊 =
𝐻𝑖 (𝑇)

𝑅𝑇
 (Eq. S5.2) 

where R is the ideal gas constant (Pa m3 K-1 mol-1), T is the average temperature (K), and Hi (T) is the 

compound’s Henry’s Law constant corrected for temperature from Hi (298K) values (Williams et al., 2017) 

as proposed elsewhere (Hulscher et al., 1992). 

 The calculation of ki AW was as follows: 

1

𝑘𝑖 𝐴𝑊
=

1

𝑘𝑖 𝑊
+

1

𝑘𝑖 𝐴𝐾𝑖 𝐴𝑊
 (Eq. S5.3) 

where ki W and ki A are the water-side and air-side single-phase exchange velocities, respectively (in cm s-1, 

later converted into m s-1 for the calculation of Fi). 

 In water, ki W was determined relative to that of CO2 (kCO2 W) through the following equation: 

𝑘𝑖 𝑊 = 𝑘𝐶𝑂2 𝑊 (
𝑆𝑐𝑖 𝑊
𝑆𝑐𝐶𝑂2 𝑊

)

−𝑎𝑆𝑐

 𝑤𝑖𝑡ℎ 𝑎𝑆𝑐 { 
2 3⁄  𝑓𝑜𝑟 𝑢10 ≤ 5 𝑚 𝑠−1

1 2⁄  𝑓𝑜𝑟 𝑢10 > 5 𝑚 𝑠−1
 (Eq. S5.4) 

where u10 is the average wind speed (m s-1) measured 10 m above the surface (which determines the value 

of the coefficient aSc) (Table S5.1) and Sci W and ScCO2 W are the Schmidt numbers (unitless) of the compound 

of interest and of CO2, respectively. The calculation of kCO2 W was performed using a lake-specific 

parametrization of measurements from multiple literature sources (Klaus and Vachon, 2020): 

𝑘𝐶𝑂2 𝑊 = (0.328 𝑙𝑜𝑔10(𝐿𝐴) + 1.581) 𝑢10 − 0.066 𝑙𝑜𝑔𝑖𝑡(𝑆𝐼𝑁) + 1.266 (Eq. S5.5) 

where LA is the lake area and SIN is a space integration parameter equal to 1 when the whole lake is 

considered. LA were determined in km2 using ArcGIS (Esri, Redlands, CA, USA): 0.074 Llebreta, 0.073 

Llong, 0.042 Sarradé, 0.246 Redon, 0.051 Dellui, 0.024 Collada. SIN=0.999 was used as in Klaus and 

Vachon (2020) to avoid a mathematical undefinition. Sci W and ScCO2 W were calculated as νW (T)/Di W, where 

νW (T) is the kinematic viscosity of water at the average exposure temperature (obtained from interpolation 
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of values in Schwarzenbach et al., 2005) and Di W is the molecular diffusivity of each compound in water 

(cm2 s-1). Di W and DCO2 W values were calculated as (Hayduk and Laudie, 1974; Othmer and Thakar, 1953): 

𝐷𝑖 𝑊 =
13.26 × 10−5

𝜈𝐻2𝑂 (𝑇)
1.14 𝑉𝑖

0.589 (Eq. S5.6) 

where Vi is the molar volume of the compound (cm3 mol-1), with VCO2 = 26.9 cm3 mol-1. Vi were estimated 

using the SPARC physicochemical calculator (ARChem, Danielsville, GA, USA) (Table S5.4). 

 In air, ki A was determined relative to that of H2O (kH2O A) through the following equation: 

𝑘𝑖 𝐴 = 𝑘𝐻2𝑂 𝐴 (
𝐷𝑖 𝐴
𝐷𝐻2𝑂 𝐴

)

𝑎𝐷

 (Eq. S5.7) 

where the exponent aD = 2/3 (Mackay and Yeun, 1983) and Di A is the molar diffusivity of each compound 

in air (cm2 s-1). The calculation of kH2O A was performed as proposed by Schwarzenbach et al. (2016) with 

coefficients from Fairall et al. (2011, 2003, 1996) and Johnson (2010): 

𝑘𝐻2𝑂 𝐴 = 0.11 𝑢10 + 0.1 (Eq. S5.8) 

Di A and DH2O A were calculated as (Fuller et al., 1966): 

𝐷𝑖 𝐴 = 10−3
𝑇1.75 (1 𝑀𝐴

⁄ + 1
𝑀𝑖
⁄ )

1/2

𝑝 (𝑉𝐴
1/3 + 𝑉𝑖

1/3)
2  (Eq. S5.9) 

where Mi and MA are the molar mass of the studied compound (g mol-1) (Table S5.4) and average molar 

mass of air (28.97 g mol-1), p is the average atmospheric pressure (atm) (Table S5.1), and VA is the average 

molar volume of air (20.1 cm3 mol-1). 
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Text S5.2. Calculation of flux theoretical uncertainties 

The air–water exchange flux theoretical uncertainties (δFi) were calculated individually for each 

compound at each sampling site by propagation of the error in the non-constant variables involved in the 

following flux equation: 

𝐹𝑖 = 𝑘𝑖 𝐴𝑊 (𝐶𝑖 𝑊 −
𝐶𝑖 𝐴𝑅𝑇

𝐻𝑖 (𝑇)
) (Eq. S5.10) 

Thus, δFi is calculated as the square root of the sum of squares of the partial derivatives of Fi with respect 

to each variable “x” (∂Fi/∂x), multiplied in turn by the square of their respective errors: 

𝛿𝐹𝑖 =

√
  
  
  
  
 

(
𝜕𝐹𝑖

𝜕𝑘𝑖 𝐴𝑊
)
2

𝛿𝑘𝑖 𝐴𝑊
2 + (

𝜕𝐹𝑖
𝜕𝐻𝑖

)
2

𝛿𝐻𝑖
2+(

𝜕𝐹𝑖
𝜕𝑇

)
2

𝛿𝑇
2 +

(
𝜕𝐹𝑖
𝜕𝐶𝑖 𝐴

)
2

𝛿𝐶𝑖 𝐴
2+(

𝜕𝐹𝑖
𝜕𝐶𝑖 𝑊

)
2

𝛿𝐶𝑖 𝑊
2

 (Eq. S5.11) 

The solution to the previous equation is: 

𝛿𝐹𝑖
𝐹𝑖

=

√
  
  
  
  
  

(
𝛿𝑘𝑖 𝐴𝑊
𝑘𝑖 𝐴𝑊

)

2

+ (
𝑘𝑖 𝐴𝑊𝐶𝑖 𝐴𝑅𝑇

𝐹𝑖𝐻𝑖

𝛿𝐻𝑖
𝐻𝑖
)

2

+(
𝑘𝑖 𝐴𝑊𝐶𝑖 𝐴𝑅

𝐹𝑖𝐻𝑖
𝛿𝑇)

2

+

(
𝑘𝑖 𝐴𝑊𝑅𝑇

𝐹𝑖𝐻𝑖
𝛿𝐶𝑖 𝐴)

2

+(
𝑘𝑖 𝐴𝑊
𝐹𝑖

𝛿𝐶𝑖 𝑊)
2

 (Eq. S5.12) 

where δFi/Fi is the relative flux uncertainty. Given the difficulty for determining errors for ki AW and Hi, 

their relative errors were assumed as 0.3 (30%) and 0.5 (50%), respectively, based on other analyses of 

error (Blanchard et al., 2008; Hoff, 1994), as recommended by (Rowe and Perlinger, 2012). The errors of 

T and Ci A were determined as the standard deviation of the temperature measured in situ over the sampling 

period (Table 1) and the standard deviation of the concentrations from the three PAS periods (Table S5.5), 

respectively. The error of Ci W was calculated from PWS I concentrations by assuming a relative error of 

0.2 (20%) as recommended for determinations with less than three replicates (Rowe and Perlinger, 2012). 
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Text S5.3. Calculation of atmospheric degradation fluxes 

Atmospheric degradation fluxes due to hydroxyl radical (•OH) oxidation were calculated as 

outlined elsewhere (Gioia et al., 2010; Luarte et al., 2022; Nizzetto et al., 2008). Briefly, the degradation 

flux (Fi deg, ng m-2 d-1) of a specific compound “i” was calculated as: 

𝐹𝑖 𝑑𝑒𝑔 = ℎ𝐴𝐵𝐿  𝑘𝑖 𝑂𝐻 𝐶𝑂𝐻  𝐶𝑖 𝐴  (Eq. S5.13) 

where hABL is the average height of the atmospheric boundary layer (m), ki OH is the compound-specific 

atmospheric hydroxylation rate (cm3 molec-1 s-1), COH is the concentration of hydroxyl radicals in the 

atmospheric layer (molec cm-3), and Ci A is the measured gas-phase concentration of the compound (ng m-3, 

Table S5.5). Here, hABL was considered at an average height of 700 m above ground level based on other 

studies (Fernández et al. 2021). Values for ki OH were mostly modelled and obtained from a single source 

(Williams et al., 2017) for maintaining consistency between compound groups. Nevertheless, they were 

generally of the same order as other values considered elsewhere (Brubaker and Hites, 1998; Keyte et al., 

2013; Kwok et al., 2002). COH were calculated as an average of tabulated estimations at latitude 42° N 

between atmospheric pressures of 700 and 800 hPa (Spivakovsky et al., 2000) and values calculated as a 

function of the average ambient temperature (T in °C, Table 1) following (Beyer et al., 2003): 

𝐶𝑂𝐻 = [0.5 + 0.4 × 𝑇(℃)] × 105 (Eq. S5.14) 
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Table S5.1. Meteorological conditions for the passive air (PAS) and water (PWS) sampling periods 
recorded by an automatic weather station from the XEMA network of the Catalan Meteorological Service 
at Estanh Redon. 

 Start date 
End 
date 

Air 
temperature 

(range) 

Rel. 
Humidity 

Pressure 
Acc. 

Precipitation 

Average 
wind speed 

(max) 

Average solar 
irradiance 

(max) 
   °C % atm mm m s-1 W m-2 

PAS I 19/9/2017 31/1/2018 
0.6 ± 6.0 

(-14.2–15.0) 
69.5 ± 26.2 778.4 ± 7.2 709 4.3 (30.7) 109.6 (839) 

PAS II 31/1/2018 12/7/2018 
0.8 ± 7.0 

(-16.6–18.2) 
85.3 ± 16.7 772.6 ± 8.4 1051 5.0 (36.2) 194.8 (1203) 

PAS III 12/7/2018 13/12/2018 
6.7 ± 6.1 

(-9.2–20.3) 
78.2 ± 22.3 779.4 ± 6.7 600 4.4 (33.9) 170.4 (1073) 

PAS 
I+II+III 

19/9/2017 13/12/2018 
2.8 ± 7.0 

(-16.6–20.3) 
78.2 ± 22.8 776.7 ± 8.1 2359 4.6 (36.2) 160.9 (1203) 

PWS I 21/9/2017 26/9/2018 
2.9 ± 7.4 

(-16.6–20.3) 
78.2 ± 21.9 776.8 ± 8.2 2030 4.6 (36.2) 173.1 (1203) 

PWS II 26/9/2018 27/9/2019 
3.7 ± 7.1 

(-14.0–25.1) 
71.6 ± 27.2 778.0 ± 7.2 1348 4.8 (36.0) 182.3 (1302) 

PWS III 27/9/2019 7/10/2020 
4.2 ± 6.3 

(-12.6–23.1) 
76.9 ± 24.6 777.6 ± 6.9 1605 4.6 (35.6) 169.2 (1224) 
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Table S5.2 Ion m/z ratios (70 eV, SIM mode) for the quantification of target compounds, 
performance reference compounds (PRCs), and recovery standards in GC-MS. 
Compound Abbreviation m/z 
2,4,4'-Trichlorobiphenyl PCB28 256 
2,2',5,5'-Tetrachlorobiphenyl PCB52 292 
2,2',4,5,5'-Pentachlorobiphenyl PCB101 326 
2,3',4,4',5-Pentachlorobiphenyl PCB118 326 
2,2',3,4,4',5'-Hexachlorobiphenyl PCB138 360 
2,2',4,4',5,5'-Hexachlorobiphenyl PCB153 360 
2,2',3,4,4',5,5'-Heptachlorobiphenyl PCB180 394 
1,1-Dichloro-2,2-bis(4-chlorophenyl)ethene 4,4’-DDE 246 
Hexachlorobenzene HCB 284 
Pentachlorobenzene PeCB 250 
Fluorene Fle 166 
Phenanthrene Phe 178 
Anthracene Ant 188 
Fluoranthene Flu 202 
Pyrene Pyr 202 
Retene Ret 219 
Benz[a]anthracene B[a]ant 228 
Chrysene + Triphenylene Chr + TriPh 228 
Benzo[b]fluoranthene B[b]flu 252 
Benzo[j+k]fluoranthene B[j+k]flu 252 
Benzo[e]pyrene B[e]pyr 252 
Benzo[a]pyrene B[a]pyr 252 
Perylene Pery 252 
Indeno[1,2,3-cd]pyrene Ind[123cd]pyr 276 
Benzo[ghi]perylene B[ghi]pery 276 
2-Chlorobiphenyl PCB1 188 
3-Chlorobiphenyl PCB2 188 
4-Chlorobiphenyl PCB3 188 
2,6-Dichlorobiphenyl PCB10 222 
3,5-Dichlorobiphenyl PCB14 222 
2,3,4-Trichlorobiphenyl PCB21 256 
2,2',4,6-Tetrachlorobiphenyl PCB50 290 
2,3,3',4-Tetrachlorobiphenyl PCB55 290 
3,3',4,5-Tetrachlorobiphenyl PCB78 290 
2,2',4,6,6'-Pentachlorobiphenyl PCB104 326 
2,2',3,4,6,6'-Hexachlorobiphenyl PCB145 360 
2,2',3,4,4',5,6,6'-Octachlorobiphenyl PCB204 428 
Decachlorobiphenyl PCB209 498 
Tetrabromobenzene TBB 394 
Fluorene-d10 Fle-d10 176 
Phenanthrene-d10 Phe-d10 188 
Anthracene-d10 Ant-d10 198 
Fluoranthene-d10 Flu-d10 212 
Pyrene-d10 Pyr-d10 212 
Benz[a]anthracene-d12 B[a]ant-d12 240 
Chrysene-d12 Chr-d12 240 
Benzo[b]fluoranthene-d12 B[b]flu-d12 264 
Benzo[k]fluoranthene-d12 B[k]flu-d12 264 
Benzo[a]pyrene-d12 B[a]pyr-d12 264 
Indeno[1,2,3-cd]pyrene-d12 Ind[123cd]pyr-d12 288 
Benzo[ghi]perylene-d12 B[ghi]pery-d12 288 
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Table S5.3. Ion m/z transitions and collision energies (CE) for the quantification of organophosphate 
esters (OPEs) and their recovery standards (GC-MS/MS). 

Compound Abbreviation 
Quantifier Qualifier 
Transition 
(m/z) 

CE 
(eV) 

Transition 
(m/z) 

CE 
(eV) 

Tributyl phosphate TBP 99→81 20 99→63 38 
Tris(2-chloroethyl) phosphate TCEP 249→125 10 249→99 32 
Tris(1-chloro-2-propyl) phosphate TCIPP 125→81 29 125→99 12 
Tris(1,3-dichloro-2-propyl) phosphate TDCIPP 191→155 5 191→75 11 
Triphenyl phosphate TPhP 326→215 25 326→169 32 
Tributyl phosphate-d27 TBP-d27 103→83 20 103→63 43 
Tris(2-chloroethyl) phosphate-d12 TCEP-d12 261→131 9 261→131 30 
Tris(1-chloro-2-propyl) phosphate-d18 TCIPP-d18 131→83 30 131→103 11 
Tris(1,3-dichloro-2-propyl) phosphate-d15 TDCIPP-d15 197→160 4 197→79 12 
Triphenyl phosphate-d15 TPhP-d15 341→223 26 341→243 11 
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Table S5.4. Compound properties: molar mass (M), molar volume (V), Henry’s Law constant (H), octanol–water 
partition coefficient (logKOW), and polymer–water partition coefficients (logKPWS–W) for the low-density 
polyurethane (LDPE) and silicone rubber (SR) samplers (Rusina et al., 2019; Smedes, 2018a, 2018b; Smedes et 
al., 2009; Williams et al., 2017). 
Compounds M V H, 25 ºC logKOW, 25 ºC logKPWS–W, 25 ºC logKPWS–W, 25 ºC 
 g mol-1 cm3 mol-1 atm m3 mol-1  (LDPE) (SR) 
PCB28 257.55 188.1 2.00E-4 5.67 5.56 5.53 
PCB52 291.99 200.8 2.00E-4 5.84 5.72 5.80 
PCB101 326.44 212.4 9.00E-5 6.38 6.33 6.28 
PCB118 326.44 210.9 7.87E-5 6.74 6.63 6.42 
PCB138 360.88 223.5 2.10E-5 6.83 6.92 6.67 
PCB153 360.88 224.0 2.30E-5 6.92 6.96 6.72 
PCB180 395.33 235.4 1.00E-5 7.36 7.31 6.99 
4,4'-DDE 318.03 222.4 4.16E-5 6.51 6.28 6.27 
HCB 284.78 161.2 1.70E-3 5.50 5.50 5.05 
PeCB 250.34 149.5 7.03E-4 5.18 4.89 4.61 
Flu 166.22 154.8 9.62E-5 4.18 3.77 3.79 
Phe 178.23 160.6 4.23E-5 4.57 4.22 4.11 
Ant 178.23 159.1 5.56E-5 4.54 4.33 4.21 
Fluo 202.26 196.1 8.86E-6 5.22 4.93 4.62 
Pyr 202.26 182.3 1.19E-5 5.18 5.10 4.68 
Ret 234.34 226.5 2.12E-5 6.35 6.00 5.27 
B[a]ant 228.29 195.1 1.20E-5 5.91 5.73 5.32 
Chr/TriPh 228.29 196.5 5.23E-6 5.86 5.78 5.25 
B[b/j/k]fluo 252.32 232.0 6.57E-7 5.90 6.66 5.74 
B[e]pyr 252.32 219.6 8.50E-7 6.44 5.69 5.63 
B[a]pyr 252.32 218.2 4.57E-7 6.04 6.75 5.69 
Pery 252.32 219.6 8.44E-7 6.25 6.55 5.64 
Ind[123cd]pyr 276.34 253.7 3.84E-7 6.70 7.40 6.06 
B[ghi]pery 276.34 241.3 3.31E-7 6.63 7.27 6.02 
TBP 266.32 265.5 1.13E-6 3.82 4.90 a 4.93 
TCEP 285.49 196.5 1.28E-7 1.63 2.80 a 3.05 
TCIPP 327.57 247.9 2.63E-7 2.89 3.36 a 3.55 
TDCIPP 430.91 268.4 1.68E-6 3.65 3.69 a 3.85 
TPhP 326.29 272.9 1.78E-6 4.70 4.98 a 5.00 
PCB1 188.65 - - 4.46 4.08 4.22 
PCB2 188.65 - - 4.69 4.36 4.41 
PCB3 188.65 - - 4.69 4.38 4.36 
PCB10 223.10 - - 4.84 4.47 4.57 
PCB14 223.10 - - 5.28 5.16 5.04 
PCB21 257.55 - - 5.51 5.40 5.34 
PCB50 291.99 - - 5.63 5.72 5.70 
PCB55 291.99 - - 6.11 6.01 5.93 
PCB78 291.99 - - 6.35 6.19 5.97 
PCB104 326.44 - - 5.81 6.17 6.15 
PCB145 360.88 - - 6.25 6.63 6.62 
PCB204 429.77 - - 7.30 7.82 7.35 
a Derived from a linear regression between SR (Smedes, 2018a) and LDPE (Smedes et al., 2009) logKPWS–W for 
PCBs (n=23, R2=0.991, see Figure S5.1). 
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Figure S5.1. Polymer–water partition coefficients (KPWS–W) of semi-volatile organic compounds reported 
in the literature for silicone rubber (SR) (Smedes, 2018a) and low-density polyethylene (LDPE) (Smedes 
et al., 2009). KPWS–W for organophosphate esters (OPE) were predicted from published SR values through 
a LDPE–SR regression (n = 24, R2 = 0.991, SE = 0.10, prediction error < 3%). 
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Figure S5.2. Fraction of Performance Reference Compound (PRC) retained in the samplers after exposure 
(C/C0) as a function of its molar mass-normalized partition coefficient (KPWS–W/M-0.47). The curved lines 
represent the best unweighted nonlinear least-squares fit for each site. 
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3.4 Discussion 

3.4.1 Performance and uncertainty of passive air and water sampling 

a. Uncertainty of PRC-derived sampling rates and accuracy of concentrations 

Passive samplers for monitoring organic pollutants have grown in popularity in 

recent decades and have seen worldwide application as new materials become available 

and their interaction with environmental matrices and chemicals becomes better 

understood. Remote and inaccessible locations have long been a subject of interest 

regarding their potential for accumulating pollutants, and passive samplers found an ideal 

niche in them due to their independence of energy sources, the possibility of integrating 

pollutant concentrations over extended periods, and the simplicity and cost-effectiveness 

of sampling operations. Still, passive samplers are not without their shortcomings, the 

main one being the need for estimating effective sampled volumes and the uncertainty 

associated with these indirect estimations. For PRC-calibrated passive samplers, this 

uncertainty arises in part from not using isotopically labelled counterparts to each studied 

pollutant (an optimal but ultimately unfeasible strategy) and from the assumption of PRC 

dissipation rates being truly equal to uptake rates (generally true in the long run and for 

most studied compounds, but perhaps biased for some chemicals with slow equilibrating 

dynamics under specific circumstances) (Liu et al., 2013). 

Despite this uncertainty, PRCs are still preferable to any other sampling 

estimation method like parallel active sampling measurements (Chaemfa et al., 2009a; 

Klánová et al., 2008; Mari et al., 2008b), experimental determinations of the extent of the 

linear uptake phases (Abdollahi et al., 2017; Evci et al., 2016; Heo and Lee, 2014), or 

directly assuming an average rate (Cheng et al., 2013; Jaward et al., 2005b; Zhang et al., 

2008). The main reason for this is the ability of PRCs to reflect differences between 

individual samples which could be due to meteorological variation, sampler orientation, 

biofouling, etc. This need for a sampler-specific calibration is of foremost importance in 

alpine regions, as conditions may vary widely with time and between sites regardless of 

their closeness to each other. An example of this was recorded during the passive air 

sampling period PAS II. Between the end of February and the beginning of May 2018, 

the samplers at some sites became covered under more than two meters of snow. This 
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period is easily identifiable in Figure 35 at Estany de Dellui from the humidity and 

temperature registered by the data loggers: they remained constant at 100% and 0 °C, 

respectively, compared to those at Estany de Llebreta, which did not. During this period, 

the enclosing of the samplers prevented the renewal of air inside the housings, and thus 

the absorption of atmospheric pollutants. This limiting circumstance was however 

accounted for in the calculation of sampling rates because PRCs would not have been 

released from the sampler to the same extent, resulting in reduced rates. 

 
Figure 35. Moving average (48 h) of air temperature (top) and relative humidity (bottom) measured every 
30 min during a portion of passive air sampling period PAS II at Estany de Llebreta and Estany de Dellui. 
Figure created using data collected with data loggers. 

One of the main aims of the present work has been to estimate the performance of 

PRC-calibrated passive samplers employed in circumstances outside of their typical range 

of application (i.e., in a high-altitude environment with harsh meteorological conditions). 

This includes comparing the experimental variation of PRC-derived sampling rates 

between replicates to their expected theoretical uncertainties. ARTICLE 1, ARTICLE 3, and 

ARTICLE 4 show that the expected relative expanded uncertainties of air sampling rates 

were between 5.4 and 34% of the reported values. On the other hand, experimental 

relative standard deviations were between 1.5 and 33%, closely agreeing with the range 

of expected variation, which means that experimental sources of error were effectively 

mitigated or accounted for. This is a satisfactory result considering that intercomparison 

studies have shown that uncertainties in passive air sampling can be substantial (Melymuk 

et al., 2021). ARTICLE 1 shows that the unavoidable sources of error stem mainly from 

uncertainty in KOA values of the PRCs (68%) and CPRC,t/CPRC,0 ratios (32%). In water, 

ARTICLE 5 shows that the estimated relative standard errors from the PRC calibration 
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were between 2.1 and 25% for LDPE samplers and between 15 and 33% for SR samplers, 

which is a very similar range compared to air samplers. Passive water sampling 

uncertainties were not compared to theoretical ones since they do not result from 

experimental replicates (the individual sampler sheets were pooled) and because the 

uncertainty in passive water sampling calibration has been well studied through the NLS 

adjustment of PRC retained fractions. 

The concentrations of SVOCs in air determined using the PUF-PAS samplers at 

Estanh Redon were compared to concentrations obtained with a high-volume active air 

sampler (AAS) in ARTICLE 1 in order to assess the accuracy of the measurements. There 

was some variation in concentrations between AAS samples, probably due to the seasonal 

behaviour of some compounds and to the different origins of air mass trajectories at the 

times of sampling, as noted in Section 3.2.2. This reflects the different kind of information 

that passive samplers provide, an average over a sampling period instead of a picture of 

a specific moment, which can be useful in many contexts, but that is much more sensitive 

to environmental circumstances. The concentrations that both methods provided 

adequately correlated to each other with good figures of merit. Total PCB concentrations 

were the same between PAS and AAS, HCB and PeCB concentrations agreed with 

differences lower than 20%, as did total OPEs with differences of around 30%. AAS 

concentrations of total PAHs were approximately two to three times higher than those 

from PAS measurements, which was attributed to the marked seasonal changes that PAHs 

experience in rural and alpine areas due to wildfires in the summer and increased wood 

combustion in winter. Still, an agreement of a factor of two to three is still regarded as 

acceptable in similar studies (Gouin et al., 2005; He and Balasubramanian, 2010; Kalina 

et al., 2019). In addition to these comparisons, the effectiveness of the passive air sampler 

housings as wind and atmospheric particle shields was confirmed by low particle 

infiltration efficiencies of around 20% compared to the particle filter fractions of AAS 

samples, a much lower value than that of other sampler designs (Markovic et al., 2015). 

This means that the SVOC concentrations can confidently be considered as 

predominantly pertaining to the atmospheric gas-phase, which is important for the study 

of subsequent air–water exchange processes in ARTICLE 5, as it is only concerned with 

chemicals in the vapour and dissolved phases. 
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Regarding water samplers, no comparisons of passive sampling measurements 

were made with active measurements. Water pumps and instrumentation for on-site 

processing were unavailable, and even if they were available, the cost of transport, fuel, 

and operations would have been very high. Additionally, the low pollutant levels in these 

high-elevation lakes would have required considerably large amounts of water to be grab-

sampled, transported, and processed to overcome the limits of quantification. It is in 

situations like these where passive water sampling makes the best use of its capabilities 

for accumulating pollutants over time. What was done and described in ARTICLE 5 is an 

assessment of reproducibility by comparison with samplers co-deployed at Estanh Redon 

that were independently extracted and analysed at Masaryk University’s RECETOX 

research centre in Brno (Czech Republic). Pollutant levels determined with LDPE-PWS 

samplers were within a factor of four of each other with very few outliers. While the 

uncertainty in these results cannot be ignored, these factors are reasonable at such low 

concentrations compared to other more accessible and typically more polluted water 

bodies. The agreement between SR-PWS measurements was similar except for OPEs, 

which we found at concentrations up to 30 times higher than at RECETOX. Discrepancies 

in OPE concentrations were also observed between polymers in results from RECETOX 

and from our measurements, where SR samplers often yielded greater OPE levels. These 

disagreements with OPE concentrations could originate from the higher hydrophilicity of 

OPEs and a more challenging determination of their partitioning coefficients between 

water and polymer. As the partitioning behaviour of these compounds has been less 

studied than for legacy POPs and as they are not typically monitored using these passive 

sampler media, future research should focus on determining whether the effective 

assessment of OPEs can be accomplished using these sampler materials, particularly in 

low-concentration waters like alpine lakes. 

b. NLS regression of PRC data for passive air sampling calibration 

An additional consideration must be made regarding the PRC calibration of 

passive samplers. As seen in Section 3.1.3.1 (Figure 11) and in ARTICLE 5, the calibration 

of passive water samplers was performed using an NLS fit of the PRC depletion ratios 

after exposure of the samplers. An unweighted NLS model fits Eq. 17 to the CPRC,t/C PRC,0 

ratios with B as an adjustable parameter. This method is well established and widely used 
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in passive water sampling studies as recommended by Booij and Smedes (2010). The 

main advantages of an NLS fit are the inclusion of the information contained in all PRC 

retained fractions into the calculation, thus producing potentially less biased sampling 

rates and a more robust way of determining the uncertainty in the results by calculating 

the curve fit error. However, this calibration strategy is generally not used in passive air 

sampling. As seen in Section 3.1.3.1 (Figure 10) and applied in ARTICLE 1 to ARTICLE 4, 

PRCs that are retained either too much or not enough are discarded for the calculation of 

sampling rates. While this still produces adequate rates and concentrations that are 

accurate enough as discussed above, one could ask why the NLS approach cannot be 

applied to passive air sampling as it may mitigate the possible underestimation of the 

uncertainty that often results from the current PRC selection approach. 

Thus, it is argued that using an NLS calibration strategy for passive air sampling 

could be of benefit. More exhaustive studies would be required for assessing the 

performance of applying this method to PUF samplers or to determine a more adequate 

number of PRCs to be used. Still, the adjustment of a curve to CPRC,t/C PRC,0 ratios is 

straightforward. Eq. 12 for passive air sampling is adjusted to adopt a shape analogous to 

that of Eq. 17 for passive water sampling: 

𝐶𝑃𝑅𝐶,𝑡
𝐶𝑃𝑅𝐶,0

= 𝑒𝑥𝑝 (−
𝑘𝐴 𝑡

𝐾𝑃𝑈𝐹−𝐴
′  𝐷𝑓𝑖𝑙𝑚

) Eq. 32  

K’PUF–A values are calculated for each PRC at the average air temperature of the 

sampling period, and kA is set as the adjustable parameter of the regression. This was 

tested with an example PUF replicate sample (Estany de Dellui, PAS I) as shown in 

Figure 36 compared to the calibration of a passive water sample (Estany de Llebreta, 

PWS I). These regressions were performed using the minpack.lm package for R 4.2.1 (R 

Core Team, 2022) instead of the calculation template15 used in ARTICLE 5, but the results 

were exactly the same. For reference, the calibration of this specific water sample in the 

R software yielded an RS of 21.0 L d-1 and an error (sRS) of 0.53 L d-1 (2.5%), just as 

reported in ARTICLE 5. When applied to the passive air sample, the regression yielded an 

adjusted value of kA of 93.5 m d-1, resulting in an RS of 3.45 m3 d-1 and an sRS of 0.17 m3 

d-1 (4.8%). The average sampling rate of the same sample replicate obtained from the 

 
15 www.passivesampling.net/rs/rs_v3a.xls (Accessed July 2022) 
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non-discarded PRCs (13C-PCBs 9, 15, and 32) was 3.37 m3 d-1 with a standard deviation 

of 0.07 m3 d-1 (2.2%). The difference in resulting RS in this case was small (less than 0.1 

m3 d-1), but it should be noted that this was possibly a best-case scenario where all PRC 

retained fractions adjusted well to the curve. Other calibrations with less ideal behaviour 

of PRC retained fractions may produce varied results, although they would still benefit 

of accounting for all the information stored in PRC data. Moreover, the error estimated 

from the NLS adjustment is arguably more representative of the true uncertainty in the 

determination of sampling rates as it arises from the deviations from the ideal behaviour 

of all PRC retained fractions, not just a few selected ones. In fact, the bottom-right chart 

in Figure 36 shows that the discarded PRCs (from left to right, the first, fifth, and sixth 

data points) presented the largest deviations from the calculated fit, leading to an 

underestimation of uncertainty. In conclusion, this brief test of NLS regressions applied 

to passive air samplers suggests an effective and pragmatic approach to their PRC 

calibration that could limit systematic error and provide a better account of uncertainties. 

Thus, we suggest a more thorough exploration of the performance of NLS regressions in 

future studies with the aim of harmonizing the methodologies employed in passive air 

and water sampling. 

c. Polymer–water partition coefficients and limitations of passive samplers 

PUF samplers are a useful tool for the reliable assessment of atmospheric gas-

phase concentrations of relatively nonpolar pollutants that reach high-altitude alpine 

areas. However, some SVOCs susceptible to long-range atmospheric transport may 

present physical-chemical properties at the limit of the optimal range for this sampler 

material. This range is defined in terms of sampler–air partition coefficients, KPUF–A. For 

the more volatile compounds (KOA < 7, e.g., PeCB and the lightest PAHs like Fle and 

Ace), KPUF–A is a critical term as they tend to reach equilibrium between air and PUF very 

quickly, and thus the calculation of their concentrations relies mostly on the value of the 

partitioning coefficient. As a result, small variations in the determination of in-sampler 

amounts of these compounds can lead to augmented error in their calculated 

concentrations. For the less volatile chemicals (KOA > 7), having an accurate estimation 

of KPUF–A is less important as they will likely remain in the linear uptake phase which is 

RS-controlled. In our experience, unrealistically high or anomalous concentrations started  



Legacy and currently emitted organic pollutants in air and water from urban and high-altitude ecosystems 

229 
 

to appear for compounds with logK’PUF–A (25 °C) lower than 5, or logKOA below 6. For 

this reason, we did not report concentrations of some compounds like naphthalene and 

acenaphthylene despite having detected them in some samples. OPEs like triethyl 

phosphate and tripropyl phosphate also suffered from these errors although their 

logK’PUF–A are between 5 and 6. On the other hand, compounds with logK’PUF–A (25 °C) 

greater than 8 or logKOA greater than 10 are often found predominantly in the particle 

phase, which should be kept in mind when reporting strictly gas-phase concentrations of 

such compounds since a fraction of the atmospheric particulate phase may have also been 

sequestered by and extracted with the PUFs. 

  

  
Figure 36. Example NLS regressions of PRC retained fractions in passive water sampling (PWS, top) and 
passive air sampling (PAS, bottom). The difference between experimental and calculated retained fractions 
is shown in the charts to the right. 
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The reliability of KPUF–A values is thus an important factor in passive air sampling. 

Here, they were derived for all compounds using Eq. 13, the regression between 

logKPUF–A and logKOA proposed by Shoeib and Harner (2002). This relationship is also 

used in most PUF-PAS studies (Harner, 2021) and was recently confirmed to be accurate 

through direct measurements in laboratory conditions (Francisco et al., 2017). However, 

as noted in ARTICLE 3, a case could be made against its use for relatively more polar 

compounds like OPEs. This was the reasoning behind the proposal for a new relationship 

for OPEs derived from experimental measurements in an attempt to obtain accurate 

KPUF–A values instead of relying on a general KOA regression (Saini et al., 2019). The 

regression resulted in KPUF–A values one log unit higher than predicted by Shoeib and 

Harner, which could be a result of additional interactions between the relatively polar and 

hydrophilic OPEs and the PUF as has sometimes been observed in their particle 

partitioning behaviour (Möller et al., 2012; Okeme et al., 2018; Salamova et al., 2014). 

These higher KPUF–A values would yield lower degrees of equilibrium (by up to around 

30% lower based on results from ARTICLE 3). However, the proposed regression was only 

based on three OPEs, all of them with substituents composed exclusively of carbon and 

hydrogen atoms. Moreover, some studies have suggested lower particle partitioning ratios 

than initially suggested by KOA models (Sühring et al., 2016). For these reasons, it was 

not used in the present work to estimate OPE KPUF–A values. But, anticipating an increase 

in popularity of passive samplers for monitoring emerging OPEs, a more detailed study 

of their partitioning behaviour in PUF samplers would be beneficial. 

The passive water samplers used in this work also perform best for a range of 

compounds with an optimal set of physical-chemical properties. Compounds with 

logKPWS–W or logKOA below 5 equilibrate quickly between water and polymer, and they 

are also more susceptible to uncertainties in their values. Additionally, these compounds 

tend to be the most volatile ones, so their occurrence in the dissolved phase of water is 

not to be expected at significant levels. Therefore, even small amounts detected in the 

sampler extracts tend to yield high concentrations that may not represent their true 

occurrence in water. We did not report concentrations of some low molecular weight and 

highly volatile chemicals with logKPWS–W below 3.5 like HCHs and the lightest studied 

PAHs, but we did report concentrations of some OPEs with low logKPWS–W because they 

are relatively more hydrophilic. On the other hand, compounds with logKPWS–W or logKOW 
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above 6 or 7 have a higher tendency to partition towards particles, but unlike PUF-PAS 

samplers, polymer sheets do not directly sample the aquatic particulate phase. 

Experimentally determined logKPWS–W values are recommended over estimated 

ones for converting passive water sampling data to concentrations in the freely dissolved 

phase of water (Sobotka et al., 2022), which are what we used in ARTICLE 5. However, 

the obtention of reliable logKPWS–W for OPEs can be more problematic. Their higher 

hydrophilicity may induce some error in the determination of KPWS–W for some polymers 

like SR (Smedes, 2018), and no experimentally determined coefficients are available for 

LDPE, to the best of our knowledge. Thus, logKLDPE–W for OPEs had to be estimated, so 

the reported concentrations of OPEs in water inevitably bear additional uncertainty. 

Standardized guidelines for the determination of polymer–water partition coefficients 

(Booij et al., 2017) suggest estimations using polymer-specific logKOW correlations 

available for materials like LDPE (Sacks and Lohmann, 2011) and SR (Difilippo and 

Eganhouse, 2010). However, these guidelines also regard poly-parameter linear free 

energy relationships (pp-LFERs) as more adequate tools for the prediction of partition 

coefficients for both nonpolar and polar compounds. Pp-LFERs are linear combinations 

of modelled molecular variables like excess molar refraction (E), dipolarity/polarizability 

(S), hydrogen bond acidity (AH), hydrogen bond basicity (BH), and molar volume divided 

by 100 (V/100). These descriptor variables are available in open databases elsewhere 

(Ulrich et al., 2017).16 Pp-LFER models for the estimation of KPWS–W are available for 

different materials (Endo et al., 2011): 

𝑙𝑜𝑔𝐾𝐿𝐷𝑃𝐸−𝑊 = 0.09 + 0.67𝐸 − 1.62𝑆 − 3.59𝐴𝐻 − 4.87𝐵𝐻 + 4.43𝑉/100 Eq. 33 

𝑙𝑜𝑔𝐾𝑆𝑅−𝑊 = 0.27 + 0.60𝐸 − 1.42𝑆 − 2.52𝐴𝐻 − 4.11𝐵𝐻 + 3.64𝑉/100 Eq. 34 

The performance of the pp-LFERs listed above was assessed for the prediction of 

KLDPE–W and KSR–W values for many compounds with known partition coefficients 

(Smedes, 2019, 2018; Smedes et al., 2009). An adequate correlation was observed 

between predicted and experimental coefficients for both polymers (Figure 37b, c). 

However, as seen in Figure 37b, predicted KSR–W coefficients of OPEs did not adjust well 

to their experimentally determined values. This could be because of overestimated experi- 

 
16 www.ufz.de/lserd (Accessed July 2022) 
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mental determinations or due to an inadequate pp-LFER prediction of the molecular 

interactions of OPEs with the polymeric matrix of the samplers. Because of this, and 

because molecular predictors are not available for all OPEs (e.g., TCIPP), in ARTICLE 5 

we instead extrapolated OPE KLDPE–W values from a linear regression of known 

coefficients for SR and LDPE polymers (Figure 37a). Since these coefficients were 

predicted from SR ones, they also deviate from pp-LFER predictions (Figure 37c). This 

approach assumes a similar interaction of OPEs with both polymer matrices, which is the 

case for all other considered compounds although it may not necessarily apply to OPEs 

as well. Still, it yields more predictable results based on experimental behaviour instead 

of purely modelled data. Other studies dealing with the absence of experimental 

 

  
Figure 37. Prediction of OPE KPWS–W using correlations between a) experimental LDPE and SR coefficients 
and pp-LFER models for b) SR and c) LDPE polymers. Figure created using experimental KLDPE–W and 
KSR–W values from Smedes (2019, 2018) and Smedes et al. (2009). 
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determinations of OPE KLDPE–W values have based their estimations on water solubilities 

and vapour pressures (Ma et al., 2021; McDonough et al., 2018). However, the 

assumption of an OPE uptake in LDPE samplers similar to that of other pollutants still 

remains. All in all, an experimental determination of KLDPE–W values would be preferable. 

Even with the potential uncertainties in OPE concentrations, the majority of 

results in ARTICLE 5 showed acceptable agreement between LDPE and SR, except for a 

few more noticeable disagreements. We argue that these concentrations can be generally 

regarded as correct, or in the close range of true concentrations, although a detailed 

assessment of altitudinal and short-term temporal trends may not always be feasible. 

Thus, LDPE-derived concentrations of OPEs were used for the calculation of air–water 

diffusive exchange fluxes in ARTICLE 5, yielding reasonable estimations close to 

equilibrium that provide additional confidence in the results. Nevertheless, other passive 

sampler designs such as POCIS, which targets compounds with logKOW < 4 (Alvarez et 

al., 2004), might be an interesting alternative for monitoring OPEs that is worth studying 

further. 

3.4.2 Urban and alpine levels of atmospheric pollutants and perspectives for their 

reduction 

The passive air samplers deployed in Barcelona between the end of 2019 and mid-

2020 were initially only intended for establishing a baseline of pollutant levels in air of a 

densely populated urban area, and to compare them to the expectedly lower 

concentrations found at the mountain sites. However, the exceptional consequences that 

followed the lockdown measures imposed at the beginning of the COVID-19 pandemic 

allowed for a more in-depth analysis of pollutant trends close to their sources. Although 

ARTICLE 2 contains a brief comparison of urban and preliminary alpine pollutant 

concentrations, better context is provided here using the more definitive atmospheric 

SVOC levels over the Pyrenees reported in ARTICLE 3 and ARTICLE 4. Additionally, the 

reductions observed in Barcelona during lockdown are further discussed. 

ARTICLE 2 reports average concentrations of several SVOCs in Barcelona during 

three months before lockdown measures took effect. The lowest concentrations were 

those of PCBs, with individual congeners ranging from 5.8 to 15 pg m-3 and Σ7PCB of 58 
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pg m-3. They were followed by other organochlorine compounds like HCB (26 pg m-3), 

PeCB (8.5 pg m-3), and α- and γ-HCH (3.5 and 12.9 pg m-3, respectively). OPEs and 

PAHs presented up to an order of magnitude higher concentrations, between 0.1 and 4.7 

ng m-3 (Σ5OPE 5.7 ng m-3) and between 0.1 and 18 ng m-3 (Σ7PAH 36 ng m-3), 

respectively. In general, the levels of PCBs and other organochlorine compounds were 

similar to those in other urban areas or lower than in industrialized areas in countries with 

less strict regulatory conditions (e.g., Chakraborty et al., 2010; Cui et al., 2017; Nøst et 

al., 2015; Zhang et al., 2010). PAH and OPE concentrations were comparable to those in 

other urban areas around the world, being higher or lower probably depending on 

differences in the amount and type of sources (e.g., Morville et al., 2011; Pratt et al., 2018; 

Zhou et al., 2017). Variations in the magnitude of the difference between our results and 

these latter studies probably reflect the amount of and distance from primary sources in 

the vicinity since they are actively emitted atmospheric pollutants. 

Figure 38 shows these urban SVOC concentrations compared to their levels in the 

Pyrenees from ARTICLE 3 and ARTICLE 4. Individual sampling period average OPE 

concentrations in ARTICLE 3 were between 0.9 and 38 pg m-3 excluding outliers, with 

Σ5OPE between 16 and 53 pg m-3. This represents OPE concentrations in the background 

atmosphere of the Pyrenees 100 to almost 400 times lower than in the air of Barcelona. 

Individual sampling period average PAH concentrations in ARTICLE 4 ranged from 0.3 to 

400 pg m-3, with Σ7PAH between 409 and 764 pg m-3, about 50 to 100 times lower than 

in Barcelona. PCB congener levels in the mountains were between 0.3 and 4.3 pg m-3 and 

Σ7PCB between 10 and 18 pg m-3, three to six times lower than the urban ones. All these 

differences clearly illustrate the scale of anthropogenic pollution around dense centres of 

population and industrial areas, especially pronounced for SVOCs with ongoing active 

emissions, but still significant for persistent chemicals that were regulated many decades 

ago. On the other hand, HCB and PeCB presented concentrations between 38 and 60 pg 

m-3 and 19 and 29 pg m-3, respectively. Contrary to all other studied SVOCs, these levels 

are somewhat higher than observed in Barcelona by factors of around two to three times. 

At first glance, this was somewhat surprising as legacy POPs still have their main 

remaining sources in industrial and urban areas. However, we have established that 

mountains may act as POP repositories with the ability to re-release them into the 

environment. ARTICLE 4 presents statistically significant evidence that points to the 
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re-emission of PeCB from surfaces like soils and other compartments in these mountains, 

which could explain the increased atmospheric PeCB levels. This was not the case for 

HCB, although a slight temperature dependence of its concentrations was still observed, 

possibly pointing at weak re-emission. However, HCB consistently presented 

volatilization (water to air) fluxes that were significantly different from equilibrium in 

most studied lakes in ARTICLE 5, meaning that water bodies might be a greater source of 

HCB to the atmosphere in this region of the Pyrenees rather than other compartments like 

soils. 

 
Figure 38. Pollutant concentrations in the air of Barcelona before and during lockdown compared to median 
levels detected in the Pyrenees (the whiskers show maximum and minimum period average concentrations). 

Background–urban gradients of POP and SVOC concentrations are frequent in 

the literature, usually encompassing from rural areas to major cities passing through 

agricultural sites and industrialized areas, but sometimes also stretching to mountains and 

other remote sites. In general, the prevailing trend confirms higher concentrations of most 

pollutants close to urban areas, except for some pesticides that are higher near agricultural 

lands and sometimes PAHs that present varying levels depending on the season. An 

urban–rural gradient showed PCB concentrations that were 5 to 10 times higher near 

Toronto (Canada) than in the surrounding rural area, with other organochlorine 

compounds and pesticides including DDTs showing the same trend (Harner et al., 2004). 

PCBs in the same urban area were 2 to 3 times higher in the city, and PAHs presented a 

strong gradient with maximum urban concentrations during summer (Motelay-Massei et 

al., 2005). PCB and PAH concentrations were also distributed forming a clear urban–

industrial–rural gradient in Chile, with 2 to 5-times higher PCB levels and 4 to 8-times 
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higher PAH levels at the industrial sites compared to the rural ones (Pozo et al., 2012). 

DDTs were 10 times higher and PCBs 6 times higher near centres of population in Italy 

than in the surrounding rural region (Estellano et al., 2017). PAHs were up to 4 times 

more abundant in rural sites in the Pyrenees compared to Barcelona (van Drooge and 

Grimalt, 2015). A mountain–rural–urban transect in India presented somewhat higher 

PAH concentrations near the city (Devi et al., 2014). Considering studies that included 

more remote locations, PCBs were around 10 times higher and organochlorine pesticides 

10 to 20 times higher near cities in Chile (Pozo et al., 2004). PCBs were 10 times higher 

and DDTs and HCHs 5 times higher closer to semi-urban and urban regions in Australia 

(X. Wang et al., 2015). Finally, PCBs, PBDEs, and organochlorine pesticides were up to 

an order of magnitude higher at urban and agricultural sites across the world compared to 

concentrations in background locations (Pozo et al., 2006). 

Figure 38 also shows the SVOC concentrations in Barcelona after lockdown 

measures were imposed during the start of the COVID-19 global pandemic. Very few 

studies have been published focusing on pollution changes due to lockdown measures 

outside of the typical air quality indicator gasses and particles (e.g., NO, NO2, CO, O3, 

PM10) that are usually automatically monitored. A few exceptions focused on persistent 

organic pollutants in water (Rex and Chakraborty, 2022), volatile organic compounds and 

microplastics in water (Cecchi, 2021), and some PAHs in air (Li et al., 2022 and 

references within), but to the best of our knowledge, no other studies of changes in several 

atmospheric POPs during the COVID-19 lockdown are available to date. In general, 

ARTICLE 2 shows reductions in concentrations between -34 and -91% for all PCBs, 

organochlorine compounds, and PAHs, demonstrating the effects of marked reductions 

in road, maritime, and airborne traffic, waste disposal and incineration operations, and 

overall industrial and anthropogenic activity. This was possible for all studied SVOCs 

with emission sources directly linked to permanent human activity. Contrarily, OPEs did 

not experience the same reductions. Only TBP levels decreased by -64%, while the rest 

of OPEs remained approximately at the same concentrations (TCIPP, TPHP) or showed 

an increase in concentrations (TCEP +19%, TDCIPP +45%). This is due to OPEs 

passively volatilizing or leaching from human-made objects over time since they are not 

chemically bonded to the materials they are added to (Chokwe et al., 2020). A clear 

example of this are the elevated OPE levels found whenever buildings or enclosed spaces 
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are filled with new insulation or plastic materials (Olivero-Verbel et al., 2021; Vojta et 

al., 2017). Another example of their continuous and unaided release into the environment 

was found when analysing OPEs in the atmospheric gas phase of the Pyrenees, where the 

presence of a foam-insulated research cabin at Estanh Redon caused significant TPHP 

contamination in all passive air samplers used (see ARTICLE 3 for further information). In 

addition to SVOCs, other classical air quality indicators also suffered significant 

reductions in concentrations during lockdown in Barcelona (CO -28%, PM10 -37%, 

NO -76%, NO2 -52%), except for O3, the concentrations of which increased (+45%) likely 

due to the lack of NO with which to react. 

 Overall, the lockdown period was extremely effective in reducing not only the 

concentration of contaminant gasses in the city of Barcelona but also the levels of several 

SVOCs in air. Some compounds like PCBs even reached levels similar to those in remote 

locations like Pyrenean high mountains (Figure 38). These observations provide a 

previously unthinkable point of reference for what can be expected in pollution abatement 

from future regulations on contaminant emissions. Obviously, the sudden cessation of 

most anthropogenic and urban activity seen in cities like Barcelona caused by the 

restrictive lockdown measures was, after all, a utopian scenario for the long term. 

Legislation and international agreements on pollutant emission thresholds cannot be 

expected to have an effect with comparable promptness and magnitude to what was 

observed in the first half of 2020. Still, the evidence presented here provides an 

unprecedented perspective on achievable goals that must be considered by legislating 

organisms and regulatory authorities given the implications it could have for the health 

of humans and ecosystems. 

3.4.3 The lingering threat of persistent organic pollutants 

The observations reported in ARTICLE 2 show that ceasing anthropogenic 

activities during lockdown in Barcelona led to an immediate drop in the detected 

concentrations of several chemicals like PCBs and other long-banned organochlorine 

compounds, which is a clear indication of the prevalence of current emissions of POPs 

from residual active sources, not just from secondary volatilization. The European 

Environmental Agency (EEA) estimates, based on data reported by European Union 

member states, that these PCB emissions are usually mostly due to industrial processes 
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and the use of PCB-containing products (67%), followed by energy production and 

distribution operations (17%) and other less predominant sources like waste treatment 

(6%) and commercial, institutional, and residential buildings (6%) (EEA, 2021). HCB 

emissions are currently mostly attributed to agriculture (38%), followed by commercial, 

institutional, and residential buildings (22%), industrial processes and use of HCB-

containing products (19%), and energy production and distribution operations (13%) 

(EEA, 2021). Regulations imposed over the years, especially the implementation of the 

Stockholm Convention, are making a difference: reductions of -73% of PCB emissions 

and -97% of HCB emissions have been reported in Europe between 1990 and 2019 (EEA, 

2021). But judging by the magnitude of the decrease in PCB and HCB levels reached as 

a result of the lockdown in Barcelona, there is still room for improvement. 

The presence of PCBs and relatively volatile organochlorine compounds like 

HCB in high mountains and other remote environments has long been established. They 

are predominantly transported from their sources through the atmospheric gas phase as 

opposed to bound to the particulate phase (Yeo et al., 2003), which was also observed in 

the active air sampling particle filter measurements in ARTICLE 1. Once they reach the 

cold high mountains, their resistance to degradation becomes apparent as they persist 

unaltered for decades. Their estimated environmental half-lives are shown in Table 2. 

They are lower for HCHs (from a few hours to a few days in air, to almost a year in water 

and soil) and PeCB (a few days in water and soil, up to a year in air). DDT has half-lives 

in air of a few days, up to a year in water, and more than a decade in soils, and its 

degradation products have notable persistence in water. HCB and PCBs are remarkably 

persistent in all compartments, with half-lives from a few years to several decades. 

Agreeing with this extraordinary persistence, the analysis performed in ARTICLE 4 and 

ARTICLE 5 on variations in air and water concentrations compared to previous studies in 

Estanh Redon shows that most organochlorine levels in the Pyrenees remained fairly 

stable during the last twenty years despite being banned for several decades. On average, 

atmospheric concentrations of ΣPCBs and HCB only decreased by -15 and -22%, 

respectively (van Drooge et al., 2005, 2004a). Similarly, HCB levels decreased by -11% 

in water, although ΣPCBs and 4,4’-DDE concentrations seemed to decrease by -83 

to -93% and -96%, respectively (Fernández et al., 2005; Vilanova et al., 2001b, 2001a). 

These greater reductions in freely dissolved water concentrations seem a bit too large 
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given the extraordinary persistence of these compounds in water and the observed 

stability of air concentrations. Possible causes could be increased levels in the 

measurements performed over twenty years ago due to the seasonal behaviour of input 

sources (e.g., snowmelt), as observed in other instances in the same area (Arellano et al., 

2015), and the analysis of compounds bound to colloidal organic matter that is retained 

by active sampling methodologies used in those studies (Gomez-Belinchon et al., 1988). 

These fluctuations would increase the apparent reduction of concentrations when 

compared to the year-long integrative passive sampling measurements that we report. 

Aside from these latter disagreements, it is evident that these long-banned, persistent 

POPs that linger in the environment are still a reason of concern and a threat to the health 

of remote ecosystems. 

Table 2. Environmental half-lives of most SVOCs considered in the 
present work. All values from Howard et al. (1991), except for PCBs 
from Sinkkonen and Paasivirta (2000) and OPEs from Liagkouridis et 
al. (2015). Units in hours (h), days (d), and years (y). 
 Air Water Soil 
HCB 156 d–4 y 3–6 y 3–6 y 
PeCB 45 d–1 y 13–23 d 13–23 d 
α-HCH 9 h–4 d 14–135 d 14–135 d 
γ-HCH 9 h–4 d 14–240 d 14–240 d 
DDTs 18 h–7 d 7 d–1 y 2–16 y 
DDDs 18 h–7 d 2–16 y 2–16 y 
DDEs 18 h–7 d 15 h–6 d 2–16 y 
PCB28 3 d 60 d 3 y 
PCB52 63 d 3 y 10 y 
PCB101 125 d 7 y 10 y 
PCB118 125 d 7 y 7 y 
PCB153 250 d 14 y 19 y 
PCB138 250 d 14 y 19 y 
PCB180 1 y 27 y 38 y 
Ace 1–9 h 3 h–13 d 12–102 d 
Fle 7 h–3 d 32–60 d 32–60 d 
Phe 2–20 h 3–25 h 16–200 d 
Flu 2–20 h 21 h–3 d 140 d–1 y 
Pyr 1–2 h 1–2 h 210 d–5 y 
B[a]ant 1–3 h 1–3 h 102 d–2 y 
Chr+TriPh 1–8 h 4–13 h 1–3 y 
B[b]flu 1–14 h 9 h–30 d 1–2 y 
B[k]flu 1–11 h 4 h–21 d 2–6 y 
B[a]pyr <1–1 h <1–1 h 57 d–1 y 
Ind[123cd]pyr 1–6 h 125–250 d 2 y 
Db[ah]ant <1–4 h 6 h–33 d 1–3 y 
B[ghi]pery <1–3 h 2 y 2 y 
TBP 3 h 9 d 17 d 
TCEP 12 h 60 d 120 d 
TCIPP 6 h 60 d 120 d 
TDCIPP 14 h 180 d 360 d 
TPHP 1 d 38 d 75 d 
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In contrast, PAHs are not considered to be POPs. They have the potential for 

spreading in the environment and for accumulating in different matrices, but they are not 

as resistant to degradation. Their accumulation happens instead because their continued 

emissions overcome their degradation rates. For the gas-phase PAHs studied in this work 

(Ace to Chr+TriPh), environmental half-lives are between 1 h and 20 h in air, between 

1 h and 60 days in water, and between 12 days and 5 years in soil (Table 2). Heavier 

PAHs have similar or slightly higher half-lives in air but they may resist degradation to a 

larger degree since they are preferentially absorbed in the particulate phase (Lammel et 

al., 2009), as has been found and described in ARTICLE 1. Still, under these circumstances, 

PAHs are expected to degrade much faster than other POPs. This was also deduced from 

the atmospheric photodegradation estimates produced in ARTICLE 5, where PAH 

degradation fluxes in the air were two to three orders of magnitude higher than those of 

PCBs and HCB. Furthermore, as seen in ARTICLE 4, the reduction in atmospheric ΣPAH 

concentrations at Estanh Redon compared to over two decades ago was around -47 

to -56% (Fernández et al., 2002; van Drooge et al., 2010), while the reduction in freely-

dissolved ΣPAH concentrations in water was around -55 to -82% (ARTICLE 5) (Fernández 

et al., 2005; Vilanova et al., 2001c). The actual reduction of PAH concentrations in water 

is probably more towards the lower side of this range due to a different number of 

compounds being reported in the sum of PAHs. The decrease in atmospheric and aquatic 

PAH levels thus agrees well with the drop in PAH emissions over Europe of -53% 

between 1990 and 2019 (EEA, 2021). Their occurrence in the environment is indeed 

expected to follow emission patterns in the long run due to the higher degradation rates. 

Nowadays, PAH emissions in the European Union are attributed mainly to commercial, 

institutional, and household sources (81%), followed by industrial processes (9%), and a 

few other minor categories including road transport, agriculture, and energy production 

(EEA, 2021). 

3.4.4 The growing issue of emerging organic pollutants 

Like PAHs, OPEs are technically not POPs either. They can be transported long 

distances through the atmosphere and partition towards other environmental 

compartments, but their degradation rates are not as low as traditional POPs like PCBs. 

Estimated environmental half-lives of the OPEs studied in the present work are around a 
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few hours in air, several days or months in surface waters, and up to a year in soil, with 

the chlorinated OPEs typically showing higher values than TBP and TPHP (Table 2). 

These are comparable to or slightly higher than those of PAHs. Accordingly, estimated 

atmospheric photodegradation fluxes of OPEs were observed to be high enough to 

compete with other atmospheric removal processes in ARTICLE 5. However, although this 

higher degradation predicts reduced long-range transport potential of OPEs, their 

oxidation due to OH radicals in the particle phase has been observed to be limited (Liu et 

al., 2014), giving rise to a higher persistence in the atmosphere than anticipated since they 

generally exist mainly bound to particles (ARTICLE 1) that protect them from degradation. 

In light of their POP-like ability for spreading through the environment, their established 

occurrence in remote locations, and their lower-than-expected degradation, OPEs have 

sometimes been considered “persistent and mobile organic compounds” (PMOCs) 

(Rodgers et al., 2018). This behaviour is a problem because it means that the main issues 

with PBDEs that led to their substitution for OPEs as flame retardants have all turned out 

to be unsolved, including the potential toxicity and the ability to disperse and persist in 

the environment. 

OPEs are currently often found at higher levels than PBDEs at their peak, making 

them even more regrettable substitutes (Blum et al., 2019). Since the focus of 

environmental research has only recently begun to shift towards OPEs, no previous 

measurements of OPE concentrations are available in the studied area like they are for 

organochlorine compounds and PAHs. Actually, very few assessments of OPE levels in 

high mountains are available, which makes ARTICLE 3 and ARTICLE 5 valuable 

contributions to the pool of knowledge on OPE reach. Unfortunately, no atmospheric gas-

phase or freely-dissolved aquatic concentrations of PBDEs are available for comparison 

in the studied area either. The only available data on PBDE levels are for atmospheric 

deposition samples (Arellano et al., 2014a; Fernández et al., 2021), snow (Arellano et al., 

2014b), and fish and other biota from Pyrenean high-altitude lakes (Bartrons et al., 2011; 

Blais et al., 2006; Gallego et al., 2007; Vives et al., 2004b). In other mountain and 

background sites, Σ13PBDE in air from the Tibetan Plateau were below 0.1 pg m-3 in 

2010–2011 (Zhu et al., 2014) and Σ8PBDE in air around a perialpine lake in Italy was 77 

pg m-3 in 2005 (Vives et al., 2007). In the Arctic Ocean, Σ10PBDE in air were below 2 pg 

m-3 (Möller et al., 2011b) while Σ8OPE were 110-1400 pg m-3 (Möller et al., 2011a). 
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Finally, Σ15PBDE in air from an urban–rural transect in Canada were uniform between 

10 and 30 pg m-3 (Harner et al., 2006c). All of these PBDE concentrations were below 

those reported for Σ5OPEs in ARTICLE 3, except for those in the Italian lake, which were 

higher than period averages in the Pyrenees but lower than some individual samples. In 

water, Σ7PBDE concentrations in high-elevation lakes in the Himalayas were around 200 

pg L-1 on average (dissolved and particle phases) in 2007 (Guzzella et al., 2011), total 

Σ14PBDE were between 60 and 151 pg L-1 in 2011–2012 in freshwater lakes in Antarctica 

(Vecchiato et al., 2015), and Σ14PBDE were between 0.2 and 10 pg L-1 (dissolved phase) 

in Lake Michigan in 2004 (Streets et al., 2006). Like with most atmospheric 

concentrations, all of these are lower than Σ5OPE concentrations reported in ARTICLE 5. 

This agrees with the observations of OPE concentrations in the environment being higher 

than PBDE ones during their emission peak (Blum et al., 2019), which is expected from 

their higher vapour pressures. Although potential toxic responses in exposed organisms 

are not necessarily the same for OPEs and PBDEs at equal concentrations, seeing higher 

amounts of chemicals being distributed through the environment and reaching remote 

ecosystems (when regulations were supposed to avoid it) is concerning in itself. 

Future regulations relating to OPEs will have to rely not only on environmental 

occurrence and toxicological data but also on emission sources and amounts. ARTICLE 2 

shows that OPE emissions are important and not necessarily dependent on the type of 

day-to-day anthropogenic activity that ceased during lockdown. The unexpected presence 

of OPEs in the insulating foam from the research cabin at Estanh Redon caused the 

contamination of passive air samples simply by diffusive release from a material that has 

been there for four decades. This also shows that the OPEs contained in the insulating 

foams analysed in ARTICLE 1 were already in use decades before they became popular in 

the 2000s. But keeping track of potential OPE emissions is a difficult task because there 

is limited information on global production and consumption of OPEs, and because of 

how quickly the OPE industry evolves and outdates previous manufacturing information. 

The specific mixtures of compounds used in products are generally kept as proprietary 

information by the industries and controlling OPE emissions would require a compound-

by-compound analysis of their applications. Moreover, many products containing and 

emitting OPEs at any specific location are often imported from other countries, thus 

losing information on OPE composition. Still, OPE emissions are expected to correlate 
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directly to their global production, and there have been some estimates over the years that 

show an uninterrupted increase in OPE usage with time over the last decades. The global 

consumption of OPEs was 102,000 tons in 1995 (Du et al., 2019) and 186,000 tons in 

2001, increasing from 58,000 to 83,000 in Europe between 1998 and 2001 (Marklund et 

al., 2005). In 2004 the global use was estimated between 210,000 and 300,000 tons 

(Mäkinen et al., 2009; Möller et al., 2012), and around 90,000 tons in Europe in 2006 

(Reemtsma et al., 2008). Worldwide consumption of OPEs kept rising from 500,000 tons 

in 2011 to 680,000 tons in 2015 (Q. Wang et al., 2015), and potentially over 1 million 

tons in 2018 (Chokwe et al., 2020). 

All in all, OPEs are yet another example of virtually unregulated compounds with 

increasing levels of production but, at the same time, with accumulating evidence 

showing adverse effects on life and ecosystems. The diffuse nature of their sources is an 

added obstacle to the regulation of their emissions, so regulatory action and surveillance 

should especially concern their production and application to products. With regards to 

environmental monitoring, passive air samplers have proved to be useful and reliable 

tools for the assessment of OPE concentrations, even in the harsh conditions of a high-

mountain region (ARTICLE 1, ARTICLE 3, and ARTICLE 4). Passive water samplers can also 

be an asset in OPE monitoring in such remote regions. Their levels in the lakes reported 

in ARTICLE 5 are suitable estimates of their true concentration, but the choice of material 

may still leave room for limiting uncertainty and improving the determination of spatial 

and temporal trends. Thus, further assessment of OPE passive uptake by these and other 

materials should be carried out considering the physical-chemical properties of OPEs for 

the benefit of future monitoring programmes. 

3.4.5 High mountains, sinks and secondary emitters of anthropogenic pollutants 

Fluctuations of SVOC concentrations in the environment can occur in a variety of 

places and circumstances. Sometimes, these variations are linked to changes in primary 

emissions of pollutants, to the occurrence of meteorological phenomena, or to cycles in 

degradation and deposition processes, to name a few reasons. Occasionally, the 

fluctuations of atmospheric concentrations of SVOCs correlate with changes in ambient 

temperature. This was the case for many individual gas-phase organochlorine 

compounds, PAHs, and OPEs, as described in ARTICLE 3 and ARTICLE 4. When this 
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happens, the natural logarithm of the gas-phase concentrations regressed against the 

reciprocal of the absolute temperature yields a linear relationship. Wania et al. (1998) 

proposed that the slopes of these regressions reflect the relative importance of advection 

of air masses and diffusive exchange of pollutants between air and environmental 

surfaces. That is, the relative magnitude of these two pollutant input sources into the 

atmosphere can be assessed from the existence (or lack) of temperature dependence of 

gas-phase concentrations. 

The simple model proposed by Wania et al. (1998), which is a reformulation of a 

previous approach (Pankow, 1993), assumes chemical equilibrium between the 

atmosphere and all environmental surfaces (e.g., soil, vegetation, atmospheric particles, 

water, snow) and that the concentration of a certain pollutant in all combined surfaces is 

large enough to remain essentially unchanged by volatilization processes driven by 

temperature. This is obviously not always the case and thus the approach is a simplistic 

approximation, but useful information can still be derived from it. The assumption of 

equilibrium is reflected by the air–surfaces partition coefficient (KAS): 

𝑙𝑛𝐾𝐴𝑆 = 𝑙𝑛
𝐶𝐴

𝐶𝑆
⁄ = 𝑙𝑛𝐶𝐴 − 𝑙𝑛𝐶𝑆 Eq. 35 

where CA is the concentration of a pollutant in the gas phase of air and CS is its 

concentration in all combined surfaces. The temperature dependence of any equilibrium 

partition coefficient conforms to the following partial derivative: 

𝜕𝑙𝑛𝐾𝐴𝑆
𝜕𝑇

= −
∆𝑈𝐴𝑆
𝑅𝑇2

 Eq. 36 

where ΔUAS is the internal energy of phase change (between air and surfaces). Solving for 

a reference temperature (Tref) at which KAS is known, we obtain: 

𝑙𝑛𝐾𝐴𝑆 (𝑇) = 𝑙𝑛𝐾𝐴𝑆 (𝑇𝑟𝑒𝑓) −
∆𝑈𝐴𝑆
𝑅

(
1

𝑇
−

1

𝑇𝑟𝑒𝑓
) = 𝑙𝑛𝐾𝐴𝑆 (𝑇𝑟𝑒𝑓) −

∆𝑈𝐴𝑆
𝑅𝑇

+
∆𝑈𝐴𝑆
𝑅𝑇𝑟𝑒𝑓

 Eq. 37 

and inserting the solution into Eq. 35: 

𝑙𝑛𝐶𝐴 = 𝑙𝑛𝐾𝐴𝑆 + 𝑙𝑛𝐶𝑆 = (𝑙𝑛𝐾𝐴𝑆 (𝑇𝑟𝑒𝑓) +
∆𝑈𝐴𝑆
𝑅𝑇𝑟𝑒𝑓

+ 𝑙𝑛𝐶𝑆) −
∆𝑈𝐴𝑆
𝑅

1

𝑇
= 𝑏 +

𝑚

𝑇
 Eq. 38 
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which takes the shape of a line with slope m and intercept b. Thus, temperature regressions 

of atmospheric concentrations are useful for determining thermodynamic parameters of 

diffusive exchange processes. Working with atmospheric concentrations on a mass per 

volume basis (e.g., pg m-3) yields ΔUAS, but enthalpies of phase change (ΔHAS) are more 

useful for comparing with experimental data. They could be directly obtained from the 

equations above by working with partial pressures in air instead of concentrations, or by 

converting ΔUAS following (Atkinson and Curthoys, 1978): 

∆𝐻 = ∆𝑈 − 𝑅𝑇 Eq. 39 

The hypothesis put forward by Wania et al. (1998) stated that pronounced slopes 

indicate a large contribution of evaporation of pollutants from surfaces in the vicinity of 

the sampling site to the concentrations observed in the gas phase, while shallow slopes 

indicate a larger contribution of pollutants transported by advection of air masses. The 

assessment of how pronounced or shallow these slopes are in the present work was 

performed relative to ΔHAS determined in laboratory conditions. The reasoning behind it 

is that laboratory determinations of ΔHAS reflect the ideal temperature-driven 

volatilization conditions for each compound in equilibrium. Therefore, any deviations 

from this purely evaporative behaviour (causing lower temperature regression slopes and 

thus lower values of ΔHAS) would indicate an increased contribution of air advection as a 

source of atmospheric SVOCs. In ARTICLE 3, all OPEs with statistically significant 

temperature regressions showed ΔHAS undistinguishable from their reference values 

(Figure 39). This indicates a predominance of diffusive exchange processes between air 

and environmental surfaces that controls the fluctuations of their atmospheric 

concentrations, which is expected for OPEs as they have a high tendency to partition with 

the particle phase (ARTICLE 1) and other similar compartments. The OPEs that did not 

present significant correlations were TBP and TDCIPP, which were found at lower and 

perhaps more uncertain atmospheric concentrations. Thus, at least for TCEP, TCIPP, and 

TPHP, these high mountains seem to be acting as important accumulators of OPEs at low 

temperatures and secondary emission sources at higher ones. Two such secondary sources 

that could be predominant at certain seasons of the year are snow (Gustavsson et al., 2019) 

and soils that become uncovered after snowmelt (see the detected OPEs in the 

supplementary soil samples in Figure S1.4), which could explain some of the observed 

trends based on the snow accumulation patterns at the sampling sites (ARTICLE 1). 
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Figure 39. Air–surface phase change enthalpies measured in laboratory conditions (black) and estimated 
from statistically significant temperature regressions of gas-phase concentrations in the Pyrenees (white), 
regressed against subcooled liquid vapour pressures (logpL

0). Figure created using logpL
0 values from Allen 

et al. (1999), Brommer et al. (2014), Delle Site (1997), and Falconer and Bidleman (1994), and laboratory 
ΔHAS from Nakajoh et al. (2006), Okeme et al. (2020), Panneerselvam et al. (2007), Roux et al. (2008), and 
Spieksma et al. (1994). 

In ARTICLE 4, a greater variety of situations was observed. HCB, low molecular 

weight PAHs, and PCBs with a low degree of chlorination did not present statistically 

significant correlations with temperature because of their high volatility and limited 

partitioning towards soils and other surfaces. On the other hand, the concentrations of 

PAHs and PCBs of higher molecular weight usually increased significantly in 

atmospheric concentration at higher temperatures. Thus, the ΔHAS derived from their 

regression slopes were closer to their reference values for the heaviest and less volatile 

compounds (Figure 39). This is likely an indication of their expected behaviour and 

environmental fate: re-volatilization from secondary sources can be a prominent 

atmospheric input of compounds that are more likely to partition towards environmental 

surfaces (i.e., the less volatile PCBs and PAHs). The only organochlorine compound that 

did not behave as expected was PeCB, which presented a steep slope and ΔHAS close to 

the reference value (Figure 39). However, PeCB is one of the most volatile SVOCs 

analysed here so a higher advective influence would be expected, as observed for HCB. 

This abnormal behaviour would need to be investigated further to identify PeCB sources 

and the cause of its temperature trends. 

The previous evidence, in the absence of local primary emissions of pollutants (as 

is expected in remote high-elevation mountains), suggests that the re-volatilization of 
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several SVOCs may occur during warm seasons and that these mountain sites can act as 

secondary emitters of accumulated chemicals. This re-emission can also be interpreted 

from the regression of the sum of all compounds (Figure 40, ΣOPEs p < 2×10-6 and 

ΣPCBs p < 0.02), although this assessment is much more qualitative because the 

calculation of a pseudo-enthalpy from the regression slope would not have 

thermodynamic meaning. Note that the slope for ΣPCBs is shallower than for ΣOPEs due 

to the range of behaviours exhibited by congeners with differing degrees of chlorination. 

Predominant surfaces responsible for this re-emission are likely to be soils, snow, water 

bodies, and vegetation. For reference, evidence of these processes that lead to mountain 

cold-trapping and secondary emission of SVOCs has been found in mountain slopes for 

soil (Qu et al., 2015; Riaz et al., 2021b; Wang et al., 2012), vegetation (Belis et al., 2009; 

Jaward et al., 2005a), snow (Finizio et al., 2006; Sharma et al., 2015), and alpine lakes 

(Meijer et al., 2006; Wilkinson et al., 2005). 

 
Figure 40. Sum of PCB, PAH (only gas-phase, low molecular weight –LMW– compounds except for Ret), 
and OPE (excluding contaminated outliers) atmospheric gas-phase concentrations regressed against the 
reciprocal of the absolute temperature. 

Nevertheless, caution should be exercised when interpreting some SVOC trends 

with temperature in alpine regions, particularly in the case of PAHs. On one hand, PAHs 

bear a non-negligible diffuse component to their emissions that undoubtedly contributes 

to their environmental fate. This is reflected in the temperature trends in ARTICLE 4, 

possibly pointing at a cycle of absorption in environmental surfaces during cold seasons 

and re-volatilization during warmer seasons, which was observed for some of the heavy 

molecular weight PAHs as a result of their lower volatility and higher tendency for 

partitioning towards surfaces. Most low molecular weight PAHs did not exhibit this 

behaviour, which could be because of a reduced tendency for partitioning towards 

surfaces as a result of their higher volatility. On the other hand, PAHs also have active 
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sources in rural and alpine areas that typically increase their emissions in winter (van 

Drooge, 2013). However, no such increase is apparent when ΣPAH is regressed against 

temperature (Figure 40). The lack of a trend naturally follows the behaviour of the much 

more abundant low molecular weight PAHs that did not correlate with temperature. The 

reason behind the apparent absence of an increase in atmospheric PAH concentrations at 

lower temperatures could be twofold. Firstly, the increase in PAH emissions during colder 

months can sometimes be more noticeable for particle-associated PAHs (i.e., high 

molecular weight PAHs) than for those in the gas-phase (Fernández et al., 2002), and our 

measurements were strictly of the gas-phase. Secondly, the data points in Figure 40 

represent different sites, so the varying temperatures do not only respond to seasonality 

but also to altitude and geographical location. This likely influences the temperature 

trends, as the coldest temperatures also occur at the highest sites, those most distant from 

regional sources. Unfortunately, there are not enough data points at each site for a 

conclusive assessment of site-specific trends over time. 

The influence of regional sources of PAHs and the geographical location of the 

sampling sites is probably more noticeable from the levels of PAHs in water. Figure 41 

shows the regressions of the sum of concentrations of each main group of SVOCs in the 

freely dissolved phase of water. While ΣOPEs and ΣPCBs did not present any significant 

temperature trends, significant correlations were seen for both low molecular weight 

(LMW) and high molecular weight (HMW) PAHs (both p < 0.01). These relationships 

indicate higher concentrations in water at higher temperatures, which is opposite to what 

is typically expected in high-elevation lakes. But again, these data points represent 

different sampling sites (where the warmer sites were located at lower altitudes). Since 

the passive water samples encompassed periods of one whole year, the differences in 

temperature mostly reflect variations in altitude and not seasonality. Therefore, Figure 41 

may reflect the influence of regional emissions of pollutants. 

Decreasing PAH concentrations with increasing altitude in mountain regions are 

not infrequent: they were observed for PAHs in soils, lichen, and vegetation in the Tibetan 

Plateau (Yang et al., 2013), soils in the Himalayas (Guzzella et al., 2011), and in Western 

Canadian mountains (Hussain et al., 2019). In most cases, these were hypothesized to 

reflect the distance from active PAH emission sources. In high-altitude mountains in 

eastern China, PAH concentrations in soils at mountaintops were lower than those down- 
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slope, where a forest filter effect was hypothesized to have been the cause (Wang et al., 

2019). PAHs in snow from the Tyrolean Alps showed a slightly decreasing trend with 

altitude, a trend that was statistically significant for the sum of Phe, Flu, and Pyr, and 

which was attributed to snow–particle partitioning (Arellano et al., 2014b). Finally, other 

studies have shown no clear trends in PAH concentrations in sediments from mountain 

lakes at different altitudes (van Drooge et al., 2011). Aside from distance from potential 

regional sources, these studies indicate that there may be additional factors contributing 

to the observed trends depending on the area of study. Another possible determinant 

derived from the differences in elevation is that PAHs could be confined to the lowest 

altitudes during some critical periods due to temperature inversions. In winter, air masses 

transporting PAHs from rural sources prominently reach alpine areas during anticyclonic 

conditions by slowly penetrating mountain valleys instead of being transported by high 

altitude winds. Temperature inversions in the atmosphere are frequent under these calm 

conditions because the air close to the ground is relatively cold and a higher layer of 

warmer air traps pollution from active sources (i.e., PAHs) at lower altitudes (Daly and 

Wania, 2005). In fact, it is common that high-mountain sites present characteristically 

 
Figure 41. Sum of PCB, PAH (excluding Ret), and OPE atmospheric gas-phase concentrations regressed 
against the reciprocal of the absolute temperature. Low molecular weight (LMW, Fle to Chr+TriPh) and 
high molecular weight (HMW, B[b]Flu to B[ghi]pery) PAHs are separated for comparison with 
atmospheric PAHs in the gas phase. 
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tropospheric mountain peaks that remain isolated from pollutant sources at their base due 

to temperature inversions (Ribes et al., 2003; van Drooge et al., 2002). Temperature 

inversions were also identified as potential causes of increased PAH deposition and 

accumulation in Himalayan valleys (Hussain et al., 2016). Thus, low-elevation lakes with 

larger catchment areas (see Figure 13) could perhaps see an increased PAH input from 

catchment runoff and percolation. This would also explain the higher slope observed for 

HMW PAHs in Figure 41 compared to LMW ones, as the former have a higher tendency 

for accumulating in soils. Nevertheless, further research should be conducted to establish 

the existence of such effects and their influence over PAH concentrations at the highest 

altitudes. 

With regards to future studies, a laborious but interesting objective moving 

forward would be to establish a more complete environmental fate and distribution model 

in this area of the Pyrenees. A first step towards this was achieved through the analysis 

of SVOC concentrations in water from the Pyrenean lakes in ARTICLE 5, which allowed 

for a more in-depth study of one of the main pollutant exchange processes in the area: 

air–water diffusive exchange at the surface of the lakes. These fluxes were determined 

using the concentrations in the freely dissolved phase of water determined in ARTICLE 5 

and the atmospheric gas phase concentrations determined in ARTICLE 3 and ARTICLE 4. 

There are other atmospheric removal processes and pollutant input pathways into alpine 

lakes that may be relevant depending on the site and season (e.g., wet and dry deposition, 

snowmelt and runoff) (Fernández et al., 2021). However, diffusive exchange at the 

surface of the lakes is also considered a dominating transport mechanism for POPs 

(Bidleman and McConnell, 1995; Meijer et al., 2006). Moreover, diffusive exchange 

processes of POPs are often studied in lakes near pollutant sources but are infrequently 

reported in high-altitude lakes, hence why their determination in the present work is 

particularly valuable. 

PAHs presented the highest fluxes, with averages up to -70 ng m-2 d-1 denoting 

net deposition (except for retene at the lowest lakes due to their diagenetic formation in 

sediments), as expected from their predominant atmospheric emissions. Still, these PAH 

fluxes were several orders of magnitude lower than typical reports in lakes around the 

world (Qin et al., 2013; Ruge et al., 2018; Tucca et al., 2020), probably due to the 

remoteness of the studied lakes. ARTICLE 5 also shows that the imbalance between 
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atmospheric and aquatic PAHs that led to this air-to-water direction of the calculated 

fluxes exists despite having observed atmospheric photodegradation competing with 

diffusive exchange as a removal pathway of PAHs from the atmosphere. The 

organochlorine compounds, including most PCBs and PeCB, presented lower deposition 

fluxes (up to -4.1 ng m-2 d-1) as a result of their lower concentrations and lack of current 

primary sources. Atmospheric degradation was shown to not influence their 

environmental fate. However, the estimated flux uncertainties were similar in magnitude 

to the fluxes themselves, so the diffusive exchange of some compounds (e.g., the two 

lightest PCBs, PeCB, and HCB at the two highest lakes) could sometimes not be 

confidently differentiated from equilibrium conditions. Note that near-equilibrium fluxes 

could also easily experience seasonal variations in the direction of their exchange that do 

not come through in the year-round averages reported in ARTICLE 5. This has been 

observed for PCB in Lake Superior, where volatilization dominates in late summer while 

deposition is most prominent during spring (Hornbuckle et al., 1994). PCBs and other 

organochlorine compounds have shown low but opposite fluxes in other lakes (Liu et al., 

2016; Luarte et al., 2022). However, we only observed net volatilization of HCB among 

all organochlorine compounds (+6.2 ng m-2 d-1). Finally, OPEs presented fluxes denoting 

either deposition (up to -7.8 ng m-2 d-1) or equilibrium state. Recent reports in the Great 

lakes have shown much higher deposition fluxes, explained by the closeness to emission 

sources, and have recognized air–water exchange as a more important input mechanism 

than other pathways like dry deposition (Ma et al., 2021). The atmospheric 

photooxidation rates of the studied OPEs were similar or higher in magnitude to the 

diffusive exchange ones, meaning that, for some OPEs with fluxes close to equilibrium, 

atmospheric degradation could be acting as a competing pollutant removal process. Still, 

this was an assessment of gas-phase SVOCs, so the increased persistence of OPEs in the 

particulate phase in which they tend to predominantly exist should be accounted for in 

future studies of OPE input sources to these and other lakes. Given the relative novelty 

of OPEs and their condition of emerging pollutants, air–water exchange studies in lakes 

are scarce or even non-existent in alpine regions, giving special value to the present work. 

Overall, it seems that the distribution dynamics of pollutants in this area are 

complex, although they follow some general trends. About half of the studied compounds 

in the atmospheric gas phase showed some indication of secondary volatilization from 
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surfaces, most probably soils and snow. The apparent magnitude of this re-emission 

behaviour generally agreed with the tendency of most of these SVOCs for partitioning 

with other environmental compartments. However, lake waters probably did not 

contribute significantly to this re-volatilization since diffusive exchange fluxes indicated 

predominant deposition from the atmospheric gas phase to the freely dissolved phase of 

water or near-equilibrium conditions. Only HCB presented consistent volatilization 

fluxes at most lakes. Seasonal fluctuations likely exist (Meijer et al., 2009), especially for 

compounds in equilibrium, both due to temperature changes and to seasonal inputs like 

snowmelt and increased regional emissions and transport. However, they could not be 

resolved from the sampling design of the present study as they are yearly averages. This 

contributes to the uncertainty in the reported fluxes, along with other factors that are 

further discussed in Section 3.4.6. But, in general, the overall scenario portrayed by the 

observed exchange processes in this region of the Pyrenees seems to be one of gradual 

accumulation of pollutants transported through the atmosphere, both legacy and emerging 

ones, and subsequent equilibration between matrices that, in some cases, results in re-

emission that fluctuates with temperature. 

3.4.6 Uncertainty in air–water exchange flux calculations 

Unlike wet and dry deposition, diffusive exchange fluxes cannot be 

experimentally measured, so the values reported in the present work rely on a complex 

combination of variables, experimental parametrizations, and physical-chemical models, 

the individual uncertainties of which quickly add up. Since flux estimations are used to 

determine the direction of transport of pollutants, no absolute air-to-water or water-to-air 

flux value may be confidently differentiated from equilibrium conditions without an 

estimation of uncertainty. To complement the reported results, a few considerations on 

the uncertainty of flux calculations and its sources are provided next. 

The theoretical error of the air–water exchange flux was calculated for each 

individual compound at each sampling site and period from the propagation of the error 

of the non-constant variables in the combination of Eq. 19 and Eq. 20: 

𝐹𝑖 𝐴𝑊 = 𝑘𝑖 𝐴𝑊 (𝐶𝑖 𝑊 −
𝐶𝑖 𝐴𝑅𝑇

𝐻𝑖 (𝑇)
) Eq. 40 
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The error propagation formula for Eq. 40 is a function of five variables that are 

assumed to be independent (ignoring covariances between variables) and to follow a 

normal distribution with a standard deviation δ. Thus, δFi AW is equal to the square root of 

the sum of squares of the partial derivatives of Fi AW with respect to each variable “x” 

(∂Fi AW/∂x), multiplied in turn by the square of their respective errors: 

𝛿𝐹𝑖 𝐴𝑊 =

√
  
  
  
  
 

(
𝜕𝐹𝑖 𝐴𝑊
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 Eq. 41 

The absolute value of each partial derivative from Eq. 41 is then divided by Fi AW to 

determine relative errors: 

|
𝜕𝐹𝑖 𝐴𝑊
𝜕𝑘𝑖 𝐴𝑊

| =  (𝐶𝑖 𝑊 +
𝐶𝑖 𝐴𝑅𝑇

𝐻𝑖
)𝜕𝑘𝑖 𝐴𝑊 ;    

|𝜕𝐹𝑖 𝜕𝑘𝑖 𝐴𝑊⁄ |

𝐹𝑖 𝐴𝑊
=

1

𝑘𝑖 𝐴𝑊
 Eq. 42 

|
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𝐹𝑖 𝐴𝑊𝐻𝑖
2  Eq. 43 
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With some rearrangement, the equation for the relative error of the flux (δFi AW/Fi AW) 

takes the following shape: 
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 Eq. 47 

The estimation of the absolute errors of ki AW and Hi presents the highest difficulty 

since they depend on the methods used for their calculation and the variables involved. 

However, Eq. 47 includes them both in their relative form, δki AW/ki AW and δHi/Hi. 

Therefore, their approximation becomes much more practical. As recommended by Rowe 
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and Perlinger (2012), a relative error of 0.5 (50%) based on other studies (Blanchard et 

al., 2008) was used for Hi and a relative error of 0.3 (30%) based on the error analysis of 

Hoff (1994) was used for ki AW, a value which was also later confirmed by (Liu et al., 

2016). The errors of T and Ci A were determined as standard deviations of the temperatures 

measured in the area and the atmospheric concentrations analysed in the considered 

periods, respectively. Since only one water sampling period was considered for the 

calculation of Fi AW, the experimental error of Ci W could not be determined from standard 

deviations, so a relative error of 0.2 (20%) was used as recommended for cases with less 

than three samples (Rowe and Perlinger, 2012). All in all, experimental errors are 

undoubtedly preferable to assumed ones, but the assumptions made here are 

accommodating enough to account for most possible deviations in the data and variables 

used in the calculations. All other errors on the variables used in the calculation of 

exchange fluxes are indirectly accounted for in the approximation of the relative 

uncertainty of ki AW. That includes errors from the empirical parametrizations of kCO2 W 

and kH2O A. 

Although contained within the aforementioned approximation of uncertainty, the 

existence of differing methods for the calculation of some variables or parameters can 

affect the results. Moreover, the practicality of sampling operations often requires some 

compromises to be made. Several possible sources of error were identified in this regard: 

a. Diffusive exchange during winter 

Diffusive exchange occurs at the interface between air and water. Therefore, 

pollutant transport through this mechanism does not take place during periods of the year 

when the surface of the lakes is covered in ice. However, the low concentrations expected 

in the studied environmental matrices required longer sampler exposures, meaning that 

the results presented here are year-round averages that do not exclude freezing periods. 

This inevitably resulted in fluxes that also represent the yearly average net transfer of 

pollutants at the provided concentrations, but it must be noted that higher time resolutions 

would show variation in fluxes over the different seasons, increasing in the summer when 

the higher temperatures facilitate compound diffusion and decreasing or stopping in 

winter as the lakes become covered with ice. 
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b. Temperature of water 

The recorded temperatures in the flux calculations are used irrespective of their 

application to air, water, or both as the only data available in this study were air 

temperatures obtained on-site using data loggers and meteorological stations. But Eq. 26 

uses the kinematic viscosity of water (νW) and its value affects all other water-side 

calculations. As seen in Figure 32, νW changes with temperature, so it must be corrected 

to the average water temperature of the studied period, but water temperatures at each 

lake had to be approximated from air temperatures. This constitutes another source of 

error in the calculation of the fluxes. The temperature of water in alpine lakes measured 

a few meters below the surface closely resembles air temperatures during ice-free periods 

(Catalan, 1988), so since the samplers were deployed no deeper than four meters below 

the water surface, air temperatures may be an acceptable approximation for ice-free 

periods considering that fluxes are estimated at the exchange interface between air and 

water. 

On the other hand, freezing periods add their own set of complications. Water 

temperatures during ice coverage typically remain homogeneously between 0 and 4 °C, 

regardless of variation in air temperatures. All studied lakes freeze during winter, which 

may induce differences between average measured air temperatures and actual water 

temperatures that were not accounted for in the calculations. This could lead to fluxes 

with directions that would mostly remain the same based on the disequilibrium of 

concentrations between air and water, but with varying magnitudes compared to those 

reported. However, we argue that the differences would not be of concern and would still 

fall within the expected uncertainty range. To illustrate this, the fluxes were recalculated 

at 10 °C higher average water temperatures, an arbitrary but substantial increase that 

surpasses the expected change that would occur by establishing a water temperature 

baseline of 0 to 4 °C during freezing periods. Changing only the calculations directly 

affected by the temperature of water (νW) resulted in flux variations lower than 5% on 

average. An increase of 10 °C for all temperature values in the calculations regardless of 

their relevance to air, water, or both results in average flux variations between 3 and 25%, 

which is not that severe either. 
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c. Temperature correction of Henry’s Law constants 

Several methods can be used for obtaining Hi of a particular compound at a given 

temperature. Experimental temperature correlations specific to individual compounds 

have been published for PCBs and PAHs (e.g., Bamford et al., 1999; Cetin et al., 2006; 

Paasivirta et al., 1999; Parnis et al., 2015). A benefit of using temperature correlations 

experimentally determined specifically for each chemical is that the rate of variation of 

Hi with T is not assumed to be equal for all compounds. However, comprehensive studies 

that include data for an extensive selection of compounds are scarce. This leads to the 

need for obtaining correlations from different sources, which may compromise the 

consistency of physical-chemical variables involved in the model by introducing 

systematic errors in the calculations. A comparison of the effect of using different Hi 

determination methods is shown for some example compounds in Figure 42. Hi values 

for a specific compound at a given temperature can vary by a log unit between methods, 

and specific correlations are not always available for all studied compounds and 

compound groups. 

Thus, a single temperature correction relationship was chosen for all studied 

pollutants regardless of the group (Hulscher et al., 1992). This temperature correction 

method uses the reference value of Hi at 25 °C (298.15 K). Hi 298 values can be obtained 

from several sources. A comprehensive database of references reporting Hi values for 

organic compounds is available (Sander, 2015). However, values from different studies 

are often reported at different temperatures and resulting from different determination 

methods ranging from experimental measurements to computational modelling and often 

vary by up to several orders of magnitude. For instance, most H values reported for 

hexachlorobenzene span a range of at least 2 orders of magnitude, between 10-1 and 10-3 

mol m-3 Pa-1 excluding outliers (Sander, 2015). Therefore, Hi 298 values from a single 

curated source, EPA’s CompTox Chemistry Dashboard (Williams et al., 2017), were 

chosen in order to limit systematic variability between compounds and groups of 

compounds. A relative error of 50% has been proposed for Hi (Blanchard et al., 2008) as 

an estimate of the average uncertainty in Hi values, which was used in the present work 

for the calculation of uncertainties. 
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Figure 42. Temperature correction methods for Henry’s Law constants (logH) of PCB118, HCB, Flu, and 
TCIPP. Figures created using logH values and temperature correction relationships from Bamford et al. 
(1999), Cetin et al. (2006), Hulscher et al. (1992), Paasivirta et al. (1999), Parnis et al. (2015), and Tateya 
et al. (1988). 

d. Reference mass transfer coefficients of H2O and CO2 

The mass transfer coefficients of H2O in air (kH2O A) and CO2 in water (k CO2 W) are 

used as a reference value for the relative estimation of exchange velocities of other 

compounds. Their calculation generally relies on experimental regressions both from 

laboratory and field measurements, which tend to differ significantly depending on the 

conditions of the experiment and its location. 

In air, Eq. 29 for kH2O A proposed by Schwarzenbach et al. (2016) was used as a 

suitable approximation of data produced in other studies. A previous approximation of 

the same form based on laboratory studies (e.g., Liss, 1973; Mackay and Yeun, 1983; 
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Münnich et al., 1978) yielded different regression coefficients (kH2O A ≈ 0.2 u10 + 0.3) 

(Schwarzenbach et al., 2005), and was used for a long time by general consensus in 

exchange flux calculations across the literature. Although it was a compromise between 

differing experimentally derived correlations between kH2O A and wind speed, this 

approach showed good performance when applied to the calculation of evaporative loss 

rates of water Schwarzenbach et al. (2016). But the current understanding is that 

laboratory results typically overestimate the magnitude of such coefficients in the 

environment (Schwarzenbach et al., 2016), so the newer approximation of empirical 

parametrizations of kH2O A was used instead. Still, the models do not differ significantly 

at wind speeds below 10 m s-1. 

In water, no such generally accepted approximation has been produced for k CO2 W, 

and experimentally derived relationships with wind speed seem to vary greatly depending 

on the considered water body and its size (e.g., for oceans and open sea as in González-

Gaya et al., 2016; Nightingale et al., 2000; Wanninkhof and Bliven, 1991, or for lakes as 

in Klaus and Vachon, 2020; Vachon and Prairie, 2013). The effect of a selection of 

available models on k CO2 W as a function of wind speed is shown in Figure 43. A recent 

 
Figure 43. A selection of calculation methods reported in the last three decades for mass transfer coefficients 
in water of CO2 (k CO2 W) depending on wind speed (u10). Figure created using relationships from Cole and 
Caraco (1998), Crusius and Wanninkhof (2003), González-Gaya et al. (2016), Guérin et al. (2007), Klaus 
and Vachon (2020), MacIntyre et al. (2010), Nightingale et al. (2000), Vachon and Prairie (2013), and 
Wanninkhof and Bliven (1991). Klaus and Vachon's (2020) models labelled a to d are, respectively: linear 
regression with input variables Lake Area (LA) and space integration (SIN), linear LA, power regression 
with LA SIN, and power LA. 
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model proposed as a parametrization of literature data optimized for lake waters was used 

in the present work (Klaus and Vachon, 2020) as it focuses on lacustrine environmental 

systems by compiling data from multiple experimental studies. 

e. Molar volume 

Molar volumes used in Eq. 25 and Eq. 28 can be estimated in different ways with 

varying results, thus generating uncertainty in molecular diffusivities. One way is by 

dividing a compound’s molar mass (Mi) by its mass density (ρi). A different and 

widespread method consists in the addition of atomic volume increments for each of the 

atoms and aromatic or heterocyclic rings present in the compound’s molecule, as 

proposed by Fuller et al. (1966): 

𝑉𝑖 = 16.5 𝐶 + 1.98 𝐻 + 5.48 𝑂 + 19.5 𝐶𝑙 + 17.0 𝑆 − 20.2 𝑅𝑖𝑛𝑔𝑠 Eq. 48 

However, this method is limited in the array of atoms that it considers and now 

falls short in front of readily available chemical calculators that base their estimations on 

molecular geometries and atom interactions, such as SPARC’s physicochemical 

calculator. As an example of the uncertainty introduced by the variety of available 

methods, the molar volume of hexachlorobenzene, VHCB, is 195.8 cm3 mol-1 using Fuller’s 

method, 161.2 cm3 mol-1 from SPARC’s calculation, 160.9 cm3 mol-1 using SPARC’s 

estimated density, and 139.3 cm3 mol-1 using a density value from the literature (Haynes 

et al., 2016). This results in a relative standard deviation of VHCB of almost 15%, which 

adds up to other errors in the determination of molecular diffusivities. In the present work, 

molar volumes were calculated using the SPARC calculator. 
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The following paragraphs contain the main conclusions that were drawn from the 

work presented in this dissertation: 

a. Applicability of passive samplers and uncertainty of the results 

▪ The passive samplers used in the present work were a useful tool for monitoring 

atmospheric and aquatic pollutants in high-altitude areas of the Pyrenees. They 

are lightweight materials that are easily transportable to high-elevation sampling 

sites and that require minimal additional equipment for their deployment and 

retrieval, compared to traditional sampling strategies. This made possible the 

inexpensive monitoring of several sites at different elevations, which in turn 

enabled the study of pollutant distribution depending on environmental variables. 

▪ The calibration of passive samplers using PRCs is a complex step in the 

determination of pollutant concentrations, but it becomes indispensable in remote 

sites subject to extreme meteorological conditions. In this study, PRC-derived 

sampling rates have allowed to account for differences in sampler exposure 

conditions between sample replicates and between sampling periods caused by 

differences in temperature, wind speed, precipitation, water currents, biofouling, 

and unforeseen events like the temporary entrapment of some passive air sampler 

housings under a few meters of snow. 

▪ The uncertainty of the sampling rates resulting from the PRC calibration was 

assessed directly from the use of air and water samplers in alpine sites. For PUF 

air samplers, experimental errors calculated as standard deviations of replicates at 

each site were below 33%, agreeing with the expected errors calculated as 

theoretical expanded uncertainties (below 34%). For LDPE and SR water 

samplers, sampling rate uncertainties derived from the fit of an NLS curve to PRC 

data were below 25 and 33%, respectively. These values are the upper limit of 

uncertainties (i.e., the most uncertain measurements), so the average errors were 

low and within theoretical expectations. 

▪ Atmospheric pollutant concentrations derived from passive air samplers closely 

agreed with active air sampling measurements in the gas phase, with only PAHs 

presenting some higher variability probably due to the seasonal behaviour of their 

regional emissions. The PUF housings acted as effective wind and particle shields 

and reduced the particle infiltration to around 20% compared to the active 



CHAPTER 4 

264 
 

sampler, which is low enough to consider the results as truly gas-phase 

concentrations. 

▪ Aquatic pollutant concentrations derived from passive water samplers were not 

compared to active sampling measurements due to logistic difficulties involved 

with the collection and treatment of enough water volumes to overcome limits of 

detection. However, they were compared to independent measurements of co-

deployed samplers performed elsewhere. The agreement was acceptable, 

generally within a factor of 2 to 4. OPEs were the main outliers in measurements 

performed using SR samplers, which could be due to a sub-optimal uptake by the 

sampler material and to uncertainty in the KPWS–W values, both possibly attributed 

to the relatively higher hydrophilicity of OPEs. 

▪ Overall, the passive sampling measurements in the present work were accurate 

enough, within the typically accepted limits in the field, and adequate for the 

intended purpose. The study of sampler performance and uncertainties provided 

a framework of confidence in the results for most studied pollutants, even in the 

harsh circumstances from a high-elevation alpine area, upon which the rest of the 

study of occurrence and distribution of pollutants was built. 

b. Pollutant levels and their changes over time 

▪ The atmospheric concentrations of SVOCs in the city of Barcelona before 

lockdown measures were imposed during the COVID-19 global pandemic were 3 

to 6 times higher than in the Pyrenees for PCBs, 50 to 100 times higher for PAHs, 

and 100 to 400 times higher for OPEs. Contrarily, the concentrations of HCB and 

PeCB were 2 to 3 times higher in the Pyrenees, which could be due to their 

accumulation and re-emission as seen from atmospheric concentration trends with 

temperature and from air–water exchange fluxes. 

▪ The implementation of lockdown restrictions resulted in reductions of levels of 

atmospheric particles PM10 (-37%), and gasses like CO (-28%), NO (-76%), and 

NO2 (-52%), but not O3 (+45%) because of the lower reactivity with the reduced 

amounts of NO. The concentrations of gas-phase SVOCs also suffered reductions: 

ΣPAHs by -72%, ΣPCBs by -60%, and HCB, PeCB, and other organochlorine 

compounds by -70 to -91%. This evidences the influence of their active sources 

in urban environments and how an immediate cease in certain anthropogenic 
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activities can lead to a noticeable decrease in urban pollution. On the other hand, 

ΣOPEs remained stable (-3%) because they passively release and volatilize from 

materials to which they are applied, so their levels do not directly depend as much 

on the day-to-day activities that were halted during lockdown. 

▪ The atmospheric gas-phase and aquatic freely dissolved concentrations of most 

studied pollutants at the Pyrenean sites were in the range of or on the lower side 

of levels reported in other high-mountain areas and protected remote sites. 

However, literature and studies performed in these remote sites are often scarce 

given the difficulties associated with sampling operations. This gives significant 

value to the work presented here, particularly in the case of novel and emerging 

pollutants like OPEs, which are quickly becoming ubiquitous and a threat to the 

health of organisms and ecosystems. 

▪ Pollutant concentrations determined in the present work were generally lower than 

those reported more than two decades ago in the same area. PAHs in air and water 

decreased by -47 to -56% and by -55 to -82%, respectively, agreeing with 

reductions in PAH emissions in Europe over the last decades (-53%). The 

atmospheric concentrations of PCBs and organochlorine compounds like HCB 

only decreased by -15 and -22%, respectively, despite having experienced 

reductions in emissions of -73 and -97% over a similar time frame. This was 

attributed to their remarkable persistence. In water, PCBs and other 

organochlorine compounds like 4,4’-DDE seemed to experience larger reductions 

than anticipated based on their resistance to degradation (-83 to -93% and -96%, 

respectively). A possible explanation could be due to comparing the year-long 

averages from the present work to single measurements from the literature that 

were sometimes performed during summer months, perhaps seeing the effect of 

additional input of some compounds after snowmelt or interference from POPs 

bound to colloidal matter. 

c. Distribution of organic pollutants in high-altitude lacustrine ecosystems 

▪ In the absence of local pollutant sources, temperature trends of gas-phase 

concentrations of SVOCs reflect the relative predominance of re-volatilization of 

chemicals accumulated in environmental compartments (e.g., soils, snow, 

vegetation, and water) as an input source of pollutants, in opposition to advection 
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of air masses. Here, the atmospheric levels of half of the studied SVOCs presented 

statistically significant correlations with temperature, indicating at least some 

influence of re-emission from secondary sources on air concentrations. 

▪ The gas-phase concentrations of the most abundant OPEs presented significant 

correlations with temperature. Volatilization pseudo-enthalpies calculated from 

the slopes of the regressions were very similar to laboratory reference enthalpies, 

which point to a high influence of OPE accumulation on surfaces and subsequent 

evaporation at higher temperatures. This agrees with the high tendency of OPEs 

for partitioning towards environmental phases other than air. Moreover, snowmelt 

was identified as a possible main factor affecting gas-phase concentrations of 

OPEs because of its pollutant accumulating potential, the relative hydrophilicity 

of these compounds, and the observed seasonal freezing and thawing trends that 

coincided with variations in atmospheric OPE levels. 

▪ The concentrations of HCB and most low molecular weight PCBs and PAHs in 

the atmospheric gas phase did not increase significantly with temperature. This 

was expected from these more volatile SVOCs, meaning that their levels in air are 

mainly influenced by pollutant transport through advection of air masses. In 

contrast, most heavier PCBs and PAHs presented significant trends with 

temperature. Experimental volatilization pseudo-enthalpies were confidently 

different from their reference values for lighter PAHs and PCBs, but they became 

increasingly close to laboratory-determined enthalpies as the volatility of these 

compounds decreased. This is thermodynamically consistent with their increasing 

tendency for partitioning towards environmental surfaces. 

▪ Water concentrations of OPEs, PCBs, and most organochlorine compounds did 

not present significant variation between sites. Some of these, particularly OPE 

levels, could have been somewhat impacted by uncertainty in the measurements 

due to the aforementioned complications with the determination of their sampling 

rates. PAH concentrations in water showed higher concentrations at lower 

altitudes, a trend that seems contrary to mountain cold-trapping principles but that 

is likely related to the influence of regional sources of PAHs and the effect of 

geography on pollutants that reach these sites mostly entering through the valleys. 
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▪ Diffusive exchange fluxes between air and water were calculated for most studied 

pollutants. A general deposition (air to water) trend was observed for many 

compounds, especially for PAHs (as expected from their active and continued 

input into the atmosphere) and some PCBs. Most OPEs, some low molecular 

weight PCBs at a few sites, and PeCB were in equilibrium between phases. HCB 

presented volatilization (water to air) fluxes, as did retene at the three lowest lakes 

due to an imbalance in concentrations between air and water caused by diagenetic 

formation in lake sediments. 

▪ The assessment of diffusive exchange is a complex subject. The calculations are 

intricate, and the error quickly adds up. Keeping track of this error is essential for 

determining the difference between the net deposition or volatilization of a flux 

and equilibrium conditions. Here, the uncertainty of the fluxes was accounted for 

by expanding the errors in the variables used in their calculation. Additionally, 

several sources of error were identified and studied. While the magnitude of the 

resulting uncertainties was sometimes high, many fluxes could be confidently 

distinguished from equilibrium. 

d. Outlook 

▪ Passive samplers have proved to be an invaluable tool for a relatively cheap and 

comprehensive study of diffuse pollution in high-altitude mountains. With a 

proper calibration method, not only the assessment of pollutant levels can be 

accomplished, but also that of temporal and environmental trends. Moving 

forward, the number and variety of studied compounds could be expanded, always 

considering the adequacy of sampler materials. Other materials could be tested 

for pollutants that lie at the limit of capability of those used in this study (e.g., 

OPEs). Moreover, the collection of additional samples from environmental 

compartments such as soil and snow at the sampling sites could help to identify 

the sources of re-emitted pollutants and their fluctuation with the seasons, as well 

as provide broader data for a possible multi-compartment environmental fate and 

exchange model. 
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Appendix I: Lake catchments 

 

 
Figure 44. Digital elevation model (DEM) of the area of study (ASTGTM2-N42E000) sourced from the 
Advanced Spaceborne Thermal Emission and Reflection Radiometer (ASTER) global digital elevation 
model (GDEM) (ASTGTM v002, doi.org/10.5067/ASTER/ASTGTM.002). The image has been 
brightened for clarity. ASTER GDEM is a product of the Ministry of Economy, Trade, and Industry (METI) 
of Japan and the United States National Aeronautics and Space Administration (NASA). 
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Figure 45. Flow direction grid for the calculation of water drainage pathways in the area of study. Each 
colour represents a different slope direction. The lakes and main drainage streams have been superimposed 
for reference. Calculations performed and figure created using the Arc Hydro data model and toolset in 
ArcGIS (Esri, Redlands, CA, USA). Calculations performed using ASTER GDEM data (ASTGTM v002, 
doi.org/10.5067/ASTER/ASTGTM.002). ASTER GDEM is a product of the Ministry of Economy, Trade, 
and Industry (METI) of Japan and the United States National Aeronautics and Space Administration 
(NASA). 
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Figure 46. Water drainage pathways displayed over the DEM and used for the calculation of lake catchment 
areas. The lakes and main drainage streams have been superimposed for reference. Calculations performed 
and figure created using the Arc Hydro data model and toolset in ArcGIS (Esri, Redlands, CA, USA). 
Calculations performed using ASTER GDEM data (ASTGTM v002, 
doi.org/10.5067/ASTER/ASTGTM.002). ASTER GDEM is a product of the Ministry of Economy, Trade, 
and Industry (METI) of Japan and the United States National Aeronautics and Space Administration 
(NASA). 
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Figure 47. Lake catchment areas and soil coverage habitats: water (blue), shrubs (light green), forests (dark 
green), rock (beige), wetlands (brown), urban (maroon), industrial/other (pink). The lakes and main 
drainage streams have been superimposed for reference. Figure created using the Arc Hydro data model 
and toolset in ArcGIS (Esri, Redlands, CA, USA). Figure created using data from Servei de Planificació de 
l'Entorn Natural, Direcció General de Polítiques Ambientals i Medi Natural (Cartografia dels hàbitats 
d'interès comunitari a Catalunya, versió 2 (2018), last updated 30/11/2018) (Generalitat de Catalunya, 
Departament de Territori i Sostenibilitat). 
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Appendix II: Meteorology 

 

 
Figure 48. Average (black), maximum (red), and minimum (blue) temperature recorded every 30 min at 
Estanh Redon (top, 2247 m), Boí (center, 2535 m), and Barcelona (bottom, 79 m) during all sampling 
periods. Figure created using data from Xarxa d’Estacions Meteorològiques Automàtiques (XEMA) del 
Servei Meteorològic de Catalunya (METEOCAT) (Dades meteorològiques de la XEMA, last updated 
06/09/2022) (Generalitat de Catalunya, Departament de Territori i Sostenibilitat). 
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Figure 49. Average (black), maximum (red), and minimum (blue) relative humidity recorded every 30 min 
at Estanh Redon (top, 2247 m), Boí (center, 2535 m), and Barcelona (bottom, 79 m) during all sampling 
periods. Figure created using data from Xarxa d’Estacions Meteorològiques Automàtiques (XEMA) del 
Servei Meteorològic de Catalunya (METEOCAT) (Dades meteorològiques de la XEMA, last updated 
06/09/2022) (Generalitat de Catalunya, Departament de Territori i Sostenibilitat). 
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Figure 50. Average (black), maximum (red), and minimum (blue) atmospheric pressure recorded every 30 
min at Estanh Redon (top, 2247 m) and Barcelona (bottom, 79 m) during all sampling periods. Data from 
Boí (center) not available. Figure created using data from Xarxa d’Estacions Meteorològiques 

Automàtiques (XEMA) del Servei Meteorològic de Catalunya (METEOCAT) (Dades meteorològiques de 
la XEMA, last updated 06/09/2022) (Generalitat de Catalunya, Departament de Territori i Sostenibilitat). 
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Figure 51. Precipitation recorded every 30 min (black) and accumulated precipitation (blue) at Estanh 
Redon (top, 2247 m), Boí (center, 2535 m), and Barcelona (bottom, 79 m) during all sampling periods. 
Figure created using data from Xarxa d’Estacions Meteorològiques Automàtiques (XEMA) del Servei 

Meteorològic de Catalunya (METEOCAT) (Dades meteorològiques de la XEMA, last updated 06/09/2022) 
(Generalitat de Catalunya, Departament de Territori i Sostenibilitat). 
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Figure 52. Snow height recorded every 30 min at Estanh Redon (top, 2247 m) and Boí (center, 2535 m) 
during all sampling periods. Data from Barcelona (center) not available but assumed to remain at 0 cm. 
Figure created using data from Xarxa d’Estacions Meteorològiques Automàtiques (XEMA) del Servei 

Meteorològic de Catalunya (METEOCAT) (Dades meteorològiques de la XEMA, last updated 06/09/2022) 
(Generalitat de Catalunya, Departament de Territori i Sostenibilitat). 
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Figure 53. Average (black) and maximum (red) wind speed recorded every 30 min at Estanh Redon (top, 
2247 m), Boí (center, 2535 m), and Barcelona (bottom, 79 m) during all sampling periods. Figure created 
using data from Xarxa d’Estacions Meteorològiques Automàtiques (XEMA) del Servei Meteorològic de 
Catalunya (METEOCAT) (Dades meteorològiques de la XEMA, last updated 06/09/2022) (Generalitat de 
Catalunya, Departament de Territori i Sostenibilitat). 
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Figure 54. Average solar irradiance recorded every 30 min at Estanh Redon (top, 2247 m), Boí (center, 
2535 m), and Barcelona (bottom, 79 m) during all sampling periods. Figure created using data from Xarxa 
d’Estacions Meteorològiques Automàtiques (XEMA) del Servei Meteorològic de Catalunya 
(METEOCAT) (Dades meteorològiques de la XEMA, last updated 06/09/2022) (Generalitat de Catalunya, 
Departament de Territori i Sostenibilitat). 
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Figure 55. Wind rose representing the average distribution of wind speeds and directions over the last 
decade (2010–2019) at Estanh Redon (2247 m). Wind rose from Xarxa d’Estacions Meteorològiques 

Automàtiques (XEMA) del Servei Meteorològic de Catalunya (METEOCAT) (Dades meteorològiques de 
la XEMA, last updated 06/09/2022) (Generalitat de Catalunya, Departament de Territori i Sostenibilitat). 
Base map: Produced Work by the OpenStreetMap Foundation using OpenStreetMap data under the Open 
Database License, © OpenStreetMap contributors. 
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Figure 56. Wind rose representing the average distribution of wind speeds and directions over the last 
decade (2010–2019) at Boí (2535 m). Wind rose from Xarxa d’Estacions Meteorològiques Automàtiques 

(XEMA) del Servei Meteorològic de Catalunya (METEOCAT) (Dades meteorològiques de la XEMA, last 
updated 06/09/2022) (Generalitat de Catalunya, Departament de Territori i Sostenibilitat). Base map: 
Produced Work by the OpenStreetMap Foundation using OpenStreetMap data under the Open Database 
License, © OpenStreetMap contributors. 
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Figure 57. Wind rose representing the average distribution of wind speeds and directions over the last 
decade (2010–2019) at Barcelona (79 m). Wind rose from Xarxa d’Estacions Meteorològiques 

Automàtiques (XEMA) del Servei Meteorològic de Catalunya (METEOCAT) (Dades meteorològiques de 
la XEMA, last updated 06/09/2022) (Generalitat de Catalunya, Departament de Territori i Sostenibilitat). 
Base map: Produced Work by the OpenStreetMap Foundation using OpenStreetMap data under the Open 
Database License, © OpenStreetMap contributors. 
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Figure 58. Moving average (48 h) of air temperature (top) and relative humidity (bottom) measured every 
30 min during passive air sampling period PAS I. Figure created using data collected with data loggers co-
deployed at each site with the passive samplers. 

 

 
Figure 59. Moving average (48 h) of air temperature (top) and relative humidity (bottom) measured every 
30 min during passive air sampling period PAS II. Figure created using data collected with data loggers co-
deployed at each site with the passive samplers. 
  

-15

-5

5

15

25

T
em

pe
ra

tu
re

 (
 C

)

PAS I

Llebreta Llong Sarradé Dellui Collada

0

20

40

60

80

100

R
el

. H
um

id
it

y 
(%

)

Llebreta Llong Sarradé Dellui Collada

-15

-5

5

15

25

T
em

pe
ra

tu
re

 (
 C

)

PAS II

Llebreta Llong Dellui

0

20

40

60

80

100

R
el

. H
um

id
it

y 
(%

)

Llebreta Llong Dellui



PASSIVE AIR AND WATER SAMPLING IN HIGH-ALTITUDE LAKES 

316 
 

 

 

 
Figure 60. Moving average (48 h) of air temperature (top) and relative humidity (bottom) measured every 
30 min during passive air sampling period PAS III. Figure created using data collected with data loggers 
co-deployed at each site with the passive samplers. 

 

 
Figure 61. Moving average (48 h) of air temperature (top) and relative humidity (bottom) measured every 
30 min during passive air sampling period PAS IV. Figure created using data collected with data loggers 
co-deployed at each site with the passive samplers. 
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Figure 62. Moving average (48 h) of air temperature (top) and relative humidity (bottom) measured every 
30 min during passive air sampling period PAS V. Figure created using data collected with data loggers 
co-deployed at each site with the passive samplers. 
  

-15

-5

5

15

25

T
em

pe
ra

tu
re

 (
 C

)

PAS V

Llebreta Sarradé

0

20

40

60

80

100

R
el

. H
um

id
it

y 
(%

)

Llebreta Sarradé



PASSIVE AIR AND WATER SAMPLING IN HIGH-ALTITUDE LAKES 

318 
 

 

 

 
Figure 63. Daily average air temperature profiles at the studied sites over the five passive air sampling 
periods. Figure created using data collected with data loggers co-deployed at each site with the passive 
samplers and data from Xarxa d’Estacions Meteorològiques Automàtiques (XEMA) del Servei 

Meteorològic de Catalunya (METEOCAT) (Dades meteorològiques de la XEMA, last updated 06/09/2022) 
(Generalitat de Catalunya, Departament de Territori i Sostenibilitat). 
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Figure 64. Trajectory frequency plot (72 h backwards, one trajectory every 6 h from 09/2017 to 08/2018) 
for air trajectories ending at the studied area (top) and cluster trajectory plot (bottom). Calculations 
performed and figures created using NOAA’s HYSPLIT transport and dispersion model (National Oceanic 
and Atmospheric Administration, USA). 
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Figure 65. Trajectory frequency plot (72 h backwards, one trajectory every 6 h from 09/2018 to 08/2019) 
for air trajectories ending at the studied area (top) and cluster trajectory plot (bottom). Calculations 
performed and figures created using NOAA’s HYSPLIT transport and dispersion model (National Oceanic 
and Atmospheric Administration, USA). 
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Figure 66. Trajectory frequency plot (72 h backwards, one trajectory every 6 h from 09/2019 to 08/2020) 
for air trajectories ending at the studied area (top) and cluster trajectory plot (bottom). Calculations 
performed and figures created using NOAA’s HYSPLIT transport and dispersion model (National Oceanic 
and Atmospheric Administration, USA). 
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Figure 67. Backwards (72 h) air trajectories forming each cluster in the cluster trajectory plot from 09/2017 
to 08/2018 for air trajectories ending at the studied area. Calculations performed and figures created using 
NOAA’s HYSPLIT transport and dispersion model (National Oceanic and Atmospheric Administration, 
USA). 
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Figure 68. Backwards (72 h) air trajectories forming each cluster in the cluster trajectory plot from 09/2018 
to 08/2019 for air trajectories ending at the studied area. Calculations performed and figures created using 
NOAA’s HYSPLIT transport and dispersion model (National Oceanic and Atmospheric Administration, 
USA). 
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Figure 69. Backwards (72 h) air trajectories forming each cluster in the cluster trajectory plot from 09/2019 
to 08/2020 for air trajectories ending at the studied area. Calculations performed and figures created using 
NOAA’s HYSPLIT transport and dispersion model (National Oceanic and Atmospheric Administration, 
USA). 
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